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1

1 Introduction

Mark Crane, Martien Janssen, Peter Matthiessen,  
Steve Maund, Graham Merrington, and  
Paul Whitehouse

1.1 B ackground

Chemical standards are widely used to protect the environment and human health 
from substances released by human activity. Generally, standards relate to doses or 
concentrations in the environment for specific chemicals, below which unacceptable 
effects are not expected to occur. Many standards are legally enforceable numeri-
cal limits, such as Environmental Quality Standards for List 1 chemicals in water 
or Annex X and VIII standards under the European Water Framework Directive. 
Others are not mandatory but are contained in guidelines, codes of practice, or sets 
of criteria for deciding individual cases. Some standards are not set by governments 
but carry authority for other reasons, especially the scientific eminence or market 
power of those who set them (e.g., World Health Organization guidelines).

The ways in which Environmental Quality and Human Health Standards are 
derived, and the frameworks within which they are used, differ between countries 
and regions, with standards derived, expressed, monitored, and implemented in dif-
ferent ways. To some extent, this diversity reflects genuine technical differences that 
must be taken into account in the development of standards for different compart-
ments (e.g., water or soil) or for different receptors (e.g., humans, livestock, or flora 
and fauna). However, much standard setting has been developed in a piecemeal fash-
ion with little consistency between schemes in the levels of protection sought, the 
selection of chemicals for which standards may be needed, the methods used to 
derive them, or the methods used to monitor compliance. These differences can lead 
to the implementation of substantially different values from the same empirical data, 
which must mean that their application is either over- or underprotective in at least 
some situations.

The SETAC Technical Workshop on the Derivation and Use of Environmental 
Quality and Human Health Standards for Chemical Substances in Water and Soil 
was held in Faringdon, Oxfordshire, United Kingdom, from October 16 to 19, 2006. 
The workshop addressed the methods by which substances are selected and priori-
tized for standards derivation, the way in which these standards are derived (e.g., EU 
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2	 Environmental and Human Health Standards for Water and Soil

Technical Guidance Document and Water Framework Directive approaches; EU 
member state, North American, and other international approaches) and the way 
in which they are implemented (e.g., mandatory pass or fail; probabilistic, e.g., 95th 
percentiles; or tiered risk assessment frameworks). Soil and water standards were 
considered, as were values for the protection of human health and the natural envi-
ronment. The focus was on European regulatory frameworks, although expert input 
was sought from other jurisdictions internationally. Chemical standards for aquatic 
(water and sediment) and terrestrial (soil and groundwater) systems were the main 
focus for the meeting. This workshop built on, and included some participants from, 
a 1998 SETAC workshop Re-evaluation of the State of the Science for Water-Quality 
Criteria Development (Reiley et al. 2003).

1.2  Workshop Objectives and Topics

The workshop brought together 35 scientists and professionals from 11 countries. 
These individuals had expertise across risk assessment, environmental and health 
sciences, and social science and economics disciplines; they included toxicologists, 
chemists, risk assessors, economists, sociologists, and managers, as well as regulators 
and policy makers. These individuals were selected to provide sectoral (academic, 
government, and private sector), geographical, and gender balance to the workshop.

The proposed objectives and topics of the workshop were as follows:

	 1)	Scientific and risk assessment of aquatic (water and sediments) and terres-
trial (soil and groundwater) data for derivation of standards

	 a.	 How should substances be selected and prioritized for standard setting?
	 b.	 Which biological assessment endpoints should be used for setting standards 

(e.g., community, population, individual, cellular, biomarker, ‘omics, etc.)?
	 c.	 How should data be assessed for reliability and relevance?
	 d.	 How should background or ambient concentrations of substances be 

considered when deriving or using standards?
	 e.	 How can standards be validated or verified, and what should be the role 

of field (e.g., epidemiological) and semifield (e.g., microcosm or meso-
cosm) data?

	 f.	 What environmental and human health risks from substances should 
we protect against and at what level of protection?

	 g.	 How should uncertainty be taken into account when setting standards?
	 h.	 What is the appropriate choice of assessment factors and statistical 

extrapolation models in relation to data quantity and quality?
	 i.	 How should regional, national, and site-specific risks be taken into 

account?
	 j.	 What are the differences in the scientific and risk assessment approaches 

used to derive environmental versus human health standards, and can 
these differences be justified?

	 k.	 What are the differences in the scientific and risk assessment approaches 
used to derive aquatic versus terrestrial standards, and can these differ-
ences be justified?
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Introduction	 3

	 2)	Implementation analysis and assessment of technological options
	 a.	 At what point should implementation analysis be performed, and what 

should be the analysis inputs and outputs?
	 b.	 What techniques should be used for implementation analysis?
	 c.	 What are the most effective implementation strategies?
	 d.	 How should compliance monitoring statistics and practice be defined 

for standards?
	 e.	 At what point should technological options be assessed when deriving 

a standard, and what should be the assessment inputs and outputs?
	 f.	 What assessment techniques should be used to assess technological 

options?
	 g.	 Can standards be used to drive technological innovation?
	 h.	 What are the differences in the implementation analysis and assessment 

of technological options for environmental versus human health stan-
dards, and can these differences be justified?

	 i.	 What are the differences in the implementation analysis and assessment 
of technological options for aquatic versus terrestrial standards, and 
can these differences be justified?

	 3)	Social and economic appraisal of standards
	 a.	 At what point should the costs and benefits of particular standards be 

appraised, and what should be the appraisal inputs and outputs?
	 b.	 When is a cost-effectiveness analysis sufficient?
	 c.	 What techniques should be used in cost-effectiveness and cost-benefit 

analyses?
	 d.	 At what point should the public and direct stakeholders be involved in 

the derivation and use of standards?
	 e.	 What are the advantages and disadvantages of public and stakeholder 

involvement?
	 f.	 What are the best involvement techniques and strategies?
	 g.	 What is the appropriate use of “expert judgment” when deriving or 

using standards?
	 h.	 What are the differences in the socioeconomic analysis of environ-

mental versus human health standards, and can these differences be 
justified?

	 i.	 What are the differences in the socioeconomic analysis of aquatic ver-
sus terrestrial standards, and can these differences be justified?

Workshop participants were assigned to one of four breakout groups:

	 1)	Scientific and risk assessment approaches for derivation of environmen-
tal and human health standards for the aquatic environment (water and 
sediment)

	 2)	Scientific and risk assessment approaches for derivation of environmen-
tal and human health standards for the terrestrial environment (soil and 
groundwater)
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4	 Environmental and Human Health Standards for Water and Soil

	 3)	Technological appraisal and implementation of environmental and human 
health standards for aquatic and terrestrial environments

	 4)	Socioeconomic analysis of environmental and human health standards for 
aquatic and terrestrial environments

The results of the workshop are contained in this monograph. Chapter 2 outlines 
the social and economic frameworks within which standards are derived and used 
and provides a wider context for considering when, where, and how standards should 
be implemented. Chapter 3 continues this theme and explores general issues associ-
ated with implementing any standard. Chapters 4 and 5 consider the detail of deriv-
ing and implementing aquatic and terrestrial standards. Finally, in Chapter 6 we 
draw together the overall conclusions of the workshop and provide recommendations 
on the development and use of standards. We also identify future research that would 
help to underpin the science of environmental and human health standards.

References

Reiley MC, Stubblefield WA, Adams WJ, Di Toro DM, Hodson PV, Erickson RJ, Keating FJ 
Jr. 2003. Re-evaluation of the state of the science for water-quality criteria development. 
Pensacola (FL): SETAC Press.
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2 Setting Environmental 
Standards within a 
Socioeconomic Context

Andrew Farmer, Robert Lee,  
Stefania Loutseti, Kieron Stanley,  
Jacqui Warinton, and Paul Whitehouse

2.1 I ntroduction

This chapter is concerned primarily with the technical activities involved in setting 
environmental standards. However, standard setting is not an entirely technical pur-
suit. Those responsible for recommending new standards are increasingly expected 
to look at the costs of introducing a new standard and to regulate in a way that retains 
public trust. Regulators and scientists must take account of these realities.

Clearly, we must develop standards that are sensitive to the social and economic 
context so that we can be confident that a new standard strikes a sensible balance 
between the environmental benefits that arise from the standard and the costs and 
implications of meeting it.

2.2 S ocial and Economic Context

2.2.1  Economic Analysis

The aim of any regulation can be seen as a way of curing some event of market failure, 
that is, to intervene in the market because it is failing somehow to direct resources to 
their most valued use. The usual consequence of market failure in the case of envi-
ronmental pollution is when social and environmental costs (e.g., degraded water 
resources denying people access to clean drinking water) are not reflected in the 
price of goods on the market. If a polluting industry is allowed to make free use of 
environmental media, to the disadvantage of those dependent on or deriving util-
ity from those media, then the cost of environmental damage is not reflected in 
the goods placed on the market. This is commonly referred to as an “externality.” 
Regulation looks to internalize the cost of environmental damage, for instance by 
recognizing that cost and making the polluter pay. It is important that a balance is 
drawn between the costs of pollution abatement and the improvement in the environ-
ment as a result of abatement activity.
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6	 Environmental and Human Health Standards for Water and Soil

Setting standards at a level that is too strict or lenient may mean that the socially 
optimal level of pollution control is not met. In practice, the investment needed to 
meet the standard could exceed the value of any benefits. Alternatively, proposals for 
such standards may simply be rejected, in which case the effort expended has been 
wasted, and there are no effective controls on the potentially polluting chemical sub-
stance. We therefore need to ensure that the process for deriving standards strikes a 
fair balance between the need to protect the environment and human health without 
imposing excessive burdens on industry, restricting legitimate ways of earning a liv-
ing, or producing unnecessary work for regulatory agencies that have to implement 
the standard.

2.2.2 S ocial Aspects of Standard Setting

We often hear that trust in the decisions about human health and environment made 
by government has rarely been lower, yet public expectations about transparency and 
consultation are growing. The development of environmental standards is no excep-
tion, but levels of public and stakeholder engagement in the process are currently 
low, and even where they take place at all, usually it is only after proposals are well 
developed.

We argue that those involved in standard setting need to respond to these con-
cerns. Specifically, we need to ensure that the process for delivering standards takes 
account of any unintended consequences (e.g., the costs of meeting a standard), and 
that the outcome provides a reasonable balance between environmental protection 
and regulatory costs. Furthermore, the process must be transparent and auditable. 
This means it should be participatory, communicative, and inclusive. If this can be 
achieved, the outcomes are more likely to be trusted by all those who are affected by 
the standards that are eventually introduced.

It is helpful to make clear some principles and assumptions that continue through-
out the rest of this chapter. We first examine the different types of standards that are 
used (typological issues) and their role in environmental regulation. We then outline 
a framework for deriving a new standard that attempts to incorporate social and 
economic factors into our decision making.

2.3  Typological Issues in Understanding Standards

2.3.1 I ntroduction

It is important to recognize that there are different types of standards; Table  2.1 
provides some examples of different terms that have been used. This list does not 
include the technical terms that are sometimes used within that process (such as 
predicted no effect concentration, PNEC), but those that tend to be used in public 
documents.
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Setting Environmental Standards within a Socioeconomic Context	 7

Numerical standards may be further expressed in different ways (e.g., as percen-
tiles, averages, or absolute maxima). These different expressions of a standard are 
dealt with in more detail in this chapter.

2.3.2  Why Does Terminology Matter?

The public largely uses the term “standard” in everyday discourse as an indication 
of what they might be entitled to expect. In contrast, policy makers and regula-
tors require a range of different types of standards in their environmental manage-
ment decision making, allowing regulatory flexibility in the way that the value is to 
be used. Over time, several terms have been developed, including those shown in 
Table 2.1.

It is important, however, to note that the terms used by policy makers (and in 
law) are not consistent. For example, under EU law binding air quality standards 
are termed “limit values.” However, the Integrated Pollution Prevention and Control 
(IPPC) Directive, which regulates industrial pollution, uses the term “environmental 
quality standard” and makes clear that the limit values are environmental quality 
standards. Both technical experts and lawyers, therefore, can use different terms in 
similar contexts. This variation not only can be found between media (e.g., air and 
water standards) but also can occur within a single medium.

Equally, the same term can be used in different contexts. In the United Kingdom, 
air quality standards are adopted by government, but these are not legally binding. 
However, legally binding values referred to as standards can be adopted under EU 
law (e.g., the Dangerous Substances Directive).

Table 2.1
Examples of terms used for “standard”

Terms Comment

Standard Viewed as a number that should be reached. It may or may not be mandatory.

Goal An aspirational objective, usually long-term, guiding action, but not mandatory.

Limit (or limit value) A level that should not be breached. In EU law, a limit value is legally binding.

Guide value A level that should be aimed for, but is not binding.

Indicative value A level that is taken as an indicator of quality but is not binding.

Benchmark Some form of nonbinding value, often to form the basis for comparative 
assessments of environmental status, such as between locations or over time.

Trigger value A value that should lead to further action. This might be a legal obligation or a 
requirement to understand better the risks to wildlife or humans. The action 
could be to provide public information.

Threshold A nonbinding value indicating a change in status.

Criteria Values that can be used to guide further action.
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8	 Environmental and Human Health Standards for Water and Soil

Clearly, this variation in the terminology is a potential problem in public 
engagement. We do not propose to set out new definitions but simply to highlight 
this difficulty in the language used to increase the awareness of those involved in 
standard setting.

2.3.3  Why Are Different Types of Standards Necessary?

2.3.3.1 S tandards for Different Purposes
It is entirely appropriate to have different types of standards, but the consequences 
of using the different types illustrated in Table 2.1 vary. For example, a prescriptive, 
legally binding standard can have limited flexibility and requires potentially costly 
action to be taken if it is breached (in other words, if the level in the environment 
exceeds that stipulated in the standard). Therefore, it is critical that the scientific 
analysis undertaken to develop such a standard is as robust as possible, and in par-
ticular, areas of uncertainty in the process need to be carefully assessed and com-
municated. A standard that is intended as a guide for providing information can take 
into account the same issues as a legally binding standard, but uncertainty could be 
treated in a different way because the implications of passing or failing the standard 
are quite different.

We must be clear about what the standard is meant to do. Each standard must also 
be accompanied by clear statements of how the standard was derived, such as the 
range of factors taken into account (the receptors it is intended to protect and costs of 
compliance) and how uncertainty is treated. This is necessary as it is not unknown 
for standards developed for one purpose to be used in other contexts — sometimes 
inappropriately. Such clarity will help stakeholders decide what a reasonable appli-
cation for a standard is and when a particular application might be inappropriate.

2.3.3.2 S electing the Right Standard for the Job
It is vital also to consider the regulatory framework in which a standard is to be set 
because this largely determines what type of standard is required.

Those seeking to constrain environmental externalities will have a number of 
options at their disposal. At one extreme, goods may be considered safe to circu-
late freely on the market, with no prior approval and with little warning or labeling 
regarding use. On the other hand, substances may be so hazardous that they need 
to be banned from sale on the market. Between these two positions there is a range 
of other environmental management options (Figure 2.1). These options go beyond 
traditional direct regulation to include indirect economic methods, using incentives 
or taxes to change behaviors.

Command-and-control processes are the traditional way in which environmental 
pollution has been regulated. In typical form, this will amount to a license to emit 
a chemical or waste product to the environment but with conditions attached to the 
license that limit the quantity that can be released. Discharge consents to water are 
an example of this type of measure.

However, the environmental objective might best be addressed by seeking to 
change behavior through an advisory standard (e.g., one that acts as an information 
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Setting Environmental Standards within a Socioeconomic Context	 9

source rather than some sort of legally binding limit). But, we might be aware of 
significant behavioral problems with a particular industry sector, indicating that a 
more prescriptive approach is desirable. It might become apparent that there is insuf-
ficient knowledge (environmental, toxicological, economic, etc.) to develop a binding 
standard (even if this is desirable), in which case an alternative type of standard is 
the only feasible option. Such issues would need to be clearly identified early in the 
process because they influence what the final standard can look like.

In comparison to command-and-control standards, those built into taxes or other 
market mechanisms have certain advantages. They allow industry to choose when 
to invest in pollution abatement while providing a longer-term incentive to make 
that investment. The amount of investment will be determined by the levels of the 
tax, but a carefully weighted tax on emissions will provide a framework to ensure 
that spending on abatement does not exceed that which is socially optimal. Because 
market actors determine their response in the light of the incentives, regulatory 
discretion is minimized. On the other hand, command-and-control structures offer 
greater certainty of outcome in terms of a fixed emissions limit for any facility, 
providing the system is well policed. Differentiated standards can respond to local 
conditions (e.g., discharge permits that take account of variations in available dilu-
tion), whereas a tax is likely to apply in a strict manner that is less sensitive to such 
differences in local conditions.

Although we tend to focus on command-and-control systems and economic incen-
tives as the main instruments of regulation, Figure 2.1 shows there is a wide range of 
other contexts in which a standard might be used. What is important is to realize that 
almost all measures taken to abate environmental pollution through regulation will 
require some sort of standard in devising effective regulatory models.

Text Box A explains each of these different approaches to regulation — and the 
role played by standards — in more detail. Our main points are that

It is appropriate to have different types of standards.•	
There are many more ways to set and implement a standard than legally •	
binding limits that are introduced through “direct” regulation. However, 

Self-
regulation Ban 

Site-specific 
permits and 

licenses 

Tax and 
subsidy 

incentives 

Market 
forces 
apply 

Restrictions on 
marketing and 

use 
Information Tradable 

instruments  

HIGH LEVEL OF 
REGULATORY 
INTERVENTION 

LOW LEVEL OF 
REGULATORY
INTERVENTION 
 

Typically ‘command   
and control’

Typically a greater
focus on the market 

Figure 2.1  Possible mechanisms for controlling chemical risks to the environment.
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10	 Environmental and Human Health Standards for Water and Soil

even the “softer” approaches entail the use of a standard that must have a 
sound basis in science.
Knowledge constraints might limit the type of standard in some cases.•	
The basis for a standard needs to be clearly described so that standards are •	
not used inappropriately.
There should be flexibility in the way a standard is applied to reflect the levels •	
of uncertainty associated with the standard and the consequences of failure.

Text Box A: Different Approaches to Environmental 
Regulation — The Role of Standards

Command and Control

Command-and-control processes include licenses to emit a chemical or waste 
product to the environment (e.g., discharge consents to water). However, there 
is flexibility here in the way that a failure to meet the consent condition is han-
dled. Exceeding the consent condition constitutes an administrative or crimi-
nal offense, but persistent offending may lead to withdrawal of the license to 
operate. The precise nature of these mechanisms can vary. On the one hand, 
liability may be strict with no available defense once the illegal discharge is 
proven. Alternatively, there may be a negligence-based standard under which 
either the regulator has to prove absence of care or the polluter has an avail-
able defense to show that, in spite of the excess discharge, reasonable care was 
taken. We might therefore wish to use a less-stringent standard if liability is 
strict, but a more stringent standard if reasonable care affords a good defense.

Over time, regulatory systems have tended to combine emission limits with 
other license requirements set in terms of the pollution control technology 
to be employed by the licensee. An example would be the requirement for 
best available techniques (BATs) in Europe under the IPPC Directive and best 
available technologies in the United States under the Clean Air and Clean 
Water Acts. These systems have built-in technology forcing that seeks to drive 
forward standards by innovation and investment in technology, with potential 
savings for the industry (such as waste reduction) or economic opportunities 
for those providing environmental goods and services.

Command-and-control regulation may simply require some form of tech-
nology to abate environmental impacts, such as wastewater treatment, or it 
may combine this with a level to which the technology must work. Although 
this can be based on an ambient concentration, the standard will usually be 
translated into a limit at the point of discharge, taking account of local site-
specific conditions (e.g., available dilution). We often base our judgment of 
compliance with a permit on sampling and chemical analysis. This introduces 
issues about sampling and analysis errors and the level of confidence we need 
before declaring that a permit has been breached. This important technical 
aspect is dealt with in Chapter 3.
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Setting Environmental Standards within a Socioeconomic Context	 11

2.4  Framework for Deriving a New Standard

The preceding discussion explained that standard setting needs to take into account 
a variety of technical, economic, policy, legal, and social factors. Furthermore, there 
can be a good deal of flexibility in the way a standard may be used. We argue that 

Finally, standards may be applied in this way across an industrial sector (uni-
form emission limits) or may be differentiated with different burdens reflecting 
different levels of risk to the environment or different prospects of abatement.

Incentives for Changing Behaviors

In recent years, there has been some move away from command-and-con-
trol systems toward incentives like those illustrated in Figure 2.1. Charges 
imposed on the polluter would be one example. Classically, private law 
might do this by awarding damages against an operator that has caused envi-
ronmental damage. Although this creates some difficulty in relation to the 
unowned environment (since law tends to compensate those with an interest 
in land), both the United States and the European Union have developed 
liability systems to internalize costs resulting from environmental damage. 
Such awards are after the event, however, and we may wish to ensure some 
form of ex ante incentive to prevent damage at the source.

One of the measures shown in Figure 2.1 is an environmental tax. For exam-
ple, if we decide that pesticide use is causing diffuse pollution to groundwater, 
then we might tax the purchase of pesticides in an attempt to encourage man-
agement practices with lower pesticide use. Setting of the tax level is vitally 
important; a farmer might be expected to reduce harm caused by pesticides 
until the point at which the costs of alternative production begin to outweigh 
the tax. Under these circumstances, we might choose to subsidize rather than 
tax (i.e., to pay those farmers who forgo pesticide use where environmental 
improvement would result). All such price mechanisms will incorporate some 
consideration of environmental quality standards because an acceptable level 
is implied, even if we do not go out to measure compliance. Effectively, we are 
treating the standard as a design target.

A rather more subtle instrument might be a tradable allowance, a mecha-
nism that harnesses the allocation of rights to pollute described under com-
mand-and-control systems. If an industry is permitted to discharge into the 
environment up to an assigned level but actually discharges below that limit, 
then it is allowed to trade the excess capacity with those operators likely to 
exceed their limits. This type of mechanism has been employed in Europe as 
the favored route to curbing greenhouse gases. Again, environmental stan-
dards are necessary because they form the basis of trading. They need to be set 
in such a way that the total allowance is environmentally beneficial (curbing 
greenhouse gases) while providing sufficient incentives in the system (in terms 
of the value of the tradable instruments) to encourage active trading.
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12	 Environmental and Human Health Standards for Water and Soil

an effective approach to standard setting needs to address these issues before we 
embark on a scientific analysis of the data. For this purpose, a framework is helpful 
to guide the activities that are needed and the sequence in which they are handled.

Our proposed framework (Figure  2.2) draws on the recommendations of the 
Royal Commission on Environmental Pollution (RCEP) in their 21st report (1998) 
but attempts to take this further by offering practical steps to take forward the princi-
ples highlighted by the RCEP. For the purposes of this review, we focus on numerical 
standards that describe concentrations, loads, or doses of chemicals in the ambient 
environment. We also highlight where costs and benefits should be considered and 
opportunities for useful interaction with stakeholders and the general public. Details 
of the technical activities that would be undertaken in deriving and implementing the 
standard are covered in other sections of this chapter.

Although we do not advocate a strictly linear approach, it is most easily com-
municated through a series of steps, each comprising simple checklists that the risk 
assessor and manager might usefully adopt.

2.4.1 P roblem Formulation

Like most complex technical activities, a clear understanding of the problem that 
needs to be addressed will shape the work that follows and reduce the risk of 
wasted effort. We cannot assume that the problem formulation for a standard is 
self-explanatory. For example, which chemicals are priorities for standard develop-
ment? What are the regulatory or social drivers that require us to reduce risks to the 
environment? Is a new standard actually the best way of achieving our environmen-
tal goals? Are there any legal or political constraints on the approach (e.g., those 
illustrated in Figure 2.1) we can adopt? Does past experience lead us to favor one 
approach over another?

DEVELOPING THE SPECIFICATION

PROBLEM FORMULATION

DERIVING THE STANDARD

IMPLEMENTING THE STANDARD

Figure 2.2  Key steps in the development of an environmental standard.
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Setting Environmental Standards within a Socioeconomic Context	 13

Problem formulation will logically continue into the specification stage. The 
specification makes operational the issues identified in the problem formulation; 
whereas problem formulation sets out “what” needs to be done, the specification sets 
out “how” this is to be achieved.

2.4.1.1  Why Is a Standard Needed?
By identifying the drivers for a new standard, the rationale for the work can be more 
readily communicated to those who might be affected. Table 2.2 sets out examples 
of possible drivers behind the “need” for a standard.

Once the key drivers have been identified, it is helpful to consider what, if any-
thing, would change if we did nothing before scoping the specification for a stan-
dard. This is in effect a zero-based review in which the need for a standard is set 
against the possibility of taking no action at all. If it is clear that some risk reduction 
is necessary, this does not necessarily mean that we must develop a standard, but 
it reinforces the argument for taking some sort of action. If there is a clear legal 
requirement to set a standard, then this step would be obvious.

2.4.1.2  Who Needs to Be Involved?
The aim of this stage is to identify who can help with, or might be affected by, a 
new standard. We must also identify people with the appropriate skills to develop 
and deliver the standard. This step is important in helping promote transparency in 
the process. If trust can be cultivated at this early stage, it is also more likely to help 
unlock sources of data that might otherwise be withheld.

We would expect that the key stakeholders are given the opportunity for engage-
ment throughout the process, up to the time a standard is implemented. However, 
the level of effort expended should reflect the importance of the standard. For sub-
stances of only local or minor concern, it could be as simple as defining potential 

Table 2.2
Possible drivers for setting a standard
Major incident/accident Incidents involving substances with the potential for unexpected 

adverse effects or response to accidents involving such substances

Implementation outcome Often the legacy of existing standards, such as previous time-limited 
standards or introduction of standards for new areas

Regulatory/statutory trigger National or international law requiring a new standard to be set

International conventions International law (treaty obligations) requiring compliance with 
standards, such as OSPAR (Oslo and Paris Commissions)

Emerging risks Possible changes in chemical use, or new chemicals found, that 
suggest a risk to health or the environment that requires control

Political pressure/public concern Presence of a chemical in the environment no longer socially 
acceptable even if it is not known that it will have adverse effects

Third-sector pressure Lobbying from nongovernmental organizations, think tanks, and 
charities
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14	 Environmental and Human Health Standards for Water and Soil

work packages with locally based colleagues. For substances that occur widely, 
would affect many industrial activities, or are known to be hazardous, we may 
need to prepare for public and industry engagement. Text Box B gives an example 
of good practice in public engagement. Identification of stakeholders is a use-
ful starting point. Some standard-setting bodies have existing guidelines on par-
ticipation (e.g., UNESCO [United Nations Educational, Scientific, and Cultural 
Organization]), and for statutory activities, guidelines on consultation may already 
exist.

Typical stakeholders might include

The policy or business user of the standard•	
Technical specialists (e.g., toxicologists and epidemiologists)•	
Social and economic researchers•	
Holders of data in industry or industry organizations (e.g., on toxicity or •	
chemical monitoring in the environment)
Statutory consultees who must legally be included•	

Text Box B: Good Practice in Public 
Engagement — The Federal Advisory 
Committee Act in the United States

Background to FACA

In 1972, the Federal Advisory Committee Act (FACA; Public Law 92-463, 5 
U.S.C., App.) was passed by Congress. Its purpose was to ensure that advice 
given to government by the “various advisory committees, task forces, boards, 
and commissions formed over the years by Congress and the president, be both 
objective and accessible to the public.”

In 1996, the US Environmental Protection Agency (USEPA) set up a federal 
advisory committee composed of members with interests ranging from the 
environmental and agricultural communities to state and local governments. 
The committee’s objective was to recommend ways to improve the effective-
ness and efficiency of state, territorial, tribal, and USEPA total maximum daily 
load (TMDL*) programs.

The committee’s report was issued in July 1998 (USEPA 1998). It contains 
recommendations based on broad agreements reached by the members of the 
federal advisory committee.

Key recommendations are as follows:

Restoring impaired waters must be a high priority.•	
Implementing TMDLs is key to a program’s success.•	

*	 TMDL: a calculation of the maximum amount of a pollutant that a water body can receive and 
still meet water quality standards and an allocation of that amount to the pollutant’s sources.
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Setting Environmental Standards within a Socioeconomic Context	 15

2.4.1.3 C onstraints
Experience shows that a program of standard setting is almost always subject to 
some sort of constraint. If constraints are identified at the outset, then time and 
money are not wasted on formulating proposals that could never be implemented. 
Such constraints might include

Resources available.•	
Legal constraints.•	
Scale•	 , as in the case of air standards requiring coordination across borders 
(global, regional, or local).
Timetable•	 . There may be a legally imposed timetable for introduction of new 
standards that could limit the amount of analysis that can be undertaken.
Methodology•	 . Some statutory regimes stipulate the method that must be 
used to derive new standards.
Unwillingness•	  by some partners to participate (e.g., in providing data).
Data applicability and availability•	 . There may be a need to collect further 
data, or gather nonexpert evidence. For example, the limited transferability 
of data between freshwaters and marine waters could be a constraint. There 
is a need to ensure that all data are fit for the intended purpose.
Legacy of assumptions•	 . There may be relevant existing standards, but they 
may include scientific and nonscientific assumptions that need to be revised 
in the light of new understanding.
Permissible typologies•	 . There needs to be a clear view on what types of stan-
dard are permissible, especially whether the standard should be expressed 
as a legally enforceable limit, a trigger for action, or an aspirational target. 
This will often depend on the regulatory regime in which the standard is 
to be used.
Expectations of the regulated community•	 . What will people expect from 
the standard and access to the decision-making and knowledge-gather-
ing processes?

As we will explain, it may be prudent to consider different options for a stan-
dard for the same substance, or even different typologies. This can help assign the 

Communications with the public are critical.•	
Stakeholder involvement is key to successful implementation.•	
The government’s capacity to evaluate TMDLs must be strengthened.•	
An iterative approach to TMDL development and implementation is •	
the best way to make progress in uncertain situations.

The proposed regulatory changes were published in the Federal Register for 
public review and comment before the legislation was agreed.
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16	 Environmental and Human Health Standards for Water and Soil

uncertainties involved in deriving the standard to the environment or producer or 
to share them. In other words, we can adopt a precautionary interpretation of the 
available data and give the benefit of doubt to the environment. Alternatively, a less-
precautionary interpretation would accord the benefit of doubt to those emitting the 
chemical. Economic efficiency might dictate that we need some flexibility in the 
level of environmental protection afforded by the standard. For example, a high level 
of protection might be disproportionately expensive to achieve. In this case, a range 
of options can be helpful so that we can assess the environmental protection afforded 
by each option against the costs of achieving it. If such flexibility is permissible, it 
must be highlighted at this stage because it will place extra demands on the scientists 
analyzing the data. If flexibility is introduced later, it will understandably appear to 
be a change based on expediency, and the standard could be subjected to understand-
able criticism or even lose credibility entirely.

Although we do not anticipate wide engagement with nonexperts on every stan-
dard, there are some issues for which policy makers might want better understanding 
of public values about what they expect from the environment, for example, on the 
level of environmental protection afforded by chemical regulation. Manufacturers 
may have valuable knowledge of how substances are used in practice or about com-
plaints concerning exposure to these substances. Approaches to capture nonexpert 
knowledge can be done in a variety of ways and need not necessarily include expen-
sive techniques such as citizens’ juries or facilitated events. Simple events, such as 
workshops where groups can be invited and given an opportunity to discuss the 
implications of a standard, are a means of avoiding confrontation while gathering 
potentially valuable insights from a broad spectrum of potentially affected com-
munities. Informal discussions with specific communities of interest can also be a 
cost-effective way of anticipating concerns.

In addition, guide or indicative values might very well be used to open broader 
public scrutiny and examine in more detail regional variations without burdening 
the standards regime with the full economic costs of communicating and consulting 
widely on binding standards. This would be made easier if forums have already been 
put in place to engage with the public.

2.4.1.4 S ocial and Economic Questions
Sometimes there are minimum requirements on those charged with setting stan-
dards to consult and assess the geographic dimensions of the standard. A standard 
could benefit or disadvantage specific communities with particular economic inter-
ests (e.g., fishing communities). Those involved in standard setting will need to be 
sensitive to these concerns as well as public values and to consider whether these 
might affect the standard-setting process or the way the standard is implemented. 
The expected level of consultation is usefully logged in the problem formulation 
stage but should be updated before the specification is finalized.

The full economic costs of upstream engagement and its value to the standard-
setting process can be difficult to quantify. However, the staggering costs incurred 
by the UK government in introducing genetically modified organism (GMO) field 
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Setting Environmental Standards within a Socioeconomic Context	 17

trial, highlight the opportunity costs (costs incurred due to the failure to act) of not 
conducting adequate upstream and downstream engagement.

The problem formulation step should therefore consider which steps are needed 
to sustain an equitable and open process and to make appropriate provision for this. 
This stakeholder analysis would normally include two aspects:

	 1)	What types of engagement can be considered? Surveys, focus groups and 
citizens’ juries are all well-established methods for engaging with stake-
holders (Wilsdon et al. 2005). However, we must ensure that the costs are 
proportionate to the problem. Workshops and visits to key stakeholders may 
be more appropriate in some circumstances.

	 2)	Should public values influence levels of spending and control? There is little 
point in gathering stakeholder opinion if these opinions will not inform the 
specification in any way or the levels of activity in developing a standard. 
Moreover, the development of a specification may critically depend on the 
activities of stakeholders (such as in providing data to develop the standard) 
or understanding who is responsible for enforcement. Clarification on these 
points will prevent problems later in the process.

2.4.1.5 S takeholder Analyses
It is helpful to understand whether stakeholders represent “communities of interest” 
or “communities of place.” A community of interest may be a body of individuals, 
institutions, industries, and so on with an interest in an issue (e.g., charities devoted 
to clean air or anglers lobbying for clean water). A community of place will be a 
community or set of communities inhabiting an area that will be affected by a par-
ticular standard (e.g., a riparian community).

Both of these groups have much to contribute to the process but from different 
perspectives. Again, the opportunity costs of not engaging as widely as possible 
might include spiraling economic costs associated with poor implementation of a 
standard. They might also lead to differences in the success with which a standard is 
implemented between locations.

We argue that an economic appraisal should form a key part of the development 
of a standard, on a par with technical assessments of toxicological and environmen-
tal data. Achieving a balance between these aspects is most readily addressed by 
early engagement to gauge the appetite for being included and to facilitate engage-
ment. The level of such engagement is likely to be higher when there is more at stake, 
such as when the standard is to be a statutory measure applied widely across many 
activities, affecting many people or businesses. When problem formulation indicates 
that an aspirational or trigger value is appropriate, a much lower level of engagement 
with communities of interest or place — and possibly none — may be appropriate.

2.4.1.6 C heck Rejection Criteria
A check on rejection criteria avoids developing a standard that is not fit for pur-
pose, and includes a reasoned assessment of the costs relative to the benefits of the 
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18	 Environmental and Human Health Standards for Water and Soil

proposed standard. Although this will be a preliminary assessment, it will be impor-
tant in helping focus attention on those aspects that could prevent a workable stan-
dard from being developed.

In short, stakeholders (especially policy makers) must agree with the following:

There is a need for a standard.•	
The technical ability exists to deliver it and monitor it in a fit-for-pur-•	
pose manner.
There are no insurmountable constraints.•	
The stakeholders have been identified.•	
There is a mandate agreed from which the process can begin.•	

If these criteria cannot be met, it will be necessary to return to earlier steps in the 
problem formulation process.

2.4.2 D eveloping a Specification

Developing the specification is a critical part of the standard-setting process. It fol-
lows logically from the problem formulation stage. The specification makes the fol-
lowing clear:

The preferred type of standard (including any types that are not acceptable)•	
Advice on implementation criteria (in the case of a standard that will be •	
subject to compliance assessment)
How the standard should be expressed•	
The geographical scope (where it will apply)•	
The technical methodology, legal context, and nature of socioeconomic •	
assessments needed

Preparing and implementing a “stakeholder engagement plan” may help achieve 
more comprehensive engagement, especially if we can expect a lot of sensitivity 
about a new standard. Consideration might be given to ways of publicizing the inten-
tion to develop a standard and how the specification was derived. Any conflicts 
between stakeholders should be addressed through communication in a fair and 
transparent manner.

A draft should be made available to stakeholders who might reasonably expect 
to be consulted or their advice sought (e.g., on basic assumptions, data, risks and 
frequency of exposure, and ways in which key uncertainties might be reduced). For 
example, industry may have access to toxicity or higher-tier biological data that can 
reduce an important area of uncertainty (and thereby allow a smaller assessment 
factor to be used or even permit a different extrapolation approach). This makes the 
standard-setting process more participatory, more interactive, and less likely to be 
challenged later. It can make the process slower, at least at the beginning, but if data 
become available through these interactions, we may avoid the need to revisit aspects 
of the standard-setting process later. The development of a standard may well be 
an iterative process, revisiting the specification, development, and implementation 
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Setting Environmental Standards within a Socioeconomic Context	 19

stages if new constraints become apparent (e.g., scientific data are lacking) or the 
economic implications are different from what was anticipated.

The following steps describe the key elements for a specification.

2.4.2.1 S cope
The scope of the standard must be documented. To do this effectively, it is important 
that all parties involved should be clear about the aims of the proposed standard. 
In addition, clear definitions (e.g., Table 2.1) are important to avoid ambiguity and 
to ensure that there is shared understanding of the objective. It will be necessary to 
define any activities or situations that should be specifically excluded from the stan-
dard and to provide guidance on when the standard would be applied. Documenting 
reasons for including or excluding some situations will be useful when decisions 
need to be communicated or justified. Where the standard is required to meet legal 
obligations, there may be no flexibility.

2.4.2.2  Form of the Standard
Standards may be expressed in a number of forms (e.g., as concentration, mass, or 
load/unit area). The specification must be explicit but should identify options where 
there is genuine flexibility. The use of the standard will dictate whether it can be 
expressed as an absolute limit or some sort of time-weighted percentile.

Vitally, policy makers need to consider the implementation of the standard at this 
early stage, in particular the degree of flexibility in the way it may be expressed and 
implemented. Chapter 3 deals with implementation issues in detail, but standards 
can fail to be implemented because these factors were not addressed early enough 
in the process.

For a standard that is to be used within a formal compliance assessment regime, 
we must obviously define the limit value (the “magnitude”) of the standard. However, 
the scientific analysis will also need to address four other criteria that are needed for 
a defensible standard. These are dealt with in detail in Chapter 3; in summary, these 
are as follows:

Summary statistic (e.g., met for 95% of time): frequency•	
Period of time for calculation (e.g., a calendar year): duration•	
Definition of design risk (acceptable degree of failure, e.g., 1 year in 20)•	
Statistical confidence in demonstration of compliance (e.g., 95% confidence •	
that failure occurs for more than 5% of the time)

Decisions about each of these criteria are determined by 1) the substance and its pat-
tern of use and 2) by the degree of rigor with which we want to apply the standard:

	 1)	The expression of a standard will depend on the use of a substance and its 
underlying distribution of occurrence in the environment. For example, a 
standard expressed as the average concentration over a year may be entirely 
appropriate for a contaminant that occurs widely and throughout the year, 
while a high percentile may be a more sensible approach when the chemi-
cal occurs only sporadically and for short periods. Many pesticides would 
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20	 Environmental and Human Health Standards for Water and Soil

fall into this latter category (e.g., contamination by spray drift from a short-
lived but potent insecticide). For such chemicals, consideration of the per-
missible return period might be an important criterion.

	 2)	Normally, regulators adopt a default value of 95% confidence that the stan-
dard has been breached for mandatory standards. However, there are cir-
cumstances under which this might be changed. The level of confidence 
(i.e., the burden of proof) could be lower (e.g., 90% or even 50%) if we 
are seriously concerned about the presence of a particular contaminant or 
if there is a good reason to adopt a particularly cautious approach (e.g., a 
release to a designated nature reserve). Conversely, we might be prepared 
to take action only if we were very confident that the standard had been 
exceeded. This might apply if there is high uncertainty in the derivation 
of the standard (such as a lack of data for certain taxonomic groups), it is 
very costly to take remedial action, it is only an “interim” standard, or the 
standard applies to emissions to a heavily degraded environment.

There are other ways in which we might introduce flexibility in the way the stan-
dard is implemented. One is to allow a transitional period during which a discharger 
should work toward achieving the standard but need not comply. This might be done 
by delaying the onset of the regulation to allow investment in process technology or 
investigation of options for mitigation. Alternatively, we might change the status of a 
standard to an “advisory” limit or guideline, perhaps with advice on best practice to 
users and dischargers about how it might be achieved but then moving to a manda-
tory compliance limit over time. Of course, a final option is to retain its mandatory 
status but to relax the limit value to one that can be achieved without excessive costs. 
However, we must be aware that such an approach could compromise health or envi-
ronmental protection, at least in the short term. There are many instances of staging 
targets, for example, to increase the conservation status of sites of special scientific 
interest by increasing the percentage that can meet this target over time.

Our point is that there are various ways in which flexibility in the rigor of a stan-
dard may be introduced, and it is vital that these are recognized at the outset. Just 
how much flexibility is allowable and how that may be introduced are policy deci-
sions. The specification should be as explicit as possible about this. In practice, the 
scientific analysis will influence what options are permissible, but we must at least 
guide the direction and scope of the scientific analysis.

2.4.2.3 M onitoring
Where a standard is to be subjected to monitoring, the specification would normally 
highlight certain operating conditions that will need to be satisfied. They include

Reference conditions:•	  These are physical or chemical parameters that need 
to be assessed in conjunction with the analysis for standard compliance 
(e.g., temperature, pH, organic carbon content for soil or dissolved organic 
carbon, and total suspended solids for surface water) (depending on which 
factors influence chemical behavior and toxicity).
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Setting Environmental Standards within a Socioeconomic Context	 21

Analytical sensitivity:•	  Analytical methods need to be adequate so that com-
pliance with the standard can be quantified. The specification should not 
detail the method, but it needs to raise the expectation that a description of 
the analytical method and its performance characteristics (limit of detec-
tion ideally better than 5 to 10 times below the lowest regulatory level and 
maximum precision and bias targets at the regulatory limit) will form part 
of the standard. Data quality requirements are also important to ensure that 
reliable conclusions may be drawn from analytical measurements (e.g., the 
total error of measurement should not exceed a certain percentage at a given 
level of sensitivity, such as 30% of the value of the standard). For empiri-
cal methods such as leaching tests or assessing bioavailability of a given 
parameter, for which the method defines the result, a prescribed method 
should be cited.

	   Several methods may be available for a particular analyte. Limiting these 
to a few options may help achieve consistency, particularly over a larger 
region, and contribute to accuracy, reliability, and, thereby, fairness. The 
options for monitoring should be as wide as possible as long as they can 
deliver a sufficient level of accuracy and precision. This will allow leading-
edge technology to be used as soon as it becomes available and not 3 to 10 
years later when the relevant international standard incorporating this new 
technology becomes available.
Sampling for compliance assessment:•	  As explained, the form and expres-
sion of the standard (e.g., annual average, 95th percentile) will largely dic-
tate the sampling regime that is required. The specification should draw 
attention to the need for guidance on sampling frequency, the need for spot 
or composite samples, and any pretreatment of samples (e.g., filtration or 
stabilization) prior to analysis. The importance of employing suitable sam-
pling and sample preservation techniques must be stressed.

2.4.2.4 C onsideration of Costs and Benefits
A rigorous assessment of the costs and benefits of setting a standard will be neces-
sary for standards that are to be legally binding and could have serious cost implica-
tions. However, standards that are advisory or provisional will require less detailed 
social and economic analysis. There is certainly more leeway in examining the costs 
to industry of complying with a standard that it is not obliged to meet.

Therefore, the specification should identify how the costs and benefits of a stan-
dard are to be assessed and the approach to be used. At its most basic level, it will 
include an appraisal of the extent of failure for a particular standard and an approxi-
mation of the financial cost of reducing that failure. Clearly, contamination by some 
chemicals will be more difficult and costly to mitigate than others.

There are two main approaches to informing decisions that take account of eco-
nomic factors. One is cost benefit assessment (CBA) and the other is multicriteria 
decision analysis (MCDA). It is not the purpose of this document to provide detailed 
guidance about these techniques, but we offer some comments in the context of 
standard setting (Text Box C). For a more detailed appreciation of CBA, refer to 
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22	 Environmental and Human Health Standards for Water and Soil

The Green Book: Appraisal and Evaluation in Central Government (2003); and for 
MCDA, to Dodgson et al. (2000).

2.4.3 D eriving a Standard

The technical aspects of developing a standard are covered in Chapters 4 and 5. Our 
aim is to generate a standard that provides a considered balance between the benefits 
of using the standard and the costs of achieving it. We argue that a scientifically 
robust standard that cannot be implemented is as ineffective as a standard that is 
scientifically flawed. It is also important that we are able to justify our decisions, and 
this will be aided by open and transparent deliberations.

Text Box C: MCDA or CBA?

Multicriteria decision analysis helps individuals make a decision (in our case, 
an environmental standard) from a series of options. Essentially, it considers 
criteria that will be important to a decision (which might be environmental 
protection, costs of compliance, impacts on particular livelihoods), uses value-
scaling techniques to assign weights to each of the criteria according to their 
importance, and takes account of the likelihood of each one occurring. CBA, 
on the other hand, is invariably concerned with economics, facilitating a deci-
sion that takes account of the combined costs and benefits of a possible option 
to all parties. Although both have an important role in decision analysis, there 
are also some important differences.

In the context of standard setting, MCDA seems to be a more appealing 
approach than CBA. This is because

	 1)	MCDA allows a wider range of noneconomic factors (e.g., species 
diversity, difficulties in sampling or analysis, public values about the 
environment, impacts on different industry sectors) to be explicitly 
factored in rather than simply “considered,” as they are in CBA.

	 2)	The health or environmental benefits (e.g., reduced incidence of dis-
ease, protection of particular species, or biological diversity) do not 
need to be monetized.

	 3)	It is possible to terminate an MCDA early; we can use it simply to 
place options before us in an unbiased way, leaving the final decision 
to policy makers (thus it operates as a multicriteria analysis, MCA).

	 4)	The value functions and criteria weightings used in MCDA can be 
solicited from different stakeholders in an open and transparent way. 
The conversion of a performance measure to a monetary value in CBA 
can be rather opaque.

However, CBA may be suitable if the protection goal concerns an economi-
cally important entity, such as Atlantic salmon populations or forestry products.
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2.4.3.1 I ntegrating Scientific, Social, and Economic Factors
If the consequences of setting a standard will have important environmental, eco-
nomic, or social consequences, we envisage an approach in which a social and eco-
nomic analysis forms part of the overall decision in conjunction with the scientific 
analysis. The two activities come together in an MCDA that seeks to integrate all the 
factors that will deliver the required level of environmental protection at an accept-
able economic and social cost. If that cost can be defined during problem formula-
tion, this will greatly facilitate the process because it puts limits on what is, and is 
not, permissible.

In its early stages, the process might show that a particular standard simply can-
not be achieved, for example, because there are too few data, it is too expensive to 
implement or monitor, or it becomes clear that a certain typology is likely to be inef-
fective. This could force a return to the initial specification for the standard.

Assuming we are able to proceed, we need to understand the following:

	 1)	The relationship between the magnitude of a standard and biological 
impact

	 2)	The relationship between other implementation aspects of a standard 
(e.g., acceptable degree of failure and statistical confidence in demonstra-
tion of compliance) and biological impact

	 3)	The cost of mitigating exposure, including an understanding of who bears 
those costs (e.g., particular industry sectors, households, or regulatory 
agencies)

	 4)	Other unintended consequences (e.g., added complexities in sampling and 
analysis)

By combining this information in an MCDA we can estimate the cost and other 
implications of achieving different levels of environmental protection and balance 
these in coming to a final decision (Figure 2.3). The value of effective stakeholder 
engagement becomes apparent here, especially if controls on a substance are likely 
to be borne more heavily by some sectors than others. An example might be hill 
farmers, whose use of chemicals to control external parasites in sheep is important 
to their livelihoods. These groups are likely to ascribe different weightings to the 
costs of mitigating exposure than others. In this case, there might also be an animal 
welfare criterion informing the final decision.

2.4.3.2 U nderstanding the Relationship between Exposure and Effects
A key element in decision making will be to understand the relationship between the 
level of chemical exposure and the consequent risks to health or the environment. 
There are two main ways in which we can understand this relationship: through 
the species sensitivity distribution (SSD) or the dose–response curve. The SSD is 
perhaps the more useful for environmental assessment because it integrates all spe-
cies, whereas the dose response describes the cause–effect relationship for only one 
species. Nevertheless, the dose–response relationship could be a valuable tool for 
environmental assessment when the species described is either particularly sensitive, 
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24	 Environmental and Human Health Standards for Water and Soil

of economic value (e.g., a prized game fish), or is highly valued for some other 
(e.g., conservation) reason. In MCDA, this would be a critical input in informing the 
relationship between mitigation options and the consequent environmental benefits.

Also, MCDA allows the costs and practicality of meeting a standard to be accom-
modated in the final decision. This can be achieved by identifying the technological 
options for mitigating exposure, each of which would be associated with a different 
standard. They could include not only a “do nothing” option but also the application 
of different technologies or assumptions about the benefits that would follow from 
adopting “best practice” in some or all industry sectors. This may require stakeholder 
input to help focus attention on the most feasible abatement options. A preliminary 
analysis may usefully be shared with stakeholders so that they have an opportunity 
to comment and provide further information (e.g., to refine assumptions or prompt 
data collection to reduce uncertainty).

If data permit, it would be helpful to estimate margins of safety associated with 
different courses of action. Using MCDA, we could then compare the impacts asso-
ciated with the estimated exposure that result from adopting a particular abatement 
technology with other abatement options or even no abatement at all. This allows 
policy decisions to be made in an informed manner. There are examples of this in 
areas such as fish stock preservation, and although it might be necessary to accept 
that political or economic considerations will ultimately determine standards, at the 
very least decisions are made in an informed and transparent manner. If contami-
nant concentrations are likely to give rise to serious impacts even after introducing a 
range of abatement steps, we might need to revisit the policy goal and specification.

OBJECTIVE 

CRITERIA 

OPTIONS 
(examples 

only)

PROPOSED ENVIRONMENTAL STANDARD

IMPLEMENTATION COSTSLEGAL BENEFITS

Risk of 
legal

challenge

Chemical analytical
capabilities

Abatement Monitoring

Biodiversity
Environmental

services 

4. Do not set
a standard

3. Set standard at
lower 5%ile of SSD,
50% confidence of

failure

1. Set  standard
at natural

background

2. Set standard at
lower 5%ile of

SSD, 95%
confidence of

failure

Figure 2.3  Multicriteria decision analysis for assessing options for an environmental 
standard.
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Setting Environmental Standards within a Socioeconomic Context	 25

The analysis need not be confined to the estimation of a standard that uses con-
ventional methods of extrapolation (e.g., default assessment factors). It might use-
fully be accompanied by an analysis of the consequences of exceeding a particular 
standard. If a standard is proposed that sits within the range of available toxicologi-
cal or ecotoxicological data or close to the lower limit of experimental data, then we 
should try to predict what impact an exceedance will have (e.g., excess cancer risk, 
proportion of species affected, or number of individuals affected).

As well as costs of compliance, there may also be economic “benefits” to the 
business of environmental improvement. For example, removal of contaminants 
at source from a relatively small volume of effluent saves water companies money 
because they do not have to invest in removing them from very much larger volumes 
of drinking water. Similarly, tourism benefits from a cleaner environment (e.g., com-
pliance with bathing water standards, restoration of angling fisheries, or promotion 
of water sports). There may also be important health benefits that can be monetized, 
such as changes in deaths brought forward or working days lost. As far as possible, 
these also should be estimated and allowed for in the MCDA.

For ecosystems, there is a concept of “environmental services” (e.g., soil func-
tion). Soil conservation provides a range of obvious benefits, including the preserva-
tion of land use and fertility, supporting the production of fibers, food, or biofuels. 
These services have widened over time to encapsulate benefits of carbon sequestra-
tion or biodiversity protection. It is relatively easy to place values on the productive 
capacity in the former examples. It is somewhat harder to find the value of the latter 
uses, but as the Stern report (Stern 2006) illustrated, it is by no means impossible to 
calculate the value of, say, an upland peat bog.

There are sometimes genuinely different interpretations of the same data (e.g., the 
significance of a particular biological effect or the impact that pH has on the toxicity 
of a substance). An added virtue of the MCDA approach, especially if it can be done 
collectively, is that all criteria enter the evaluation, which should help build some 
degree of consensus among those holding different views. Nevertheless, it might be 
necessary to recognize genuine differences in interpretation and permit a range of 
values to emerge from the process rather than a single value. If there are insurmount-
able differences between the values, we cannot recommend a legally binding stan-
dard and must instead default to something such as an advisory goal, or a stepwise 
approach, moving to more stringent conditions over time.

2.4.4 I mplementation of Standards

Unless a standard is actually implemented, its development would remain a purely 
academic exercise. The final step in the proposed framework deals with implementa-
tion of standards. However, different types of standards have very different imple-
mentation requirements, ranging from comprehensive sampling and compliance 
assessment schemes within some sort of legal regime to the agreement of text for a 
warning label.

For a legally binding standard, implementation is relatively clear (as long as the 
standard itself is clear). Monitoring of a medium to which the standard applies will 
indicate whether implementation has, or has not, been achieved. Similarly, if there 
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26	 Environmental and Human Health Standards for Water and Soil

are guide or indicative values, implementation can be assessed in the same way, 
although there may be no obligation to achieve those values (e.g., one might sim-
ply report against them). If standards are advisory, then implementation issues may 
become less stringent, but monitoring remains important.

A first critical issue in examining implementation is to ensure that a standard is 
clear. The numerical values must be expressed in terms that are understood (mag-
nitude, period, etc.) and cover all the criteria outlined, even if this is only to explain 
that they are not relevant in a particular situation. The standard should also seek to 
be consistent with others that are in use (as far as is possible), so that a new standard 
is an extension of already accepted decision-making processes. Implementation also 
requires a standard to be practicable. If a standard limit value is set below background 
(natural concentrations), it is clearly impractical. If a standard is set but too little time 
is given to manage discharges of the pollutant, then this might also be impractical.

2.4.4.1 M eeting a Standard
For the purposes of this discussion, it is assumed that to meet a standard (in any 
medium) regulators would impose controls on activities (e.g., discharges to water) 
of the substance that could lead to a breach of that standard. These controls might 
limit an activity (e.g., application of nitrogen to land), a process (e.g., a limit on the 
concentration or mass of a substance that may be emitted), or a requirement to utilize 
proven abatement technology. Discharge limits will usually be based on a generic 
limit value, so they share a number of similar elements to standards (e.g., they should 
state magnitude, period of application, etc.). Some might view an emission limit 
value as a “standard” (indeed, it is a type of performance standard), and the pub-
lic often conflate discharge and environmental quality standards when asking what 
standards “apply” to an industrial activity. Our point here is that standards that apply 
in the receiving environment are often translated into site-specific permits; compli-
ance may be assessed against these as well as, or instead of, the standard applied to 
the receiving environment.

2.4.4.2 A llowing Flexibility
Flexibility can be important in setting a standard. There are various reasons why this 
might be the case:

The standard applies to a wide geographic area (e.g., the European Union), •	
so that local environmental conditions could still be identified that affect 
its implementation.
The business environment might be under rapid change, so that the cost •	
implications of the standard could change and assumptions in the standard-
setting process become invalid.
There might be sufficient scientific uncertainty in the technical analysis of a •	
standard to mean that a rigid numerical outcome is inappropriate (note that 
while one option could be not to develop a standard if uncertainty is high, 
this might not be politically acceptable).
Social concerns might vary over space and time and will need to be taken •	
into account.
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Setting Environmental Standards within a Socioeconomic Context	 27

We have already introduced some ways in which flexibility can be introduced 
into standards by adopting different types or, when a compliance target is used, by 
addressing the criteria outlined. If flexibility is too broad, there is a risk of bringing 
too little pressure to bear, and environmental improvements are seriously compro-
mised. Other sources of flexibility include the following:

Setting a standard as a range, reflecting the intended use of a water body or •	
land area, or the starting position (protecting pristine waters and improving 
poor waters could use different standards)
Allowing the standard to be exceeded for particular periods of time •	
(e.g., number of days per year)
Requiring action if a standard is exceeded (e.g., closure of a bathing water •	
beach or redesignation)
Allowing those affected by a standard some period of opting out to give time •	
for implementation (e.g., use of “variances” by individual states in the United 
States or use of derogations under the EU Water Framework Directive)

Whatever implementation measures are adopted, they will need to be explained so 
the approach can be justified and the decision made transparent. If the standard-setting 
process has been open and participatory but the implementation is opaque, then cred-
ibility is lost (to the regulator, industry, etc.), and trust is reduced (Farmer 2007).

We must also be prepared to enforce a standard if it is important enough. It is inap-
propriate to use such measures to achieve what is, in effect, a permanent reduction in 
a standard. For example, if exceedances of a standard routinely occur and are simply 
accepted, then what the public might think is that compliance with an annual average 
concentration of 10 mg L−1 is in fact only compliance with a concentration of 20 mg L−1. 
If the latter is environmentally acceptable, then it should have been used as a standard 
in the first place. Only if they are steps on a path toward full compliance should such 
interim measures be tolerated (e.g., for particular “hot spots” or problem periods).

2.4.4.3  Taking Socioeconomic Factors into Account
If an environmental quality standard is not met, a regulator would not normally be 
expected to engage in assessing stakeholder views or to analyze the benefits and 
costs of action in achieving that standard.

It is likely that there might be different sources of the substance for which a 
standard has been set, each requiring different approaches to control each of those 
sources. Thus, there is a need to consider the optimum distribution of costs in an 
equitable way — those responsible for the greatest impact should bear the larger part 
of the cost. The deadline for compliance will also provide further opportunities for 
economic analysis, examining different investment strategies, for example.

Many control measures affect not only the substance for which a standard has 
been set but also other contaminants as well. For example, improved water treatment 
may reduce emissions of other contaminants. Therefore, the analysis undertaken for 
implementation should take this into account in examining benefits and costs.

©20
10

 S
ETAC 

Do n
ot 

rep
rod

uc
e o

r d
ist

rib
ute



28	 Environmental and Human Health Standards for Water and Soil

2.4.4.4 I mportance of Feedback
When there are implementation failures, it is important to record these and engage 
stakeholders in understanding why they have occurred and what the consequences 
might be. This will vary depending on the nature of the standard. For example, if a 
standard is based on extrapolation using large assessment factors, then exceedances 
of the standard by a factor of just 2 or 3 might mean little risk to biota, or there is the 
possibility of a greater risk to some species, but these cannot be identified. However, 
if assessment factors are small, then we can be more confident about the conse-
quences. Such statements assist in creating a regime of trust.

2.5 S ome Final Thoughts

Standards are not purely scientific constructs but also are important regulatory tools 
that need to be set at a level that strikes an appropriate balance between the level 
of protection they afford and the investment needed to meet the standard (i.e., to 
achieve a socially optimal level of pollution control). We argue that this optimization 
should be an integral part of the standard-setting process. Experience suggests that 
the “process” for deriving standards is more likely to be challenged than the “values” 
themselves. Therefore, a value that might seem arbitrary to the public is more likely 
to be accepted if it can be shown to have emerged from a trusted regime that is clear 
and auditable. This challenges us to be able to show how an outcome was reached 
and what assumptions were made and to be open about the remaining uncertainties 
about which we can do nothing.

With these principles in mind, we propose a framework for deriving environmen-
tal standards that addresses not only the necessary technical considerations but also 
the social and economic ones. In particular, establishing an early relationship with 
stakeholders should make it easier to discuss openly any issues about data require-
ments or uncertainties identified later in the development of a standard. Within this 
framework, we argue for a formal approach to identifying a preferred option that 
optimizes the balance between potentially conflicting scientific, social, and eco-
nomic factors, especially if the proposals could be contentious or expensive. MCDA 
is a tool that seems to address this balancing task, in which technical, economic, and 
social factors all contribute to a final decision.

Throughout, we have tried to identify where flexibility in a standard may legiti-
mately be introduced. There are many different types of standard, and they all have 
a place in controlling chemical exposure in the environment. However, the type of 
standard to be used, and any measures to assess compliance with it, must be decided 
at an early stage. This is a policy decision. As well as the type of standard, flexibility 
can be introduced in the magnitude of the standard itself (it may be more or less pro-
tective) and, for standards that are subject to formal compliance assessment, in the 
way we decide whether the standard has been passed or failed. There is clearly more 
to a standard than merely the concentration, dose, or load of a substance. Aspects 
such as design risk, return period, and confidence of failure are integral features of 
the standard and, as such, should be subject to the same scrutiny.
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3 How Should an 
Environmental Standard 
Be Implemented?

Mark Crane, Bernard Fisher, Chris Leake,  
Paul Nathanail, Adam Peters, Bill Stubblefield,  
and Tony Warn

3.1 I ntroduction

Environmental quality standards (EQSs) are widely used to help protect the environ-
ment and human health and are considered by many to consist simply of the stated 
“limit value” for a substance plus, perhaps, the time over which the standard applies. 
An example of this might be an annual average EQS for lead in water of 7.2 µg L−1 
to protect the freshwater environment as proposed in the Water Framework Daughter 
Directive on EQS (European Commission [EC] 2006).

This chapter shows that other information must also be considered before an 
environmental standard can be implemented successfully. The implementation of 
standards cannot be a totally science-based issue; technical, social, and economic 
factors must also be considered. Critically, as discussed in Chapter 2, the legal or 
policy context must be clear from the start, and a standard based on scientific knowl-
edge should then be applied to a specific policy context. However, in most situa-
tions there are few data and an incomplete understanding, which leads to uncertainty 
in the standard itself and, potentially, to its application. This uncertainty must be 
accounted for if a standard is to be applied consistently and fairly (Royal Commission 
on Environmental Pollution [RCEP] 1998).

In this chapter, we consider in more depth the following issues:

Types of standards•	
Essential implementation features for a standard•	

3.2  Types and Uses of Standards

The term “standard” can mean different things to different people. It is also used for 
different purposes (Chapter 2, Table 2.1). Standards can be

The “number” produced by a toxicology or ecotoxicology study (e.g., an •	
LD50 or a no-observed-effect concentration [NOEC]).
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32	 Environmental and Human Health Standards for Water and Soil

Conservative (i.e., stringent and precautionary) in nature and with no regu-•	
latory enforceability, such as the Canadian Water Quality Standards and 
Eco-Soil Screening Levels.1

Guidelines within a process of decision making that may use other informa-•	
tion to corroborate success or failure. The outcome might be to seek more 
information or to impose controls (e.g., use of predicted no effect concentra-
tions [PNECs] in Existing Substances Regulations in the EU).
Intervention values or “the concentration above which land might present •	
‘unacceptable’ risk” (Department for Environment, Food and Rural Affairs 
[DEFRA and EA] 2002; Nathanail 2005).
Legally enforceable limits when compliance is mandatory.•	
Used in relation to pollution incidents to assess their impacts.•	
Used to limit the discharge of chemicals from point sources.•	

Standards can be expressed in various units, such as a load (mass/unit area), a 
dose (mass/body mass), or a concentration (mass/volume; mass contaminant/mass 
soil). The use of a unit depends on the environmental compartment under consid-
eration. We might consider the amount of pollution in water (a concentration), the 
consequences of equilibrium uptake by (or exposure to) a human (a dose), or the 
acceptable uptake by an ecosystem under steady conditions (the loading). The choice 
of unit depends on the point in a cycle or pollutant linkage at which we set the stan-
dard, as illustrated in Figure 3.1.

For convenience, we might set the standard at the point where the material enters 
the environment, as an “average” (or modeled average) concentration within the 
compartment, or as a value within a species. For example, for nitrogen in agriculture 
the standard is set in terms of load. However, the critical load depends on the com-
partment, such as heathland or grass, and whether trying to protect the vegetation 
from changing because of excessive nutrients or favoring species that prefer acidic 
conditions. The standard is a convenient way of setting a level of protection but is a 
simplification for dealing with a complex situation. The responses of individuals or 
ecosystems to pollution are likely to be very variable. Setting standards in terms of 

Load or Dose or 
Concentration?

Dose

Flux F

or load 

C1
C2

Concentration

Figure 3.1  Transfer of potentially toxic substance between environmental compartments 
C1 and C2.
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How Should an Environmental Standard Be Implemented?	 33

simple numerical values can only be a guide to whether harm is likely to occur and 
is generally associated with considerable uncertainty.

For effective implementation of standards, users must be provided with an under-
standing of the strengths and limitations of the method of deriving the standard, and 
they must be helped to appreciate the type and quality of the underpinning data. This 
will help them decide if the standard is appropriate for its intended use and how to 
deal with small exceedances of only a few percent.

Current practices result in a range of different approaches and numerical values, 
depending on the jurisdictional procedures, the data used in the standard-setting 
process, and the intended use of the value. Inherent in this is that the degree of 
conservatism or precaution that is “embedded” in the standard needs to be clearly 
understood and reported.

By and large, it is possible to place standards in, or between, 2 groups, as shown 
in Figure 3.2. Here, it is assumed that as the concentration of a chemical in the envi-
ronment increases, an environmental response is increasingly likely to occur; the 
response — or probability of a response — will increase with concentration.

Figure 3.2 illustrates that environmental standards can be set in at least 2 ways:

	 1)	Type A values are standards that “if met are not anticipated to result in 
adverse environmental or human health effects.” Exceedence of these stan-
dards does not necessarily lead to adverse environmental consequences 
because such standards tend by design to be conservative and precaution-
ary. Examples of these are values such as the US Environmental Protection 
Agency’s (USEPA’s) ambient water quality criteria (USEPA 2000) or the 
UK soil guideline values (DEFRA and EA 2002).
Type B values are standards that “if exceeded are anticipated to result in •	
adverse environmental effects.” An example of Type B values might be 
the standards used to take action after pollution incidents or standards for 
which failure leads directly to a regulatory response. Examples include 

Chemical Concentration

Type A
value

Type B
value

En
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Figure 3.2  Response function superimposed on screening and mandatory standards.
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34	 Environmental and Human Health Standards for Water and Soil

the mandatory standards in European directives on bathing waters, fresh-
water fish, and the now-withdrawn Interdepartmental Committee on the 
Redevelopment of Contaminated Land (ICRCL) action levels (ICRCL 
1987; Nathanail 2005)

It is of course important for a particular standard to know where it lies in the spec-
trum from Type A to Type B. The range of values from better than Type A to worse than 
Type B spans the range of probability of unacceptable environmental consequences.

Policy to protect pristine water or land from future development might use Type 
A standards. Criteria for deciding when to take expensive measures to clean up pol-
luted water or land with existing development might be based on standards more 
like Type B. In the former, the benefit of doubt in setting the standards is given to 
the environment or the exposed human population. In the latter, it is shared or given 
to the polluter. Once the first stage of cleanup has worked, a next stage might focus 
more on moving toward the Type A standard.

There is an echo of this typology in the use of classification systems, such as 
those that apply under the EU Water Framework Directive (WFD). High status 
under the WFD might use Type A standards. The classification may then pass 
through good, moderate, poor, and bad status, where poor or bad might be defined 
in terms of failure of Type B standards. A similar idea is used in the guideline 
(Type A) and imperative (more like Type B values) standards in several European 
directives on water quality (e.g., directives for bathing waters, shellfish water, 
freshwater fish, and surface water for abstraction for drinking water; see also 
Section 4.1).

A complementary way to classify standards (Table 3.1) is to consider how uncer-
tainty over the “true” value of the standard might be related to whether it is used as a 
screening tool (where uncertainty is high and a precautionary approach to the uncer-
tainty has been taken) or as a legally mandatory pass or fail threshold (for which 
there is little doubt) (Figure 3.3).

Table 3.1
Examples of meaning of screening and mandatory standards

Screening standards Mandatory standards

Minimal consequences Significant consequences

Lower tier of assessment Higher tier of assessment

No unacceptable effects High probability of effects

Examples
Intermittent discharges Dangerous Substances Directive standards (UK)

Sediment standards (UK) Nitrate (UK)

Bathing water (UK)

Threshold effect levels (TELs) (US) Probable effect levels (PELs) (US)
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How Should an Environmental Standard Be Implemented?	 35

Within all of this, there is the additional and separate issue of the statistical con-
fidence of failure or compliance that is associated with taking decisions. For any 
standard, monitoring (or modeling) can produce outcomes in the range from 100% 
confidence of compliance to 100% confidence of failure. If the consequences of fail-
ure are controversial or expensive, it makes sense to demand that failure is demon-
strated with high confidence before such action is imposed on the unwilling. This 
gives the statistical benefit of the doubt to the polluter. If less-dramatic action is to 
be imposed (e.g., a requirement for further studies), we might act on less confidence 
of failure. Costly action must not be imposed solely because a regulator has chosen 
not to monitor adequately.

Similarly, if it is important to be reassured that there is no unacceptable risk of 
damage, a regulator might demand that compliance is demonstrated with high confi-
dence. This gives the benefit of the statistical doubt to the receptor. Both these require-
ments for confidence, and the degree of failure or compliance that can be detected, 
should feed into the design of compliance assessment (sampling) programs.

There is a trade-off between these considerations of confidence of failure and use 
of the Type A or Type B standards illustrated by Figure 3.2. A Type A standard and a 
demand that compliance is demonstrated with high confidence is doubly precaution-
ary: The benefit of doubt in derivation of the standard and the benefit of doubt from 
monitoring are both assigned to the receptor.
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Discharge
consent 

Drinking 
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Figure 3.3  Representation of uncertainty over spectrum of standards.
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36	 Environmental and Human Health Standards for Water and Soil

3.3 �E ssential Features that Allow 
Implementation of a Standard

3.3.1 U sing Standards to Guide Decision Making

3.3.1.1 A bsolute Limits versus Ideal Standards
Standards might be used to respond to pollution incidents, for example, to demon-
strate that a particular event killed a group of fish 30 minutes ago. Such a standard 
might be used in legal action against the culprit. In this case, the standard is likely to 
be used to protect against acutely toxic events, such as a pesticide spill or air pollution 
episode or an occasional discharge, which may occur for a short period of time. Such 
a value could be expressed as a high percentile (e.g., 99.9th percentile), although for 
practical reasons it may be more appropriate to regulate such instances on the basis 
of an absolute limit. Monitoring may, for example, only be undertaken during or 
shortly after an event, thus preventing any statistical assessment of the monitoring 
frequency. Such standards may be required when there is a need to identify possible 
acutely toxic episodes that may occur irregularly or infrequently, although this may 
simply be for the practical reasons of implementing and enforcing such standards.

Similarly, absolute limits are popular with lawyers; guilt or innocence is (assum-
ing no sampling or analysis issues) more clear-cut and simple to explain.

However, it is also common to use standards to set up the infrastructure, policies, 
controls, or rules that mean that incidents and risks occur with acceptably rare prob-
abilities. These standards might be described as “strategic” standards. For example, 
controls on ammonia in sewage treatment works (which are back-calculated from 
environmental standards) are designed to promote good fisheries in the receiving 
river. The intention is to reduce serious incidents to an acceptable frequency in each 
river because the infrastructure of sewage treatment appears to function at this level 
of acceptable risk. This may result in a compromise, which is essentially that stan-
dards are set up as particular types of summary statistics and not as absolute limits.

In summary, those recommending toxic limits as standards should provide advice 
on where their “number” sits in the range from [guideline, trigger] to [mandatory, 
imperative], as shown in Figure 3.2.

The spectrum of standards between guideline or intervention values and manda-
tory or action values should also be aligned with the uncertainty surrounding the 
standard and the consequences of failure. Standards that have a high degree of uncer-
tainty surrounding them should be implemented as guidelines or trigger values, and 
the consequences of failure should not be excessively severe. In such cases, failure 
of the standard may require that a more detailed investigation and risk assessment is 
carried out (e.g., use of soil guideline values in land contamination risk assessment; 
cf. DEFRA and EA 2002). Standards that have a high degree of certainty surround-
ing both the toxicological criteria and the assessment of compliance should or could 
be implemented as mandatory or imperative standards with significant consequences 
of failure (e.g., emission controls or marketing and use restrictions).

Those recommending standards should also state whether their “number” is 
self-contained. Is failure of their standard all that is needed to justify decisions? 
Otherwise, they should describe how the number is to be used with other information 
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How Should an Environmental Standard Be Implemented?	 37

in the decision-making process, specifying what this other information might be and 
how it should be used. For example, in sediment quality assessment, some jurisdic-
tions require that a sediment quality value (i.e., a chemical quality standard) is used 
within a “triad” approach in association with information from sediment bioassays 
and benthic ecological survey results.

The difference between decision making on the basis of a standard alone and on 
the basis of a standard plus other information can be described as one aspect of the 
direct versus the indirect model. In the direct model, action is defined exactly as that 
needed to secure compliance with the standard, for example, as permit conditions for 
discharges to water that are calculated to meet an environmental standard in a river. 
The classic cases here are substances like ammonia or cadmium in rivers and other 
mandatory standards in various European directives.

In the indirect model, action may be only a “step in the right direction,” perhaps with 
little certainty that this will achieve compliance. This might involve general controls 
on operators in an area showing failure of an environmental standard (e.g., controls 
on agriculture as a response to failure to meet nitrate standards in rivers or groundwa-
ter). This kind of control is becoming more common because we face more and more 
issues for which knowledge of cause and effect is unclear. The principle is that at some 
point in the future another step in the right direction might be necessary.

Also, those recommending standards need to explain how failure should be defined 
and determined and so help estimate the potential extent of failure in the environ-
ment: That is, what percentage of water bodies fail a particular standard? This is 
required, in principle, even if there is little hope that money will be found to make 
estimates of actual compliance. It is a first step toward knowing who is causing fail-
ure and so to an estimate of the costs and benefits to society of using the standard.

The subtext here is that some types of standards will not be used by regulatory 
authorities if failure cannot be estimated reliably.

3.3.1.2  “Ideal Standard”
All of the information discussed requires that each component of a standard is 
defined in the manner of an “ideal standard” (RCEP 1998). This is a standard for 
which values are defined in 5 specific areas (as described in this section). An ideal 
standard opens the way for the use of mitigation measures that are triggered in a 
consistent way from site to site, that meet consistent endpoints, and that allow an 
unbiased assessment of compliance before and after remediation. They can also be 
used to produce unbiased comparisons of sites, regions, and nations.

Five points that robust standards should reflect are set out here as they would 
apply to a chemical in freshwater where compliance is assessed by routine periodic 
monitoring. They are developed also for wider circumstances, in particular for cases 
such as contaminated land, for which spatial rather than temporal variability is a 
prime concern. The 5 points are that the standard includes

	 1)	A measurable limit value (e.g., a concentration of 10 µg L−1).
	 2)	A summary statistic, such as how often the limit may be exceeded (e.g., 5% 

of the time or on 5% of the monitoring events). This point excludes the abso-
lute limit because compliance and planning for such standards can only be 
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38	 Environmental and Human Health Standards for Water and Soil

done by defining the absolute limit as a particular percentile. Instead of an 
absolute limit, statistics such as the mean or percentiles are required.

	 3)	The period of time over which this statistic is calculated, such as a calendar 
year.

	 4)	The definition of the design risk, which is the proportion of time periods for 
which failure to meet the standard is considered to be acceptable, such as 1 
in 20 calendar years. This will be relevant in designing the action needed to 
correct failure. In other words, when this action is complete, how often is it 
acceptable for a failure to be reported?

	 5)	The statistical confidence with which noncompliance is to be demonstrated 
before remedial action is taken in response to a failure.

Points 1 to 3 explicitly define the assessment of compliance. Point 1 is what many 
scientists would regard as “the standard,” but it is only a part of the standard. Points 
2 and 3 deal with the requirement that the limit value needs to be used for 2 pur-
poses: to estimate the measures needed to correct or prevent failure and to assess 
compliance in an unbiased manner (perhaps in a way that enables comparisons 
between regions or nations). Both of these tasks require standards defined as sum-
mary statistics that can be estimated using statistical methods in an unbiased man-
ner, thus allowing the quantification of statistical errors. Generally, this means that 
the standards must be expressed as summary statistics such as annual averages and 
annual percentiles.

Point 4 is a consideration mainly in the design of schemes to achieve compliance. 
It considers what the risk of failure should be when the remedial action is complete.

Finally, given Points 2 and 3, we can deal with Point 5, which defines how certain 
we wish to be that exceedance of a standard has occurred. There is an aspect of 
confidence that is concerned with the reliability of the standard in the first place and 
the evidence used to create it. However, Point 5 assumes that a particular numerical 
standard has been chosen and relates to confidence in terms of assessing compliance 
with that particular standard. There may be different degrees of confidence for dif-
ferent types of action. For example, high confidence (e.g., >95%) might be demanded 
if controversial or expensive action is being imposed on a discharger. Alternatively, 
if one is awarding “prizes” for the guaranteed achievement of a standard, 95% confi-
dence that the standard was met might be required. In contrast, if the purpose is only 
to select sites for further studies or to prioritize monitoring or regulatory activities, 
a lower degree of confidence might be used (e.g., >50%). The principle in opera-
tion here is that monitoring is much cheaper than cleanup, and it is unreasonable 
to impose severe action on the unwilling solely because others choose not to take 
enough samples to demonstrate failure with sufficient confidence.

3.3.2 C ompliance Issues

An important principle that underpins the use of the 5-point ideal standard is that 
checking compliance with numerical standards is a statistical process. This requires 
that a standard is defined in terms that allow the use of statistical methods, typically 
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How Should an Environmental Standard Be Implemented?	 39

annual averages and annual percentiles, although these may be applied to spatial as well 
as temporal variations (e.g., in the assessment of contaminated land or soil quality).

Absolute limits cannot be used in statistical assessments of compliance based 
on sampling; such standards need to be translated into percentiles to be used. The 
reasons for this are that standards are usually set in a precautionary manner, and it 
is nearly always the case that occasional exceedances of a limit value are accept-
able. With such an absolute limit, the risk of reporting failure is strongly influenced 
by sampling frequency: the more sampling, the higher the likelihood that at least 1 
sample will fail. This is an important consideration if compliance assessments are 
to be used to compare regions or nations in a way that has serious implications for 
“poor” performers.

To illustrate this, consider a watercourse that exceeds a threshold 1% of the 
time. Such a watercourse will always be reported as a failure of the absolute limit if 
assessed using continuous, error-free monitoring. Table 3.2 shows that if assessed by 
sampling, this failure will escape detection with a probability that depends strongly 
on the number of samples.2 With 4 samples, there is 4% probability that at least 1 
exceeds the absolute limit. This rises to 41% for 52 samples. In this situation, the 
illusion of improved performance can be manufactured by taking fewer samples. In 
the meantime, the true quality might have deteriorated.

Absolute limits monitored solely by sampling are not true absolute limits. This 
is because of the mathematical implication that exceedance is permitted at times (or 
places) when the samples are not taken; that is, exceedance is tolerated for a propor-
tion of the time (or places). Such absolute limits are, in truth, percentiles.

An additional problem lies in setting up the action to secure compliance. An 
absolute limit must never be exceeded, but what is meant by “never”? Once in a 
million years? The answer to this question defines the absolute limit as a percentile; 
it expresses the proportion of time for which failure is acceptable. This is also the 
outcome when we select a sampling frequency. There are 31 million seconds in a 
year, and we might sample 12 of them. This leaves a lot of time when we might fail 
the absolute limit and not notice it, and this accepted proportion of time defines 
the percentile: Twelve samples a year treats an absolute limit as something like an 
annual 95th percentile.

The statistical process sets up a sampling protocol that is constructed to provide an 
unbiased estimate of the summary statistic that defines the standard, say the annual 
mean or annual 95th percentile. The statistical methods provide an estimate of the stan-
dard error about this estimate of the summary statistic. Usually, the sampling regime 

Table 3.2
Effect of sampling rate on reported compliance

Number of samples Probability of reporting failure (%)

4 4

12 11

52 41
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40	 Environmental and Human Health Standards for Water and Soil

involves random sampling over the period, or area, covered by the standard (e.g., a year). 
This is usually structured to impose representation of seasonal effects and not times of 
maximum risk and assumes that the main variability is temporal. Parallel approaches 
are required if spatial variability is important. In all cases, monitoring must be set up to 
provide an unbiased estimate of the summary statistic that defines the standard.

It is expected that Points 1 to 3 concerning the ideal standards will be gener-
ated and guided by the scientific considerations of the standard-setting process (see 
Chapters 4 and 5), while social and economic considerations will have a greater 
effect on Points 4 and 5 (see Chapter 2).

Although the decision associated with the application of a standard is a decision 
with a pass or fail value, the application of a standard implies recognition of uncer-
tainty underlying its derivation and in the assessment of compliance. The exceedance 
of a speed limit by a few miles per hour does not usually lead to prosecution. This 
may be because the standard is precautionary or because the measuring device is 
not 100% accurate. The police might choose to act only when the limit is exceeded 
by, say, 10%, a policy that reflects issues of confidence and precision and the conse-
quences of the violation in terms of the risk of accidents. At greater exceedances of 
the speed limit, more serious consequences for the offender are likely; therefore, the 
absolute limit value of the speed limit is not necessarily implemented as an absolute 
limit that if exceeded will result in equivalent consequences.

For environmental standards, a strict analogy with speed limits can be misleading 
because the speed limit is an absolute limit, and the driver can secure compliance by 
driving everywhere just below the limit. In environmental decisions, the situation is 
more like the case of a new kind of vehicle that needs no driver and whose speed var-
ies randomly and uncontrollably. How should the car be designed so that the speed 
limit is never exceeded and so that we could check for compliance by observing it, 
say, once a month?

This might be done by setting the standard at an average speed that is so high that 
the speed limit is never failed even for 1 second in a year, which implies knowledge 
of the performance of the car — the relation between average speeds and the highest 
speeds. In this combination of circumstances, the average standard works well and 
provides the benefit of huge savings in monitoring because the estimate of the mean 
is statistically efficient in terms of the cost of securing precise estimates.

An environmental example of a 5-point ideal standard is the following: “In the 
long run, the 95th percentile value of the concentration of Escherichia coli at the 
chosen monitoring point for a coastal bathing water must be less than 200 organ-
isms mL−1 in 19 samples out of 20. Action is initiated when failure is demonstrated 
with 95% confidence in any summer.” In this case, “action” is likely to be a study 
to check the need to review permits or reduce other sources of contamination. Such 
action is then designed to secure compliance, in the long run, in 19 summers in 20.

The definition of the summary statistic (in this case, the 95th percentile) leads to 
the option of — or opportunity for — a statistical assessment of compliance and so 
provides the facility to estimate the standard error in this estimate and the statisti-
cal confidence of failure. This is crucial because compliance is assessed by taking 
samples, a process associated with high errors and the consequent risk of misdi-
rected action.
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It is customary to require 95% confidence of failure for important decisions, or 
those with expensive consequences, because it is seldom acceptable to act on low 
levels of confidence and impose large costs on others when this is due solely to a 
refusal by the regulator to monitor with sufficient frequency. Increased confidence in 
detecting particular degrees of failure is provided by increased monitoring.

All standards that are used to take decisions will end up with definitions of the 5 
points. If these are not specified by the provider of the standard, such as a scientist or 
risk assessor, the regulator or decision maker will still need to do it. This gives the 
regulator a free hand in deciding on the stringency of the standard, which is probably 
undesirable and may cut across the science underpinning the standard. If the 5 points 
are not defined explicitly, because they relate to the limit value for the substance in 
question they will vary at each location and for each decision, effectively applying 
a different (and arbitrary) standard at each location until the unfairness of this is 
noticed by those having to pay.

It is useful if the considerations of the ideal standard are reflected in the legal 
documents that support policy on standards or in the guidance that supports the 
way such documents are used. Standards used technically as percentiles should be 
declared or interpreted as such in permits and regulations. This removes the risk that 
a standard used as an annual average or an annual 95th percentile is interpreted by 
lawyers as an absolute limit.

3.3.3  Application of Ideal Standards to Other Media

For air, soils, sediments, groundwater, lakes, and marine waters, the first point for 
the ideal standard can be generalized to

A limit that refers to spatial considerations, such as a concentration of •	
10 mg kg−1. This might be a spatial average (or an estimate of this) over a 
specified depth, area, or volume. Alternatively, it might be a proportion of 
such; for example, the concentration exceeded by 10% of the area. It might 
be intended that this is estimated by sampling or monitoring, calculated by 
modeling, estimated by a combination of both, or calculated by using mod-
els supported by monitoring that is designed to verify the model. Whatever 
option is chosen, it needs to be described somewhere. It is important to 
note that each environmental compartment has its own opportunities for 
simplifying or complicating the way in which a limit is expressed. For 
example, in a river it might be that a single spot sample is a reasonable 
estimate of an average at the time of sampling, with respect to variation 
with depth or cross section, which simplifies the situation. In contrast, for 
soil contamination several samples are needed from each different soil 
type in any given averaging area (cf. CLR 7, DEFRA, and EA 2002) for a 
definition of averaging area.
A summary statistic for these spatial concentrations with respect to time or •	
space. For example, how often this limit may be exceeded (say, 5% of the 
time) or to establish there is no spatial trend. This might be a trivial step in 
cases of no temporal variation or true spatial heterogeneity.
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42	 Environmental and Human Health Standards for Water and Soil

The air quality management community recognizes the important year-to-year 
variations in atmospheric concentrations produced by annual variations in weather 
conditions. However, in broad terms the national and European objectives do not 
emphasize design risk and statistical confidence as important requirements of an 
ideal standard. A failure of the annual mean would be regarded as a failure, and 
similarly for the 24-hour mean standard, although it could be argued that the per-
mitted number of exceedances already take design risk and statistical confidence 
into account. Derogations are also permitted if high concentration levels are 
caused by natural phenomena such as Saharan dust, which is a significant factor in 
Mediterranean countries. The EU Air Quality Directive objectives are subject to 
uncertainties relating to the effect and the way air quality is measured. Measurement 
of PM2.5 particles is thought to be more representative than PM10 of the associated 
health effect. The tapered element oscillating microbalance (TEOM) instrument is 
widely used in the United Kingdom, which provides an hourly average measurement, 
but the European Union approved method is a gravimetric weighing scale, and a 
simple conversion factor is not always appropriate (commonly a conversion factor of 
1.3 is proposed).

In 2006, the UK government released its new air quality strategy for consultation 
(DEFRA 2006). This is the 4th document in a series of strategy reviews, starting 
with the National Air Quality Strategy in 1997, which set up a series of objectives for 
8 pollutants (sulfur dioxide, nitrogen dioxide, particles as PM10, benzene, 1,3-buta-
diene, ozone, carbon monoxide, and lead). The aim of the strategy was to ensure 
that air quality met or aimed to achieve these objectives. The revised strategy of 
January 2000 contained revised objectives and the strategy addendum of February 
2003 introduced tighter objectives and different objectives in different parts of the 
United Kingdom. The objectives are a mixture of long-term standards expressed as 
annual means and short-term standards, such as one of the standards for particles 
(PM10), which is a 24-hour mean standard. The objective under the current EU 
directive is that 50 µg m−3 should not be exceeded more than 35 times per year by 1 
January 2005, and the objective is that 50 µg m−3 should not be exceeded more than 
7 times per year by 31 December 2010.

A feature of the present UK system for air quality is that there are a number of 
tighter indicative standards that do not have the legal force of EU directives. These 
may be looked on as Type A standards chosen to bring about improvement. However, 
failure to meet these UK indicative standards has caused public concern because it 
appears that the government (and Europe) are relaxing standards if these indicative 
values are not implemented. This illustrates a problem if the role of Type A and Type 
B standards is not clearly explained. The draft Air Quality Strategy proposes new 
Type A and Type B standards, with the tighter Type A standards designed to bring 
about improvement but over a longer timescale and in a way more closely related to 
the health effect. Extensive analysis and evaluation have gone into national strategy 
and European air quality evaluations but perhaps without enough attention paid to 
the way such standards would be implemented.
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3.4 Ot her Implementation Issues

3.4.1 G eographical Scope of Standards

The geographical scope of a standard may need to be given consideration, especially 
when spatial variations exist in factors affecting the toxicity limit value of a standard. 
This may be through a desire to protect particular species, which may be rare or of 
particular ecological, economic, or recreational importance to a local area or region, 
or through the need to take into consideration factors that have a significant effect on 
the exposure of a substance, such as the bioavailability of some trace metals.

3.4.2 B ackground Levels

A distinction sometimes needs to be made between the natural background level of 
a substance, which arises purely as a result of natural processes, and the ambient 
background level, which is the concentration measurable in the environment at a 
“pristine” site (see Section 5.10). In practice, a pristine site is often considered to be 
one that does not receive any direct inputs from local sources, although it needs to 
be accepted that for many substances there may be an appreciable input from diffuse 
atmospheric sources.

The forensic aspect of differentiating natural and anthropogenic contaminants 
is significant, and the difference in terms of risk posed is sometimes irrelevant. 
However, it is also fair to say that (metal) contamination tends to be less bioavailable 
if it is naturally occurring.

Some standards systems (e.g., the proposed UK Environment Agency soil screen-
ing values for ecological risk and the proposed EC Soil Framework Directive) have 
adopted a Dutch approach called the added risk approach, in which it is assumed 
that the natural background level of a substance cannot have a detrimental effect on 
an ecological community. With such an approach, the limit value of the standard is 
added to the natural background level, resulting in the standard that is applied for 
regulatory or decision-making purposes. This is a policy-based decision, and there 
are many difficulties in defining the natural background concentration on an appro-
priate scale. When the background concentration is to be based on ambient back-
ground level data, the definition of the background will include an input from diffuse 
sources of pollution, making it important to determine the “background” ranges of 
values clearly. Other legislation has specifically chosen not to differentiate between 
natural and humanmade contamination (e.g., Part 2A of the UK Environmental 
Protection Act 1990).

Although the scientific basis for taking background concentrations into account 
may be questioned (e.g., the origin of a substance cannot be distinguished by the 
affected organism or by analysis), there may be instances when approaches such as 
added risk are considered for use as pragmatic risk management tools.
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44	 Environmental and Human Health Standards for Water and Soil

3.4.3 F orcing Technological Innovation

There may be occasions when a standard is set at a concentration below current 
analytical limits of detection (LODs) or limits of quantification (LOQs). This could 
be because high uncertainty leads to the application of large assessment factors to 
toxicity data to derive a standard or because analytical techniques for a particular 
environmental matrix have higher LODs/LOQs than those available for the medium 
in which the standard was derived (e.g., sewage effluent versus laboratory water). An 
inability to measure concentrations of a chemical at the standard does not necessar-
ily render the standard totally useless. For example, a water quality standard set in a 
receiving watercourse may be below the LOD/LOQ, but measurement of concentra-
tions from an effluent may be above these limits. Appropriate modeling may allow 
good estimation of whether the standard in the watercourse has been exceeded.

However, it is likely that in most cases standards set at levels below detection and 
quantification limits should be regarded as considerably less useful than those set 
above such limits. They should therefore fall toward the screening or tentative end 
rather than the mandatory end of the standards spectrum. It may be appropriate, in 
some cases, to use a detectable concentration as a cause for concern or a trigger for 
remedial action, although in such cases it is important that the standards and how 
they are implemented are reviewed as the analytical LODs are gradually improved 
to the point at which the detectable levels may not necessarily be unacceptable. Also, 
the required accuracy and precision of the method of analysis to be used should be 
specified to make sure that all those who are potentially affected are being regulated 
on an equivalent basis.

The aim should usually be to develop appropriate analytical techniques as soon as 
is practicable for any substance that cannot currently be determined at the concentra-
tion represented by the standard.

3.4.4 V erification and Review of Standards

An assessment of whether a particular standard has met its original protection objec-
tives should always be an integral part of the standard-setting process. This should 
be conducted along with a review of the standard should there be information that 
can be used to update it and increase overall confidence in its application. A stringent 
standard may be more likely to meet its protection goals, but it is also important to 
consider the social and economic aspects surrounding its implementation as it is also 
important that standards do not place unnecessary burdens beyond what may be 
required to achieve objectives.

Derivation of a standard for a toxic chemical is often based on extrapolation from 
a few species to many, from laboratory to field conditions, from high- to low-level 
effects, and from short- to long-term exposure. A newly derived standard may there-
fore be a rather uncertain tool for environmental management. Often, this uncertainty 
is dealt with at the derivation stage using large safety, assessment, or uncertainty fac-
tors so that the resulting standard is highly precautionary.

In light of this, it seems wise to build regular review into the implementa-
tion strategy for a standard so that users can determine whether the standard is 
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achieving the desired policy outcome without unnecessary (and perhaps costly) 
stringency. For example, a new standard for protecting aquatic life might be 
reviewed 3 years after its introduction to determine whether exceedance of the 
standard is associated with any adverse effects on biologically relevant receptors. 
By biologically relevant, we mean that if, for example, a standard has been derived 
on the basis of laboratory toxicity tests on salmonid fish reproduction, then field 
data verification should be based on the same taxa and endpoints. The usual prin-
ciples of environmental epidemiology should apply to such correlational analyses 
to maximize inferential strength (Crane and Babut 2007; Crane et al. 2007). Such 
a standard may be set to improve the quality and quantity of fish stocks, and it 
may therefore be appropriate to assess whether these overarching objectives have 
been achieved.

In undertaking such verification of the usefulness and effectiveness of standards, 
it is necessary to take account of the potential for many interferences and confound-
ing factors that affect real ecosystems. The ecosystems may be affected by climate, 
habitat, and contaminants other than those of interest to the study, thus making in 
situ or field assessment difficult. It is important, wherever possible, to avoid simply 
concluding that, regardless of whether the standard is passed or failed, environmen-
tal or ecological quality does not appear to be affected.

Another form of verification of a standard that does not depend on possibly non-
causal correlations between exposure to a chemical and biological effect is the use of 
controlled experiments such as aquatic mesocosms (see Section 4.7) and experimen-
tal field plots. Although such systems do suffer from certain drawbacks (e.g., Crane 
1997), they may provide a valuable line of evidence if designed appropriately.

Different lines of evidence from controlled laboratory, mesocosm, and field 
experiments and from uncontrolled field-based correlations can be used during peri-
odic reviews in a weight-of-evidence approach to determine whether a standard is fit 
for use or should be relaxed or tightened.

3.4.5 I mplementation Analysis Report

We argue in this chapter that an implementation analysis should inform the entire 
life cycle of a standard, from the original specification, through derivation, to its 
implementation, use, review, and eventual revision or withdrawal. It will also be 
helpful to anticipate future uses such as the use of compliance assessments to com-
pare regions and nations (where these are not in place already).

A separate implementation analysis report is therefore unnecessary because the 
narrative that describes the standard should include all of the elements necessary 
for its implementation (i.e., its magnitude, duration, and frequency [to inform the 
summary statistic by which the standard is defined], the design risk for remediation, 
and significance level for determining failure for each type of decision). Indeed, 
separating implementation analysis from other aspects of standard setting is likely 
to lead to more standards that are not used; to standards that are used inconsistently 
from place to place; to remediation measures that are laxer or stricter than actually 
needed to meet the standard or achieve the protection goals; and to biased reports of 
the relative performance of regions and nations.
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Early consideration of implementation options during the specification stage will 
ensure that resources are not wasted on deriving standards that cannot be used and 
will help to focus effort on the best solutions.

Notes

	 1.	 Available from: http://www.ec.gc.ca/ceqg-rcqe/english/default.cfm.
	 2.	 These calculations are based on the probability of no failures in a set of N samples. This 

is 1 minus P to the power N, where P is the probability of a compliant sample. Thus, for 
12 samples in Table 3.2 it is 1 minus 0.99 raised to the power 12.
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4.1 I ntroduction

This chapter deals with the derivation of aquatic environmental quality standards 
(EQSs), including standards for the protection of water dwellers, predators of water 
dwellers, and human water users. However, the main focus is on standards for the pro-
tection of organisms that live in water or aquatic sediment and are able to absorb con-
taminants directly via their gills, skin, and/or cell surfaces. In other words, the chapter 
primarily covers the derivation of standards for the protection of aquatic ecosystems.

The objective of aquatic EQSs is to assist environmental managers in either main-
taining or improving the quality of a water body by identifying the chemical con-
tamination that might lead to or might have caused deterioration, quantifying its 
severity, and locating the source of damage. It is best not to use EQSs in isolation; 
ideally, they should be used as lines of evidence in an environmental assessment. 
There will usually need to be a range of EQSs available to assist the attainment of 
a range of protection goals for different water bodies or sections of water bodies. 
Thus, aquatic EQSs may well include values to protect freshwater and/or marine 
pelagic ecosystems, freshwater and/or marine benthic ecosystems, and/or the food 
chain dependent on aquatic organisms. There may also be a need to consider ameni-
ties such as bathing or drinking water quality, although in some regions drinking 
water quality is considered through a different regulatory process. There is a need to 
be protective of raw water as a potential source of drinking water abstraction (even 
though it will usually then be subject to treatment), and in certain countries this is 
achieved through the setting of aquatic EQSs (e.g., US Environmental Protection 
Agency [USEPA] 2000; Lepper 2005).

©20
10

 S
ETAC 

Do n
ot 

rep
rod

uc
e o

r d
ist

rib
ute



48	 Environmental and Human Health Standards for Water and Soil

If several EQSs apply to a given site, the aim should generally be to attain the 
lowest concentration (Lepper 2005) or most protective use (USEPA 1994), although 
this may be overridden by policy considerations. EQSs used for protecting aquatic 
ecosystems should generally be focused on the protection of their structure (i.e., their 
populations and communities). This will usually tend to protect ecosystem function. 
In Europe, for example, this is reflected in the use of species diversity as an impor-
tant tool for assessing the ecological quality of surface waters (Allan et al. 2006). 
However, from a microbial perspective, it makes more sense to focus directly on eco-
system function, although this is usually only done in experimental situations (e.g., 
activated sludge and sediment–water biodegradation tests; OECD 1984).

Many countries generate a single EQS value for a given substance. In some cases, 
this may be modified at a local level to take account of site-specific factors (e.g., in 
Canada). However, in recognition of the uncertainty that inevitably surrounds the 
derivation and application of EQS values (e.g., due to the need to extrapolate from 
limited and variable data sets and the need to recognize the degrees of variability in 
natural populations), it is recommended that each EQS should be framed as a range 
of at least 2 values representing higher and lower levels of protection. An example 
of this is the Australian approach (ANZECC/ARMCANZ 2000), in which separate 
EQS values are derived to cover pristine, moderately disturbed, and highly disturbed 
ecosystems. In this case, the EQS values are based on species protection levels of 
99%, 95%, and 90%, respectively, but other procedures are also possible (e.g., the 
threshold effects level/probable effects level approach used for sediments in some 
parts of the United States, Canada, and elsewhere (CCME 1999a; Batley et al. 2005). 
Similarly, in France, for freshwater quality assessment, there are 5 surface water 
classes representing pristine to highly degraded systems (Oudin and Maupas 2003). 
At least theoretically, the classes are based on structure and abundance of species; 
the EQSs are then based on no observed effect concentration (NOEC) and/or EC50 
values modified by a range of assessment factors (AFs) (Babut et al. 2003). A similar 
approach is being developed in the United States (USEPA 2005c).

The approaches described generate a matrix of EQS values for a given substance, 1 
axis of which covers different protection goals and 1 of which represents values with 
different levels of protection (see Table 4.1). This is currently only applied to eco-
system protection guidelines for waters, although in some jurisdictions, 2 levels are 
applied to sediments. It should be noted that while habitats of currently low quality 
might only be expected initially to comply with EQS values giving an “acceptable” 
degree of protection, they could (and arguably should, where feasible) be targeted for 
remediation to the point at which “good” or “excellent” EQS values are applied.

Although most circumstances require the use of chronic or long-term EQSs (e.g., 
annual average concentrations, AAs) to achieve optimal environmental protection, 
there is also a need for acute or short-term values (e.g., maximum acceptable concen-
trations, MACs) for use in evaluating the potential consequences of transient events 
such as spills and pesticide runoff occurrences. There is also a need to be able to 
assess drinking water contamination emergencies (e.g., resulting from diesel spill-
age) in a pragmatic manner. The way in which the short-term values are deployed 
will depend on operational matters such as sampling frequency. Short- and long-
term EQS derivation is discussed in more detail in Section 4.4.
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Several environmental factors (e.g., temperature, salinity, pH, hardness, dissolved 
organic matter [DOM]) can alter the bioavailability and hence the toxicity of some 
water contaminants. For example, dissolved copper concentrations in many industri-
alized estuaries exceed EQS values but are thought rarely to cause damage because 
they tend to be associated with high concentrations of DOM, and hence bioavail-
ability is reduced (Sunda and Guillard 1976). If scientific knowledge permits, EQS 
values should therefore be accompanied by guidance on how to interpret them in the 
light of specified water quality conditions. Examples of this include the approaches 
to ammonia, which take account of the modifying factors of temperature and pH 
(e.g., USEPA 1999; ANZECC/ARMCANZ 2000; CCME 2000); the proposed US 
approach to copper (USEPA 2003c); and the proposed EU approach to cadmium, 
which takes account of hardness (Lepper 2005). It should be noted that measuring 
the bioavailable fraction of a contaminant under operational conditions may be diffi-
cult (or impossible) in many instances and expensive (predicting it would be cheaper, 
but may be subject to significant uncertainties), but assessing compliance in this 
manner may avoid costly remediation options that would be required on the basis of 
measured total contaminant concentrations.

When employed in monitoring discharges, long-term EQSs are often enforced at 
the edge of a mixing zone around the discharge (e.g., USEPA 1994). However, depend-
ing on the degree of environmental protection required, one can also consider apply-
ing EQSs immediately downstream of the discharge. In such cases, it might be more 
appropriate to use the short-term EQS (USEPA 1994) if expected dilution in the receiv-
ing water is satisfactory. On the other hand, when assessing environmental quality in 
areas more remote from discharges, one would generally use long-term EQS values.

While the EQS approach is rightly recognized as providing a valuable environ-
mental assessment tool, it is important to realize that an EQS exceedance (particularly 
a small one of no more than a factor of 2 for a short-term EQS or substantially less 
than 2 for a long-term EQS) does not necessarily imply that environmental damage is 
occurring or that immediate regulatory action is required. Similarly, compliance with 
an EQS does not necessarily ensure protection of all local ecosystems. Although EQS 
failures alone may be useful for ranking the quality of different locations and can lead 
to immediate regulatory action in some situations, in many cases they should trigger 
an investigation that could involve such techniques as ecotoxicity testing of water or 
sediment samples; in situ toxicity tests; toxicity identification and evaluation (TIE); 

Table 4.1
Example of a matrix of potential water EQS values for a given substance

Protection goals

Level of protection
Water 

ecosystem
Sediment 
ecosystem Food chain Recreation

Drinking 
water

High EQS-1 EQS-4 EQS-7 EQS-10 EQS-13

Medium EQS-2 EQS-5 EQS-8 EQS-11 EQS-14

Acceptable EQS-3 EQS-6 EQS-9 EQS-12 EQS-15
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ecological studies of plant, fish, or invertebrate communities; or biomarker measure-
ments for specific classes of microcontaminants (e.g., fish vitellogenin for estrogens; 
Vermeirssen et al. 2005). These should be used to assess the weight of evidence that 
the environment is being damaged and that a suspect substance is indeed the cause of 
degradation. This process of investigation should proceed in a tiered manner to mini-
mize costs and maximize explanatory power (e.g., Canadian Water Quality Guidelines, 
CCME 2007; Simpson et al. 2005; Government of Canada 2006).

4.2 �S pecification and Recording  
of EQS Derivation Procedures

There needs to be a balance between the use of prescriptive EQS derivation proce-
dures to encourage consistency and the need for evidence-based judgment in complex 
scientific areas (e.g., when using nonstandard or incomplete data). EQS derivation 
procedures have been specified in a variety of ways, ranging from those driven 
largely by evidence-based judgment (Zabel and Cole 1999) to prescriptive methods 
with less scope for interpretation (e.g., CCME 1991; Lepper 2005). Although the use 
of transparent, evidence-based judgment can be very effective (e.g., the Zabel and 
Cole approach was used for EQS derivation until recently in the United Kingdom), 
the need for consistency (especially when deriving standards to be used internation-
ally) has rightly driven the majority of regulators down a more prescriptive route. 
Prescriptive methods, as well as evidence-based judgments, should nevertheless be 
accompanied by transparency of decision making and a detailed audit trail (i.e., full 
records kept of reasons for each decision).

In some jurisdictions (e.g., United States), EQS derivation methods used by cen-
tral governments may be very prescriptive but permit local adjustments to account 
for particular species of higher or lower concern (Stephan et al.1985; USEPA 1994). 
These flexible arrangements will generally require evidence-based decision making 
and documentation at a local level. Overprescription, however, carries the risk of 
straitjacketed decision making and may lead to the derivation of unrealistic EQS val-
ues in some circumstances. Furthermore, the prescriptive use of large AFs can lead 
to unnecessarily low EQSs without the “reality check” provided by experts familiar 
with the behavior and effects of a substance in the field. It is therefore now recog-
nized in most jurisdictions that increased prescription should nevertheless embrace 
the use of evidence-based judgment in defined circumstances. For example, although 
there is little need for expert input when assessing standard acute toxicity data sets, 
that need increases considerably for higher-tier data such as mesocosm responses 
and impacts on endocrine systems and when considering chemical speciation and 
impacts of other physicochemical modifying factors. Evidence-based decision mak-
ing may also be needed to screen complex data for quality.

In summary, it is recommended that while EQS derivation procedures should be 
carefully and explicitly prescribed, evidence-based judgment should also be used for 
screening and assessing higher-tier studies, unusual endpoints, complex test designs, 
outlying data, and so on (e.g., see the USEPA assessment of atrazine, USEPA 2003a, 
and the Canadian use of nonstandard endpoints relating to salmon and fluoride, 

©20
10

 S
ETAC 

Do n
ot 

rep
rod

uc
e o

r d
ist

rib
ute



Water and Sediment EQS Derivation and Application	 51

CCME 2002, available from: http://www.ec.gc.ca/ceqg-rcqe/English/Pdf/GAAG_
Fluoride_e.pdf). This may need to be followed up by the verification of unusual and 
potentially critical data through repeated testing. It is also essential that evidence-
based decision making when deriving EQSs is fully recorded, transparent, and as 
consistent as possible from case to case. “The draft EQS should then be subject to 
scientific expert peer review followed by public consultation.”

4.3 �S election and Evaluation of Data  
for Deriving Water and Sediment EQSs

4.3.1 S election and Prioritization of Substances for EQS Setting

The selection and prioritization of substances for which EQSs are required is gener-
ally based on both scientific and political criteria. Scientific criteria include the inten-
sity of use of a substance and its occurrence in the environment (i.e., the likelihood 
of aquatic exposure) as well as information about its (eco)toxicological properties. 
Thus, a strong driver might be if a substance belongs to the group of persistent, bio-
accumulative, and toxic (PBT) chemicals. Examples can be found in the COMMPS 
procedure (Fraunhofer IUCT 1999) as well as in the Australian, Canadian, and US 
approaches, all of which are summarized in Table 4.2.

4.3.2 T ypes of Data

4.3.2.1 S pecies Selection
Data requirements differ between countries and regions. While the EU approach based 
on the technical guidance document on chemical risk assessment (TGD) (EC 2003) can 
start with very limited data to which high AFs are applied, Canada, the United States, 
and Australia require a more elaborate minimum data set (or all acceptable data avail-
able, whichever is the greater) and do not apply high AFs if more data are available, as the 
species sensitivity distribution (SSD) approach accounts for the decreased uncertainty as 
n increases. As discussed in Section 4.4.1.2, the use of SSDs is now preferred over the 
previously used standard test species approach if the data are adequate. We consider that 
the EU acute base set (algae, Daphnia, fish) is insufficient for definitive EQS setting. 
More data (especially chronic data and data on more species) are considered necessary, 
but the EU base set may be appropriate for deriving screening or “tentative” values.

A question remains about the minimum number of species that are necessary to 
adequately represent aquatic taxa for purposes of EQS derivation. There is no con-
sensus among the authors about this minimum data requirement.

4.3.2.2  Test Endpoints
In general, standard tests for effects on survival, development, reproduction, and 
growth are used for EQS derivation. Other endpoints should be used if they are con-
sidered relevant at the population level (e.g., behavior and avoidance). It is currently 
not considered appropriate to use biomarker data (e.g., molecular and biochemical 
endpoints) for EQS derivation unless their relevance at the population level has been 
clearly demonstrated.
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Chronic toxicity data are preferred for deriving an annual average EQS (AA-EQS). 
Acute data are used to calculate a maximum acceptable concentration EQS (MAC-
EQS) and can be used to derive the AA-EQS if insufficient chronic data are available, 
but an AA-EQS should not be derived exclusively on the basis of acute data. Guides to 
efficient decision making about the testing requirements for derivation of short- and 
long-term EQSs based on modes of action and other considerations were provided by 
Verhaar et al. (1992), de Wolf et al. (2005), and Hutchinson et al. (2006).

A range of other data is often required when deriving aquatic EQS values, par-
ticularly when deriving AA-EQSs. Examples of the data required by the EU Water 
Framework Directive (WFD) are shown in Table 4.3. Most of these are also required 
under other jurisdictions.

4.3.2.3 A lgal Tests
Results of standard algal tests are sometimes handled differently from ecotoxicologi-
cal tests with animals due to the short generation times of algae. For example, under 
the Uniform Principles of EU Directive 91/414 (risk assessment for plant protection 
products), the EC50 of a standard algal test is used with an AF of 10, while an AF 
of 100 is used for acute EC50 or LC50 data from invertebrates or fish. In addition, 
the EC50 of an algal or Lemna test is used in the same way as a NOEC from chronic 
studies with Daphnia or fish. The reason for this approach is that an algal test can be 
interpreted as a chronic study if the generation time of the algae is taken into account. 
Due to their fast population growth, the recovery potential of algae is expected to be 
high. In addition, it can be argued that when considering the protection of algae, their 
function is more important than their community structure (i.e., they are similar to 
microbial communities). In contrast to the EU Uniform Principles for pesticides, which 
treat algal tests as chronic, algae are handled in the same way as other test organisms 
under the EQS derivation framework of the EU TGD and WFD, that is, an AF of 100 
is applied to the lowest EC50 of algae, Daphnia, and fish to calculate an MAC-EQS.

Regarding algal growth inhibition testing (which often gives an ErC50 [EC50 
estimated from specific growth rate] and EbC50 [EC50 estimated from biomass 
growth]), several authors have argued that the biomass endpoint should not be used 
(reviewed in Section 6.3.2.1 of the TGD; European Commission [EC] 2003). The 
reason is that direct use of the biomass concentration without logarithmic trans-
formation cannot be applied to an analysis of results from a system in exponential 
growth. If only the EbC50 is reported but primary data are available, a reanalysis of 
the data should therefore be carried out to determine the ErC50. If only the EbC50 
is reported and no primary test data are available, consideration should be given to 
performing a new algal study to obtain a valid ErC50 and NOEC or ErC10.

The algal growth inhibition test is not only a multigeneration test but also pro-
vides a measure of sublethal effect — reduction in population growth. In Europe, 
it is therefore considered a true chronic test (i.e., EC10 or NOEC based on algal 
growth rate) (EC 2003). As a result of these considerations, we recommend that the 
results of algal growth tests should be treated as chronic data for the purposes of 
EQS derivation. Canada is currently reviewing the use of algal tests, and there is a 
possibility that extremely short tests (1 to 4 hours) will be classified as acute data for 
the purposes of EQS derivation.
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4.3.2.4 S ediment-Dwelling Organisms
If no tests with sediment-dwelling organisms are available, data on organisms living in 
water may be used for some substances to derive tentative sediment values by means 
of equilibrium partitioning (EP) but should not be used for definitive sediment EQSs. 
In principle, it is also possible to calculate a tentative water EQS from a sediment EQS, 
although this is rarely done because water EQSs are more plentiful than those for sedi-
ments. Although EP appears useful for estimating the safe sediment concentrations of 
very hydrophobic substances, the present state of science and limited data imply that 
caution should generally be exercised before extrapolating sediment EQS values from 
water EQS values. At present, experimental sediment toxicity studies are considered 
necessary as a basis for deriving sediment EQSs (see Batley et al. 2005).

4.3.3 D ata Validity

The data must be checked for validity (e.g., Klimisch et al. 1997; Durda and Preziosi 
2000). Data used should

Be reliable and relevant (e.g., generated according to test guidelines)•	
Have been assessed using proper statistical analysis methods•	
Avoid unrealistically high test concentrations that may create artifacts such •	
as accumulation of undissolved particulates on fish gills
Be based on experiments in which test concentrations were measured, with •	
measured concentrations used to define endpoints if they differ from nomi-
nals by more than ±20%
Be fully documented (e.g., conducted to Good Laboratory Practice (GLP))•	
Have clear dose–response relationships (except for tests in which the sub-•	
stance’s water solubility does not permit the testing of higher concentrations 
and consequently the test endpoint is equal to or higher than the highest test 
concentration or in cases of a limit test for which only 1 relatively high con-
centration was tested and no effects were found)

If data have already been generated for risk assessments, it may be possible to use 
these without further quality assessment (as is done in the European Union), but any 
new and relevant information should be considered scientifically. Usually, the lowest 
acute and long-term toxicity data for a species should be used (if the endpoint is relevant 
at the population level and is derived from a validated study). If valid data for the same 
endpoints and the same species exist, the geometric mean should be taken. This value is 
then used together with other species values to calculate the EQSs. Use of a mean value 
in this situation minimizes “cumulative conservatism”; that is, always using the most 
conservative data point, especially when additional valid data are available, will lead to 
too much conservatism, giving rise to an EQS that may be unrealistically low.

4.3.4 D ata Requirements of Different EQS Assessment Methods

Full details of these assessment methods are provided in Section 4.4. The data 
required by various jurisdictions are listed in Tables 4.3 to 4.5.
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A hierarchy of data requirements, which is an efficient way to approach the deri-
vation of EQSs, can be considered for application in the following methods:

Use of a small group of standard data sets with fixed AFs (standard test spe-•	
cies approach; see Brock et al. 2006 and Section 4.4.1.1)
Species sensitivity distribution approach (Section 4.4.1.2)•	
Model ecosystem approach (see Sections 4.4.1.3 and 4.7)•	

While more data will generally help derive a more robust aquatic EQS, the 
reality is that for many substances data are few. As indicated, the standard test 
species approach using AFs can be applied to very small data sets (e.g., toxicity 
data on 1 alga, 1 crustacean, and 1 fish), but it is not recommended for deriving 
definitive EQSs.

Table 4.3
Other data that may be required for deriving EQSs under the EU Water 
Framework Directive (also required by most other regulatory authorities)

Data type Comments

Multispecies, microcosm, and mesocosm 
studies

Can also be used if they fulfill quality criteria and are 
interpreted in the context of EQS setting

NOEC or NOEL from long-term avian 
and mammalian feeding studies

Required to assess secondary poisoning of wildlife. These 
studies are preferred to acute data.

Mammalian toxicity data (oral toxicity, 
repeated dose toxicity, carcinogenicity, 
mutagenicity, and reproduction studies)

Required for assessing possible food chain effects on 
human health

QSAR outputs These can be used as supporting data but should not be used 
exclusively for EQS derivation.

Kow, experimental bioconcentration 
factor (BCF) or bioaccumulation 
factors (BAFs), field BAFs, or field 
biomagnification factors (BMFs)

Required to assess bioaccumulation potential and possible 
effects on the food chain

Data on persistence in waters, sediments, 
and tissues

These are not used directly for EQS derivation but are 
useful supplementary information for use in risk 
management and the like.

Partition coefficients (e.g., Kow, 
Ksusp–water, Ksed–water, Koc)

May be required for transformation calculations (e.g., 
equilibrium partitioning)

Other supplementary data (e.g., water 
solubility, vapor pressure, and 
molecular weight)

Used for plausibility checks etc.

Data on background levels of metals These are required when calculating metal EQS values in 
the European Union and Canada but not in the United 
States, where site-specific metals bioavailability is used to 
calculate the value and account for unique site 
characteristics (see Section 4.10).
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For the SSD approach, data requirements are more demanding and variable (see 
Table 4.6). Although acute data can be used to produce SSDs, the resulting output 
cannot be used directly for AA-EQS derivation, for which chronic data are generally 
required. For example, in the Netherlands SSDs are calculated if at least 4 chronic 
NOECs are available, while according to the EU TGD and the WFD, chronic data 
for at least 10 species covering different groups of taxa should be used, which is 
unrealistic for many substances. For plant protection products, the workshop on 
Higher-tier Aquatic Risk Assessment for Pesticides (HARAP) recommended basing 
SSDs on data for at least 8 species from the most sensitive group, except for fish, for 
which 5 species are considered to be sufficient for ethical reasons (Campbell et al. 
1999) and because fish are a much more homogeneous group than algae or aquatic 
invertebrates. Goodness-of-fit tests and visual inspection are required to check qual-
ity of the fit. Note that the Australian approach uses a generalized statistical fit rather 
than the forced log-logistic fit employed elsewhere (ANZECC/ARMCANZ 2000) 
(see also Section 4.4.1.2).

For substances with specific modes of action, the SSD should be based on data for 
the most sensitive group (e.g., crustaceans). If there are no indications that salinity 
affects toxicity (see Section 4.6), SSDs can be created using combined freshwater 

Table 4.6
Comparison of assessment factors in current use

Regulatory authority Data set Assessment factor Notes

Canadaa Chronic LOEC 10 3 species of fish, 2 invertebrates, 
and algae (or freshwater 
vascular plant)

Australia Lowest of 5 or 
more species 
chronic NOECs

10 If necessary, NOECs are 
estimated from other data as 
follows:

  MATCb/2
  LOEC/2.5
  E(L)C50/5

Lowest of 5 or 
more species 
acute LC(EC)50

100 or 10 × ACR Applied to lowest

European Union 
(freshwater)

Acute LC(EC)50 1000

Chronic NOEC 10 to 100

European Union 
(marine)

Acute LC(EC)50 1000 to 10 000

Chronic NOEC 10 to 1000

OECD Chronic NOEC 10 to 100

a	 CCME 2007.
b	 MATC, maximum acceptable toxicant concentration = (NOEC + LOEC)/2.
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and marine data sets (although attempts to do this in the United States have not been 
successful because of stakeholder preferences for water-specific values).

The mesocosm assessment approach is described in Section 4.7.

4.3.5 U se of Toxic Body Burdens for Assessing Sediment Toxicity

Although still in the research phase, there is some international interest in using 
the contaminant body burdens of sediment dwellers to help derive sediment EQS 
values, that is, to define a “safe” sediment in terms of bioaccumulated body burdens 
(lethal internal exposure concentrations) instead of, or in addition to, deriving a safe 
concentration for the sediment itself.

This approach gets around the issue of bioavailability of sedimentary contam-
inants. There are published examples for metals (Simpson and Batley 2007) and 
organochlorines. However, it should be noted that the approach can be difficult for 
essential metals whose concentrations in tissues are typically regulated over a range 
of ambient concentrations. Furthermore, there may be technical difficulties involved 
in measuring the body burdens of sediment dwellers.

4.4 D erivation of EQSs

4.4.1  Available Methods

Predicted no-effect concentrations (PNECs) are traditionally used in risk assess-
ments and form the basis of most EQS values. There are 3 basic approaches to the 
derivation of PNECs and resultant EQS values. The traditional method uses standard 
toxicity data and applies an AF to the most sensitive endpoint to derive a protective 
concentration. The SSD approach utilizes all available toxicity data to derive a value 
that is protective of a given percentage (e.g., 95%) of the species and is increasingly 
being used by many countries, often with a small AF placed on, for example, a pre-
dicted HC5 (hazardous concentration to 5% of species, i.e., the 5th percentile of the 
SSD) based on chronic data. Finally, model ecosystems such as lentic mesocosms 
can be used to derive safe values, again usually with a small AF.

4.4.1.1 S tandard Test Species Approach
The standard test species approach uses either acute LC(EC)50 data or chronic data, 
which usually take the form of the NOEC but can also be expressed as an ECx, indi-
cating a low- or no-effect threshold.

From both statistical and biological points of view, the use of NOECs has some 
shortcomings compared to ECx values (OECD 2006a):

Since the NOEC (or no-observed-effect level, NOEL) does not estimate a •	
model parameter, a confidence interval cannot be assessed.
The value of the NOEC is limited to being 1 of the tested concentrations •	
(i.e., if different values are chosen for the tested concentrations, the value of 
the NOEC will change).
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If the power is low (due to high variability in the measured response and/or •	
small sample size), biologically important differences between the control 
and treatment groups may not be identified as significantly different. If the 
power is high, it may be found that biologically unimportant differences are 
found to be statistically significantly different (OECD 2006a).
In addition, the size of the effect at the Lowest Observed Effect Concentration •	
(LOEC) might vary considerably from test to test.
As a consequence, some authors (e.g., Chapman et al. 1996) recommend the •	
use of ECx values instead of NOECs in the evaluation of ecotoxicological 
tests. Often, the EC10 is considered as a reasonable alternative to the NOEC 
(e.g., EU WFD, Lepper 2005).

It should, however, be noted that NOECs do have some advantages, including 
their use with studies having only a few dose levels (e.g., some mesocosm trials); 
with endpoints (e.g., behavior) not amenable to the ECx approach; with effects that 
vary in severity as well as occurrence; or with endpoints with no underlying dose–
response relationship.

There are various approaches that have been adopted for the use of AFs with 
the available toxicity data. They differ from authority to authority in the species 
number and type required and in the factors that are applicable to the given toxicity 
data (acute versus chronic). The various factors are summarized in Table 4.6. These 
factors reflect uncertainty in intra- and interlaboratory variation, intra- and interspe-
cies variation, extrapolation between short- and long-term toxicity, extrapolation of 
results from laboratory to field, the possibility of indirect effects such as interspecific 
reactions (e.g., loss of predators, affecting prey), and the fact that environmental con-
taminants are often present as complex mixtures.

Application of AFs should also be considered for mesocosm data (see Section 
4.7.2.1).

As discussed in Section 4.8, and providing that “some” chronic data are available, 
use of acute-to-chronic ratios (ACRs) can be helpful if chronic data are limited to 
allow use of the large acute toxicity database for PNEC or EQS derivation.

	 ACR = Acute LC(EC)50/Chronic NOEC

It is emphasized again that one needs several chronic data sets from the taxo-
nomic group in question to obtain a reliable ACR, in which case it can be more 
appropriate to use the chronic data directly for EQS derivation if sufficient data are 
available (in the United States, there would have to be 8 data sets).

These discussions at present apply mainly to toxicity data derived from water-
dwelling organisms, although in principle they could also apply to sediment toxicity 
data. Experience is limited with respect to the application of AFs to sediment data, 
the main problems being the restricted number of sediment test species available and 
the need to consider multiple exposure pathways.
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4.4.1.2 S pecies Sensitivity Distributions
There has been a large increase in recent years in the application of SSDs in ecotoxi-
cology, as evidenced by the recent SETAC (Society of Environmental Toxicology and 
Chemistry) book by Posthuma et al. (2002). This approach is being or will shortly be 
applied in the European Union, Australia, United States, and Canada, with a general 
movement (where possible) toward the use of ECx in preference to the historical use 
of AFs and NOECs in deterministic PNEC calculations. The toxicity endpoint used 
will depend on the objective. For deriving a MAC-EQS, LC(EC)50 data are appro-
priate, while chronic NOECs (or preferably chronic ECx values, where available) are 
applicable for AA-EQSs.

The minimum data requirements vary with different countries as discussed 
(e.g., Australia uses 5 species from 4 taxonomic groups, with at least 1 fish, 
2 invertebrates, and 1 alga or plant; ANZECC/ARMCANZ 2000), while the 
European Union uses at least 10 species (preferably more than 15) covering at 
least 8 taxonomic groups when assessing existing substances (EC 2003; Lepper 
2005). Note that the USEPA differs slightly in using the 4 lowest genus mean 
acute values (GMAVs), from a minimum of 8, to obtain the freshwater acute 
value (FAV), then divides by the ACR to obtain the freshwater chronic value 
(FCV) (Stephan et al. 1985). It should also be noted that SSDs that include unre-
lated taxonomic groups are not appropriate for substances with specific modes 
of action.

The more data that are available for the SSD, the greater the reliability of the 
derived EQS will be. The main advantage of the SSD approach is that it provides a 
confidence interval for a given predicted safe value (e.g., an HC5 or concentration 
predicted to be in exceedance of a particular endpoint, such as NOEC or LC50, 
for 5% of species in the relevant group). For plant protection products, Brock et al. 
(2006) suggested using the 95th percentile of the HC5 for EQS setting, while the 
median HC5 can be used for setting the more relaxed regulatory acceptable con-
centration (RAC). These different concentrations are related to different protection 
principles, the “ecological threshold principle,” which can be considered the prin-
ciple behind standard setting for large water bodies (e.g., under the WFD) or sites 
with important nature conservation functions, and the “community recovery prin-
ciple,” which might be appropriate for multifunctional aquatic ecosystems adjacent 
to discharges and the like. This gives rise to a range of potential EQSs for a given 
substance (see Table 4.1).

Data fit is also critical, and statistical tests for goodness of fit should be applied. 
The log-normal distribution is used in Europe (Aldenberg and Jaworska 2000) and 
the log-logistic in the United States, while Australia uses a Burr-type distribution 
(ANZECC/ARMCANZ 2000; Shao 2000), and Canada is also considering the use 
of a range of statistical distributions to get the best fit. Not unexpectedly, the type of 
statistical model chosen will have some effect on the resulting HC5 (see Table 4.7).

The SSD approach has the added benefit that the percentage of species protected 
can be altered to derive EQS values applicable for different levels of protection, 
such as 99%, 95%, and 90% (i.e., HC1, HC5, and HC10, respectively), for pristine, 
slightly or moderately disturbed, and highly disturbed habitats, as used in Australia 
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(see Table 4.4). These percentage levels of protection are associated in Australia with 
50% confidence limits, consistent with the Dutch approach. Use of 95% confidence 
limits is common elsewhere but is more limited in scope due to the higher data 
requirements that it imposes, and it can lead to overly conservative values that are 
often below background concentrations (see Section 4.9).

There have been numerous studies examining the selection of data for an SSD. 
Forbes and Calow (2002) made the point that only a fraction of the species going into 
the SSD determines the effects threshold. With all species being weighted equally, 
the loss of any species is of equal importance to the system, while keystone or other 
important species are assumed to be randomly distributed in the SSD. For example, 
the ecologically realistic distribution of species by trophic level was 64% primary 
producers, 26% herbivores (invertebrates), and 10% carnivores (fish), compared to 
the mean ratio from SSDs for different chemicals of 27.5, 34.7, and 37.8%, respec-
tively. Such variations were shown to alter the SSDs by as much as 10% (Duboudin 
et al. 2004). A sensitivity analysis performed on available data for chromium (VI) in 
marine waters (Table 4.8) shows how additional data points, or selective removal of 
data, have an impact on the derived 5th percentile (HC5). The effects are relatively 
small but can be higher for the 1st percentile data (HC1). Our view is that, provided 
the data set includes numbers of sensitive and insensitive species equal to or above 
the minimum data set, it is considered to be adequate.

Data selection criteria have been discussed (Section 4.3). Maltby et al. (2005), in 
a discussion of the use of tropical or temperate species and lentic or lotic species, 
deemed it appropriate to include all in the 1 SSD assessment. However, if a sub-
stance has a specific mode of action (like a pesticide), it is generally agreed that the 
SSD should only include taxa from the most sensitive group (e.g., just arthropods 
for an insecticide). It is not appropriate to include unrelated insensitive taxa in such 
a distribution (e.g., algae in an SSD for an insecticide) since it will result in a bi- or 
trimodal distribution and thus a poor fit.

Table 4.7
Effect of statistical model on derived HC5 values 
obtained in Australia for metalsa

No. of data 
points

HC5 µg L−1

Metal Log-logistic Burr type III

Zinc 17 8.0 5.0

Cadmium 21 0.10 0.19

Copper 21 0.9 1.4

Nickel 6 6.2 11.1

a	 While precise goodness of fit cannot be provided for these data, all 
fits were acceptable. Note also that no judgment is implied about 
which distribution is “better” in a particular case.
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In the EU risk assessment TGD (EC 2003), an AF between 1 and 5 is suggested 
for HC5s derived from SSDs (based on chronic NOECs) to obtain a PNEC. The size 
of the AF should be based on, for example, the quality of the data set, the endpoints 
covered, the diversity of the species tested, the goodness of fit, and sampling uncer-
tainty (e.g., the confidence interval around the HC5) and comparison made with 
results of model ecosystem or field studies. In the framework of pesticide registration 
in Europe, no recommendation on AFs is made, but it is stated that the standard AF 
can be reduced by up to 1 order of magnitude if additional species have been tested 
(Santé des Consommateurs [SANCO] 2002). In the United States, the Aquatic Life 
Guidelines provide that the calculated value can be decreased to be protective of a 
commercially or recreationally important or other named species as the means to 
provide protection for species that are found to be more sensitive than the value pro-
vided by extrapolation from the 4 lowest GMAVs (Stephan et al. 1985).

Our consensus is that SSDs are preferable to the standard test species approach 
when deriving PNECs if there are sufficient laboratory data. However, users must be 
aware of potential difficulties, including the need for care in the choice of suitable 
data, in the use of appropriate statistical models, and in the use of AFs. Furthermore, 
well-conducted model ecosystem studies may provide more ecological realism and 
less uncertainty than an SSD.

4.4.1.3 �P redictions from Model Ecosystem 
(Microcosm and Mesocosm) Data

Predictions of PNECs or EQSs based on mesocosm or microcosm chronic NOEC 
data, if available, are probably of greatest reliability, and such data can be used as a 
benchmark for comparison with other EQS derivation methods (see Section 4.7).

After analyzing data sets for 16 pesticides, as well as assessing evidence from the 
open literature, Brock et al. (2006, p. 25) showed that

The median acute HC5 value is lower than the effect class 2 concentration observed in 
microcosm and mesocosm experiments treated once with a pesticide. The correspond-
ing lower-limit HC5 value was, with high certainty, lower than reported effect class 1 

Table 4.8
Effect of data selection on SSD-derived EQS values (HC1 and HC5) for 
chromium (VI) in marine watersa

Data set used HC5 µg L−1 HC1 µg L−1

Full data set (43 points) 6.8 0.30

Full data set but lowest data not geometric mean for each species 3.1 0.13

Full set less a duplicated low point 10.0 0.56

Full data set less 2 low points 14.6 1.1

The previous set with 3 high points added 15.9 1.1

Australian EQS value 4.4 0.14

a	 Data from ANZECC/ARMCANZ 2000 database.
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and effect class 2 concentrations, and even when the pesticide was applied repeatedly 
the median acute HC5 is lower than the effect class 2 concentrations.

In other words, SSD predictions tend toward overprotection for acute effects in 
some cases.1

4.4.2 �S election of the Most Appropriate PNEC 
or EQS Derivation Method

One can rank the reliability of EQSs according to the method of derivation, as shown 
in Table 4.9 for long-term EQSs. Ideally, proposed EQSs should be accompanied by 
an explicit assessment of their reliability.

Note that it has been shown that confidence in the proposed EQS increases with 
the number of taxa used (as the number of sensitive species included will tend to be 
greater). There is also a need to consider embryonic or larval stages of fish and inver-
tebrates (McKim 1977) because they are often more sensitive than the corresponding 
juvenile or adult forms.

4.4.3 C orrections for Bioavailability

Bioavailability should be considered when assessing compliance of a water body with 
an EQS, rather than modifying the derivation of the EQS as discussed, unless the 
EQS is calculated or designed to be calculated on a site-specific basis. Increasingly 
in the United States, EQSs are being presented as equations or models to be used 
on a site-specific basis rather than as a national number to be applied broadly; thus, 
bioavailability is addressed within the derivation of the value rather than at the time 
of compliance comparison.

When constructing an SSD, it is important to use data for the same range of test 
conditions (e.g., pH, salinity). For example, PNECs derived for metals should ideally 

Table 4.9
Reliability classification of long-term EQSsa

Reliability Derivation method

High Model ecosystem data with small assessment factor

SSDs based on chronic NOECs (or ECx) with minimum data set or greater plus small or no 
assessment factor

Medium assessment factor applied to lowest chronic NOEC from data set of 5 or more 
species

Medium SSDs based on acute data with large assessment factor

Lowest acute LC(EC)50 data for 5 or more species with large assessment factor

Low Small acute data set with very large assessment factor; small chronic data set with large 
assessment factor

a	 A similar ranking of reliability can be developed for short-term EQSs.
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be calculated from tests using synthetic waters or pristine waters with low dissolved 
organic carbon (DOC). Measured concentrations in the tests should then be cor-
rected for bioavailability in accordance with the known water quality. Such correc-
tions for the effects of DOC on the acute toxicity of metals can be made by speciation 
measurement or modeling (e.g., using the biotic ligand model; DiToro et al. 2001) or 
based on toxicity testing.

As a word of caution, it should be noted that the finding in Australia that hard-
ness does not affect the response to copper of the most sensitive biota (algae, cla-
docerans) has meant that the validity of a hardness correction to the EQS that was 
derived mainly from fish data has been brought into question (Markich et al. 2005). 
Similar findings have been made in Europe regarding the hardness correction for 
zinc toxicity.

4.5 �S hort- (MAC) and Long-Term (AA) EQSs 
and Implications of Exceedance

Long-term AA-EQSs are intended to protect against “long-term continuous expo-
sure,” and MAC-EQSs are intended to protect against “short-term episodic events.” 
It should be noted that the use of acute toxicity data for deriving AA-EQSs is consid-
ered permissible by some jurisdictions, for example, when suitable chronic toxicity 
data are not available (e.g., CCME, 2007), although the use of chronic data for this 
purpose is always preferable.

Confounding the issue is the frequent confusion of the terms “acute” and “chronic” 
with “short term” and “long term.” In general, the terms “acute” and “chronic” 
should be used to describe the types of effects observed or likely to occur in relation 
to the life cycle of the species tested, whereas the terms “short term” and “long term” 
should be used to delineate the duration of exposure.

The AA-EQSs in principle apply to all substances (to guard against the possibil-
ity of continuous or semicontinuous exposure, e.g., from manufacturing plant dis-
charges), while it is arguable that MAC-EQSs provide an “additional” standard solely 
for transient substances. However, persistent substances still need to be regulated for 
acute episodic events, and transient substances may be released continuously over 
longer periods (e.g., manufacturing discharges). Consequently, as it is envisaged that 
both scenarios can occur for all substances, AA-EQSs and MAC-EQSs are poten-
tially required for all.

The distinction between AA-EQSs and MAC-EQSs has little meaning with-
out specification of the monitoring regime. For example, it is clearly inappropriate 
to compare single measurements of environmental concentration with AA-EQSs 
derived from longer-term exposures (Solomon et al. 1996). In the United States, 
4-day time-weighted averages (TWAs) are used for short-term assessments of 
effluent or river quality and 30-day TWAs for long-term assessments, although 
these methods tend to be data intensive. They may, however, be more relevant for 
ecological assessments than an annual average comprised of 12 monthly samples 
evenly spaced throughout the year unless the substance is continually released into 
the environment.
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The difficulty comes with the number of samples collected. If only 1 sample is 
analyzed in the month, then that measured value is, by default, both the peak value and 
the TWA, which can lead to an overprecautionary assessment. Since the results of the 
routine monthly sample are unlikely to be available until well after the event, this pre-
vents the opportunity to take additional samples to determine a more accurate 30-day 
TWA, although it has to be recognized that more intensive routine monitoring schemes 
may be unrealistically expensive. Exceedance of an EQS value (particularly a single 
exceedance of a MAC-EQS) does not automatically demonstrate ecosystem damage 
but indicates a potential for damage that might depend on the degree of exceedance. 
For these reasons, exceedance of an EQS should not necessarily lead to regulatory 
action but should act as a trigger for further investigation. While EQS values are inter-
nationally recognized as a valuable environmental assessment tool, the uncertainty 
concerning their ecological realism must always be borne in mind.

We support the concept of standards expressed as percentiles, such as “x mg L−1 
must not be exceeded for y% of time during the year” rather than as absolute 
thresholds, and this theme is developed further in Chapter 3 (see also USEPA 1991, 
2005a).

A clear recommendation is that the actual EQS applying to a particular substance 
at a particular site should be appropriate for the specific exposure scenario under 
consideration. The sampling regime should therefore ideally be tailored to the type 
of substance and its discharge pattern. As sampling strategy and application of EQSs 
currently vary enormously between countries, our recommendations about sampling 
and the application of EQSs are recognized to have significant operational and regu-
latory implications on the international scale.

4.6 M arine and freshwater EQS derivation

4.6.1 N eed for Separate Marine and Freshwater Standards

There are 2 primary issues to consider regarding the need for separate marine and 
freshwater standards:

	 1)	The possibility that there may be differential exposure effects caused by 
salinity

	 2)	The possibility that some marine organisms show a different sensitivity to 
contaminants from freshwater organisms

The higher ionic strength of marine waters (chloride and carbonate concentrations), 
as well as higher pH, controls the speciation or dissociation of inorganic chemicals 
or polar organic compounds. Solubility of polar organics and metals will be salinity 
or pH dependent. Moreover, adsorption to particles or solubility in colloids may also 
be influenced by salinity (Means 1995). For species living in these marine environ-
ments, salinity also influences their physiology, so responses to toxic stress are likely 
to be different (Table 4.10). For example, pyrethroid insecticides are more toxic to 
some marine organisms (e.g., arthropods) than freshwater organisms, most probably 
due to their ion-channel-disrupting activity (Solomon et al. 2001).
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There are few data allowing comparisons of sensitivities of species in marine 
and freshwaters (Leung et al. 2001). The concept of sensitivity might also be ques-
tioned as it often refers to a comparison of various species’ responses in standardized 
bioassays, which may not represent actual exposure routes; to some extent, a more 
sensitive species could be considered simply to be more exposed or exposed for lon-
ger. There are some indications that algae, crustaceans, and fish are of more or less 
similar sensitivity in fresh- and marine water, although there are some contradictory 
examples (see, e.g., a review for atrazine in Solomon et al. 1996 and Figure  4.1), 
but mollusc and echinoderm embryos may be more sensitive to a range of organics 
than many freshwater species. Although taxa living in marine waters or estuaries 
are deemed more diverse than freshwater species (Russell and Yonge 1928; Tait 
1978), the supporting evidence is not abundant. Moss (1988) stated that 56 phyla are 
present in marine waters compared to 41 in freshwaters, but no phyla are confined 
to freshwaters only, while 15 phyla are found only in marine waters. The MarSens 
project (Peters et al. 2006) concluded that marine organisms can be significantly 
more sensitive to narcotics when the analysis is conducted on the taxonomic level of 
phyla and, while calling for more data, tentatively recommended applying an addi-
tional AF of 10 to marine toxicity information. Peters et al. also concluded (without 
providing a reference) that marine biodiversity is higher than freshwater, with 78% 
of aquatic species being marine. Therefore, it is assumed in some jurisdictions (e.g., 
European Union) that marine sensitivity distributions will encompass a wider range 
than in freshwater systems, thus justifying higher AFs (EC 2003). It might, however, 
be better to base such decisions on differences in the shape and position of marine 
and freshwater SSDs and not on biodiversity per se. On the other hand, marine 

Table 4.10
Examples of organic and inorganic substances for which toxicity is different 
in freshwater and marine water organisms

Substance Differential sensitivity Reference

Ammonia Markedly greater sensitivity claimed for freshwater 
species; however, the 2 data sets on which this is 
based are not comparable: freshwater fish (34%) 
and crustaceans (26%) versus saltwater crustaceans 
(72%), no annelids or platyhelminths

Wheeler et al. 2002

Pyrethroid insecticides Marine arthropods and fish more sensitive than 
freshwater equivalents

Solomon et al. 2001

Organometallics The bioavailability of tributyltin at neutral or alkaline 
pH is elevated, leading to an increased toxicity to 
molluscs.

Rüdel 2003; 
USEPA 2003b

Metals Lower FW HC5 values for copper, lead, nickel, zinc, 
and potassium dichromate to a range of species; no 
differences in sensitivity for cadmium and only a 
slight differential for mercury.

Wheeler et al. 2002
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waters tend to be more homogeneous than freshwaters in terms of physicochemical 
conditions such as DOM, carbonate, pH, and so on.

Wheeler et al. (2002) established acute freshwater and saltwater SSDs for 21 sub-
stances, including ammonia, metals, several pesticides, and narcotic substances. Using 
HC5 calculations and curve slope, they found freshwater species were either more 
sensitive (ammonia, copper, nickel, or zinc) or less sensitive (chlordane, endosulfan, 
pentachlorophenol) than saltwater species. In some cases, the distributions were very 
similar; however, the taxonomic compositions of the freshwater and saltwater data 
sets were not always comparable. Maltby et al. (2005) analyzed SSDs for 16 insecti-
cides and inter alia compared SSDs based on saltwater and freshwater species. They 
concluded (page 379) that the “taxonomic composition of the species assemblage used 
to construct the SSD does have a significant influence on the assessment of hazard, 
but the habitat and geographical distribution of the species do not.” Differences in 
freshwater and saltwater SSDs were primarily driven by taxonomy (e.g., both crusta-
ceans and insects are present in freshwater, but only crustaceans are found in seawa-
ter). Correcting for the disparity in taxonomy removed habitat differences.

Overall, the lack of data hampers a sound and definitive comparison, but cur-
rent scientific opinion is that there is no “systematic” bias in sensitivity between 
freshwater and marine species, provided similar tests and endpoints are involved. 
Nevertheless, a direct read-across from freshwater to marine data should not be made 
automatically. The argument for higher marine AFs is therefore not entirely clear-
cut, although their use may be appropriate in some cases. We agree with Lepper 
(2005) that an additional AF should not automatically be applied to marine data, but 
only if the available data do not adequately represent marine life in the ecosystem 
to be protected. Furthermore, if there is no indication of differential sensitivity to a 
particular substance between freshwater and marine organisms, it may be appropri-
ate to combine both data sets in a single SSD, although any resulting EQS should be 
regarded as tentative.
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Figure 4.1  Geometric means of acute atrazine toxicity data in freshwater and saltwater 
organisms. (Reprinted with permission from Solomon et al. 1996 © Society of Environmental 
Toxicology and Chemistry.)
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4.6.2 M arine Toxicity Data Requirements

As a whole, marine data requirements are similar to those for freshwater in terms 
of number of taxa and phyla to be tested. Tests are available for marine or estuarine 
species and for species able to support a large range of salinities. Widely used stan-
dard tests published by the International Organization for Standardization (ISO), 
ASTM International (formerly ASTM, American Society for Testing and Materials), 
OSPAR Commission, USEPA, and others cover a wide range of groups, including 
algae, annelids, crustaceans, echinoderms, molluscs, and fish.

4.6.3 S ubstitution of Freshwater for Marine Data (and Vice Versa)

Given the possible differences in sensitivity of freshwater and marine species, substi-
tution from 1 data set to the other is not generally recommended except if insufficient 
freshwater or marine data are available for extrapolation to an EQS.

In practice, there will sometimes be situations for which saltwater toxicity data 
are not available. In these situations, it may be deemed necessary to use freshwater 
data in lieu of data for marine species. However, several regulatory authorities (e.g., 
Australia, Canada, and the United States) would not extrapolate from freshwater 
data to set a definitive marine EQS. Based on acute SSDs, Wheeler et al. (2002) 
concluded that it is possible to use freshwater toxicity data to extrapolate to saltwater 
effects by applying an “appropriate assessment factor.” However, they did not pro-
pose a value for this factor; moreover, looking in detail at their results (see Section 
4.6.1), this extrapolation could be overprotective in some cases.

Our consensus is that if a marine (acute or chronic) EQS is needed, then it should 
be based on experimental marine data and not extrapolated from freshwater studies. 
If data are substituted from freshwater systems to marine (or vice versa), the pro-
posed standard should only be considered as “tentative” (see Zabel and Cole 1999). 
A tentative value of this type is likely to be unreliable if used for regulation.

4.7 U se of Microcosm, Mesocosm, and Field Data

4.7.1 I ntroduction to Microcosm and Mesocosm Tests

There is a wide spectrum of these microcosm and mesocosm higher-tier test systems 
available, from laboratory microcosms to outdoor mesocosms, enclosures, and arti-
ficial streams (ECETOC 1997). Fish are usually not included, and this is a problem 
if single-species tests suggest that fish are more sensitive than algae or invertebrates 
(Girling et al. 2000).

Micro- and mesocosm studies are most often used for higher-tier testing of plant 
protection products (Campbell et al. 1999; Giddings et al. 2002; Brock et al. 2006; 
OECD 2006b), employing a single application of test substance rather than main-
tained test concentrations. Most test systems simulate lentic water (ditches, ponds) 
because these are considered to represent worst-case exposure situations for periodic 
entries. These water bodies also receive nutrients from agricultural areas and thus 
might be eutrophic. However, several such studies have also been conducted with 
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industrial chemicals and more or less constant exposure. Artificial streams are rarely 
used for pesticides, but some stream studies have been done for industrial chemicals 
simulating chronic exposure (Belanger et al. 1995; Belanger 1997).

Studies for pesticide risk assessment focus on the situation in a water body near 
the field edge, with the peak of exposure soon after application due to drift, runoff, 
or drainage. In most cases, endpoints are related to the initial concentration of the 
test item (which can encompass multiple applications). In contrast to this, the focus 
of EQS derivation is mostly on protection against effects of long-term exposure.

Endpoints available to date are most often presented as NOECs and rarely ECx 
values. Compared to laboratory tests, the number of replicates is usually lower and the 
variability between replicates higher (due to complexity of the systems and study dura-
tions of several weeks or months). Thus, the statistical power might be low, especially 
for rarer taxa. Due to these limitations, assessment of effects should not be restricted to 
statistical NOECs alone but also based on inspection of plots of population dynamics. 
Multivariate statistics are generally used to test for effects on community structure.

For pesticide risk assessment, recovery is taken into account to derive an NOEAEC 
(no-observed ecologically adverse effect concentration). A maximum of 8 weeks is 
often taken as an acceptable recovery period, but the life cycle of the affected species 
should also be taken into consideration (SANCO 2002).

4.7.2 U se of Microcosm, Mesocosm, and Field Studies for EQS Setting

4.7.2.1 U se of Existing Studies
Historically, the United Kingdom and some other regulatory authorities have based EQS 
values on single-species tests and only used mesocosm data as corroborative evidence. 
Under the WFD, however, mesocosm no-effect data have recently been used directly 
to set a freshwater EQS for chlorpyrifos in the European Union, and similar action has 
been taken for atrazine in the United States (USEPA 2003a). It is clear that such data are 
more relevant to the natural environment than laboratory-based single-species tests.

Mesocosm no-effect data on a rapidly dissipating compound such as a pyrethroid 
insecticide may not be suitable for a chronic EQS applied to a river. Furthermore, 
most existing micro- and mesocosm studies are inappropriate for EQS derivation if 
fish are the most sensitive species because fish have generally been excluded from 
such tests. There is consequently a need for evidence-based decision making for 
interpretation of nonstandard mesocosm studies. Microcosm and mesocosm tests 
can, however, be used directly for EQS derivation if algae, macrophytes, and inverte-
brates are appropriately represented in the test systems and if they concern substances 
subject to transient exposure. They are then directly applicable for the derivation of 
MAC-EQSs. For this purpose, the NOEAEC can be used as it represents the highest 
initial concentration that causes no ecologically relevant effects.

Microcosms and mesocosms can also directly be used to derive AA-EQSs if the 
test substance concentration was relatively constant over time (due to stability of 
the test item or due to experimental manipulation) and the study duration was long 
enough to detect possible long-term effects (usually at least 8 weeks, but this will 
depend on the life cycle of sensitive taxa). These test systems are more difficult to 
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use for AA-EQS derivation if substances have short half-lives in the test system but 
are expected to be continuously released into water bodies in the field. NOEAECs 
derived in higher-tier studies for pesticides with short half-lives cannot be used 
directly as AA-EQSs if they are based on initial concentrations and recovery was 
the endpoint considered. In this case, reevaluation and interpretation of observed 
effects are required to calculate the AA-EQS (e.g., relate the highest treatment level 
without ecologically relevant effects to a TWA concentration).

The need and the criteria for determination of AFs applied to the endpoints of model 
ecosystem studies (e.g., a community NOEC or NOEAEC) are still under debate. For 
pesticides, the AF is usually well below 10 but often larger than 1 (SANCO 2002). 
Criteria for the size of the AF are, for example, the quality of the study. Depending 
on the “protection principle” and the type of exposure, Brock et al. (2006) suggested 
an AF of 1 to 5 applied to microcosm and mesocosm endpoints with effects classified 
as “not demonstrated” or “slight” according to SANCO (2002).

There are a few examples for which field data have been useful for EQS derivation 
(e.g., the tributyltin EQS in the United Kingdom), but such examples are rare, and the 
use of field data is generally restricted to a supporting or corroborative role. This is 
because good cause–effect data are not often available from field studies. However, it is 
important to keep an open mind about the value of field data for supporting future EQS 
derivation programs, and studies of pollution gradients can be of particular assistance.

4.7.2.2 U se of New Microcosm and Mesocosm Studies
Microcosm and mesocosm studies can be directly designed for the purpose of EQS 
derivation (e.g., the exposure scenario, communities to be monitored, etc.). Guidance 
for design and conduction of microcosm and mesocosm studies can be found in the ref-
erences given for pesticide risk assessment, but OECD has recently published a guide-
line for a lentic field test that is not focused on pesticides alone (OECD 2006b).

4.8 C alculated Estimates of Toxicity

For the derivation of EQSs (and similar benchmarks), experimental toxicity data are 
considered essential. However, for many substances there will be insufficient reliable 
toxicity data available to meet the prescribed minimum data requirements. In their 
absence (or to supplement an existing data set), several extrapolative methods may 
potentially be of assistance. Nevertheless, we recommend extreme caution when 
extrapolating from calculated values to predicted real toxicity data. Most suggested 
calculation methods to supplement missing toxicological data are considered unac-
ceptable in EQS derivation.

Available methods are as follows:

Quantitative structure–activity relationships (QSARs):•	
QSARs are deemed potentially applicable, especially if the QSAR •	
is extensively validated (see critical reviews of available QSARs for 
ecotoxicology: European Center for Ecotoxicology and Toxicology of 
Chemicals [ECETOC] 1998; Comber et al. 2003).
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However, they must only be applied within the group of chemicals rep-•	
resented by the QSAR training set.
They should work well within groups of similar chemicals (e.g., poly-•	
chlorinated biphenyls [PCBs] and polyaromatic hydrocarbons [PAHs]).
These should only be used by experienced assessors to “create” data •	
used in the derivation of a tentative value but must not be used for defin-
itive EQS derivation.
These could be a useful tool as part of the priority-setting process.•	

Acute-to-chronic ratios (see also Section 4.4.1.1):•	
The ACRs are an established method to extrapolate to chronic values •	
from acute data.
Several related taxa (e.g., 3) are generally required to maintain scien-•	
tific defensibility of the approach.
The ACRs are extensively used in some regulatory authorities, but oth-•	
ers have rejected them.

Toxicity correlations between taxons (e.g., fish and daphnids)•	
Are considered to be potentially useful if sufficiently validated but can only •	
be confidently used in the derivation of a “tentative” value

We recommend that if an extrapolation method is used, then it should be validated, 
documented, and supported by suitable data.

To properly manage the risks to ecosystems, EQSs for all media are required. If 
EQSs for related media are derived, the consistency between the EQSs across media 
should in principle be verified (i.e., water–tissue, water–sediment, sediment–tissue, 
water–soil, water–air, soil–air) to ensure that a value that is protective for 1 medium 
is also protective for the other media.

Possible calculation methods for “reading across” between media include

Equilibrium partitioning for calculating the pore water concentration of •	
hydrophobic organic substances in sediments for comparison with the 
“safe” value in water (Di Toro et al. 1991).
The acid volatile sulfide (AVS) approach to calculate the dissolved (pore •	
water) fraction of metals in sediments, again for comparison with the water 
EQS (Di Toro et al. 1990).
A sediment biotic ligand model (sBLM) (Di Toro et al. 2005), along the •	
lines of the aquatic BLM (Paquin et al. 2002), has recently been developed 
to include EP to sediment binding phases; notably sediment organic carbon 
(OC) only is considered. Application of this first-generation sBLM was able 
to model organism response within an order of magnitude.

These tools may be useful in assessing consistency of EQSs between media, but 
as they are not validated for all substances, they can only be applied in limited 
circumstances at present. In principle, a “tentative value” for some chemicals in 
sediments might be derived from their water EQSs by such extrapolation methods, 
but they are not yet sufficiently validated for routine use when calculating definitive 
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sediment EQS values. It might also be valid to extrapolate to a tentative water EQS 
from a sediment EQS using the same methods.

Experimental data on sediment toxicity are generally required at present for set-
ting a reliable sediment EQS value, although some regulatory authorities are already 
deriving full EQSs using calculation methods (e.g., Australia has used EP to derive a 
tributyltin sediment guideline based on the water EQS).

While we recommend caution in the use of calculation methods in place of actual 
toxicity tests, we recognize the longer-term importance, for ethical reasons, of find-
ing validated alternatives to vertebrate animal testing (i.e., with fish and amphib-
ians), such as QSARS. For the present, however, there is no viable alternative to 
biological testing when deriving definitive EQS values.

4.9 �B ackground Contamination by 
Naturally Occurring Substances

In some jurisdictions (e.g., the European Union and Canada), policy decisions have 
been made in regard to the modification of aquatic EQSs to account for the natu-
ral background of the substance (e.g., for metals). The ways in which this can be 
achieved are discussed next.

4.9.1 M etals

4.9.1.1 I dentifying Background Concentrations
Measured background concentrations of various heavy metals in some locations may 
be close to, or exceed, existing or proposed regulatory standards (G-BASE 2009). 
The reasons for this are numerous, including the significant geological variability of 
metals, the metal concentrations used in control media in toxicity testing, and inap-
propriate methodologies for standard derivation. For metals for which speciation-
based approaches exist (i.e., BLMs for copper, zinc, and nickel), there is no need to 
account for background concentrations. Similarly, if the background concentration 
of a metal in water is considerably below the EQSs (i.e., the difference between 
the Predicted Environmental Concentration (PEC) and PNEC is large), accounting 
for background will make little difference to the outcome. However, for metals for 
which the EQS is within the range of likely background concentrations, there is a 
need to consider how the standards can be modified. This modification is based less 
on scientific and technical merit than regulatory pragmatism.

In Europe, the notion that it may be possible to determine a “natural background 
concentration” of a metal at most sites may be unrealistic. Many hundreds of years of 
industrial activity, urbanization, and widespread aerial deposition mean that it is best 
to consider background concentrations as those determined at sites of relatively low 
anthropogenic impact. These concentrations will still vary considerably from site to 
site due to geological influences.

Similarly, in Canada the “natural background” is defined as that fraction of ambient 
metal considered to be dependent on the biogeochemistry of the site, in contrast to the 
fraction that reflects historical human activity. However, in some areas of the world, 
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historical human activity (e.g., mining) stretches back millennia, and the metal con-
tamination derived from this may now be considered as “background” because local 
fauna have had time to adapt. “An important point related to the background issue, 
which is sometimes overlooked, is that local EQSs for biologically essential metals 
must not be set at such a low level that they result in metal deficiency problems.”

Theoretically, one can consider both physiological adaptation during an organ-
ism’s life span and genetic adaptation of a population over several generations as 
factors that might justify the adoption of particular background levels as safe bench-
marks for local setting of EQSs (e.g., see published work on adaptation of marine 
invertebrates to arsenic, tin, and zinc in the Fal estuary, southwest England by Bryan 
et al. 1987). It is, of course, important that this approach should not be used as a 
means of approving current polluting activities but applied solely to environments 
contaminated by past anthropogenic activities or by the natural geological back-
ground. However, this does raise the contentious question of an appropriate “cutoff” 
in time for when, or when not, to account for the increased background concentration 
produced by an industrial activity.

In another approach, statistical analysis methods have successfully been used to 
classify marine sediments; a given element in the fine sediment is normalized to 
aluminum (which represents the geological background). Points deviating above the 
expected regression line are considered to reflect levels above natural background 
(OSPAR Commission 1997). This approach has also been used to establish back-
ground concentrations in soils, making use of well-established biogeochemical pro-
cesses (Hamon et al. 2004; Zhao et al. 2007). Further examples include methods 
used to discriminate between natural and anthropogenic sources of rare earth ele-
ments (Bau and Dulski 1996; Weltje 2002) and lead (Östlund and Sternbeck 2001; 
Caurant et al. 2006) using isotopic ratios.

In the United States, characterization of the background concentration of a substance 
is part of the USEPA risk assessment and risk management program for “Superfund” 
sites2 (USEPA 1989). The primary goal of the program is to protect human health from 
the current and potential release of the hazardous substances of concern. Since some 
of these substances may occur naturally, establishing background levels is important 
because the CERCLA program does not generally clean up concentrations below 
natural or anthropogenic background levels. The USEPA (2002) suggests a statisti-
cal approach for evaluation of data points based on statistical tests of discordancy; 
however, Qian and Lyons (2006) have recently put forward a statistical method that is 
based on a Bayesian approach (estimation) that leads to a smaller bias.

There is a clear need to extend the scope of databases of background metal con-
centrations in surface waters to allow accurate use of metal EQSs at the local level. 
For example, the UK and US Geological Surveys (e.g., G-BASE) hold highly detailed 
databases of total (i.e., bioavailable plus nonbioavailable) metals in streams, and it 
would be useful if these could be correlated with biological measures of stream 
quality to identify local metal concentrations that can genuinely be considered as 
background levels. Unfortunately, the monitoring data from G-BASE in the United 
Kingdom is not spatially consistent and relies predominantly on small streams and 
not rivers (which is often where the EQSs are applied).
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We are not able to recommend any single approach for identification of back-
ground concentrations as preferable to the others.

4.9.1.2 M odifying Metal EQSs to Account for Background
It is clear that if measured concentrations of a metal are close to or above the EQS 
and the speciation-based approach is not available, then special attention needs to 
be given to identification of the local background level (however it is defined). In all 
cases, it is the bioavailable metal concentration that is relevant, but this is often not 
well defined and not readily determined for data-poor metals.

The total risk approach accounts for the total dissolved metal in a water body, 
implying that no distinction is made between the ambient fraction of a metal in a 
water body and the added fraction (Lepper 2005). This approach can result in a stan-
dard below the natural background. Hence, a suggestion in the European Union to 
account for background is the added risk approach. It allows interpretation of the out-
come of exposure and effects analysis or risk characterization in terms of the different 
fractions (i.e., the natural background [total metal]) and the anthropogenic fraction.

Using the added risk approach (Crommentuijn et al. 2000), the amended EQS or 
maximum permissible concentration (MPC) is defined as follows:

	Amended EQS = Background concentration + Maximum permissible addition (MPA)

where the MPA is equal to the PNEC obtained from EQS derivation.
A crucial difference between the total and added risk is in treatment of the eco-

toxicity data. The added risk methodology requires the production of a PNECadd, 
which is calculated by subtracting the background concentration of metal in the con-
trol from the effect/no-effect concentration from that test. These data are then used 
for the derivation of the PNECadd. The ambient background concentration at the site 
is then added to the PNECadd to produce the standards to which the measured con-
centration is then compared.

The added risk approach is based on the assumption that the ecosystem is already 
“adapted,” and has developed, due to the background concentration at the site of 
interest, and the MPA reflects the anthropogenic addition that the system can toler-
ate before effects are seen. The flowchart in Figure 4.2 sets out the essentials of the 
added risk procedure.

Note that in Australia, Canada, and some other jurisdictions, the added risk pro-
cedure is not followed, and the EQS instead defaults to the background concentration 
if this is greater than the calculated EQS at a particular site (ANZECC/ARMCANZ 
2000; CCME 2007). In nearly all jurisdictions, speciation and bioavailability consid-
erations are taken into account, but for some metals this is not currently possible.

Generally, it is considered that separate approaches are not needed for taking 
account of background concentrations in water and sediment.

4.9.2 O ther Substances

In principle, the added risk approach could be applied (in the European Union and 
Canada) to other substances, for example, natural steroidal estrogens from wildlife, 
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phytoestrogens arising from vegetation (Safe and Gaido 1998; Shore and Shemesh 
2003), and PAHs from natural combustion (Law et al. 1997). However, the principle 
obviously does not apply to natural substances when mobilized anthropogenically 
(e.g., estrogens in sewage), and the difficulty of distinguishing human from nonhu-
man sources will limit the scope of this approach. Further, the use of added risk for 
substances for which no safe threshold can be defined, such as PAHs, is scientifically 
and politically difficult to justify.

4.10 �P rotection of the Human and Wildlife  
Food Chains from Aquatic Contaminants

4.10.1 P rotection of the Food Chain — Humans and Wildlife

4.10.1.1 H umans
For humans, the key issues relate to the demonstration that significant accumulation 
does not occur in a food organism. Exposure from the food organism is dependent 
on factors such as how much is eaten and how frequently, other sources of exposure, 
and the impact of preparation and cooking (e.g., the USEPA produces guidance relat-
ing to whole fish, fish fillet, cooked and uncooked fish; USEPA 2000). Guidelines 

Environmental 
concentration
< EQS? NO

Determine 
background
level

Environmental concentration < (EQS 
+ background)? 

YES

YES NO

No further action 
required

ACTION
REQUIRED

Start

No further action 
required

Figure 4.2  Summary of the added risk approach for dealing with background concentra-
tions of metals.
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listing safe levels of a number of key contaminants in food can be found in the 
deliberations of organizations such as the World Health Organization/Food and 
Agriculture Organization (WHO/FAO) Joint Expert Committee on Food Additives 
and Contaminants (JECFA) (e.g., mercury and methylmercury; IPCS/WHO 2000) 
and for pesticides the WHO/FAO Joint Meeting on Pesticides Residues (JMPR).

In carrying out a risk assessment, it is also necessary to consider by whom the 
food will be eaten and whether this will include high-risk groups such as weaned 
infants. The EU WFD only takes into account fishery products (finfish and shell-
fish). Data from sources such as WHO or the European Expert Committee on 
Food are then used to identify tolerable or acceptable intakes followed by linking 
these to the aquatic bioconcentration factor (BCF) for that substance. The highest 
reliable BCF is used, and the calculation of daily exposure is then made. This is 
then ideally related to a water concentration or, more probably, a sediment con-
centration since these substances are by definition usually highly lipophilic. The 
United States has a hierarchy of preference for identifying suitable BCFs (USEPA 
2000). This is first a field-derived BCF, second a measured BCF, and as a last 
resort, use of a predicted BCF. In other countries, such as the United Kingdom, 
the tissue residues identified for protection of humans are used to trigger warn-
ings followed by local action to identify the source and introduce measures to 
reduce inputs.

The problem of chemical intake via the aquatic food chain is gradually being 
eliminated by regulatory action to limit or withdraw chemicals that bioconcentrate or 
are biomagnified in the environment. One alert for this is a log Kow of 3.0 or greater, 
and this is followed by specific studies on bioconcentration that take into account 
metabolism and depuration. For example, PAHs could theoretically bioconcentrate 
in vertebrate tissues but are rapidly metabolized and depurated, so bioconcentration 
does not occur in practice.

4.10.1.2  Wildlife
The situation regarding wildlife is different from that in humans since the issue 
relates largely to ingestion of complete food organisms rather than defined body 
parts such as muscle, and animals of course do not cook their food. For most sub-
stances, control of residue levels in wildlife cannot be reliably assumed on the basis 
of compliance with EQSs in water or sediment. Furthermore, it is clear that BCFs 
derived from continuous exposure studies can be misleading in field situations, where 
exposure may be brief (e.g., many modern pesticides). The requirement, therefore, 
is that data should be available on residues in the target species, such as fish-eating 
birds or mammals, but these are relatively mobile, so local conditions and geography 
may have an important modulating role.

The key decision is then whether the acceptable body burden in the target species 
is exceeded. Canada has derived Tissue Residue (i.e., body burden) Guidelines for 
the Protection of Wildlife Consumers of Aquatic Biota for several substances (e.g., 
DDT, methylmercury, PCBs), and the EU WFD permits the establishment for some 
substances of a body-burden EQS recalculated as an equivalent concentration in 
water (Lepper 2005), but there are few other approaches of this type. As indicated, 
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the fact that most bioaccumulative substances are now under strict regulatory control 
reduces the potential for future problems with target species.

4.10.2 P rotection of Drinking Water

The approach of WHO (2006) for the Guidelines on Drinking Water Quality was 
based on an international consensus of experts and stakeholders, resulting in the 
development of a range of guideline values for key chemical contaminants. This 
is the point of departure for setting standards for drinking water in many parts 
of the world, including the European Union. The WHO guidelines include advice 
on practical considerations, treatment, and analysis and on interpreting the sig-
nificance of exceeding a guideline value with a transparent description of how the 
guideline value was derived. WHO also provides information on the management 
of chemicals in relation to drinking water contamination as part of a new holistic 
strategy for managing drinking water safety and quality from the source to the 
consumer. This encompasses microbial contamination (top priority) and chemical 
contaminants and constituents. This strategy, called Water Safety Plans, includes 
source water protection and control of hazards and risks throughout the system 
(WHO 2006).

Some countries do set environmental guidelines or standards (EGSs) for waters 
to be used for abstraction (USEPA 2000; for drinking water maximum contaminant 
levels [MCLs], see http://www.epa.gov/safewater/contaminants/index.html#mcls). 
However, since drinking water can and does undergo varying levels of treatment, 
the use of drinking water standards for treated water is particularly appropriate. 
The utility of standards related to abstraction in the European Union may be of less 
value in the future because of advances in drinking water treatment and because of 
the European Union’s new holistic Water Safety Plan approach, although it should 
be noted that avoiding pollution may in some situations be cheaper than water treat-
ment (the US approach, e.g., is focused on source water protection), and high-tech 
treatment may not be an option in developing countries.

4.10.3 P rotection of Recreational Water

The guidelines for recreational waters (WHO 2003) consider chemicals and micro-
organisms. A number of other countries also produce standards for bathing water, 
but these are primarily aimed at microorganisms rather than chemical substances. 
For toxics, except in highly unusual circumstances such as a spill of large amounts 
of a chemical, the only substances of significant concern with respect to recreational 
uses of water are considered to be the toxins from blue-green algae or marine dino-
flagellates. This is primarily due to the limited exposure to other substances and 
organisms during recreational activities.

A guideline value for a specific group of toxins, the microcystins, is under devel-
opment in Canada, and Australia has developed guidelines based on toxic algal den-
sities (Chorus and Bartram 1999; ANZECC/ARMCANZ 2000). These guidelines 
trigger action to warn potential users of the risks related to a specific water body. 
There are no specific guideline values relating to coastal waters.
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4.11 �C onsideration of Carcinogenicity, 
Mutagenicity, and Reproductive Toxicity, 
Including Endocrine Disruption

4.11.1 �B ackground to Carcinogenicity, Mutagenicity, 
and Reproductive Toxicity

The subset of environmental contaminants that may induce irreversible long-term 
toxicities in wildlife is an important aspect in assessing and seeking to protect sur-
face water and sediment quality. These contaminants are often described as chemi-
cals that are carcinogenic, mutagenic, or toxic to reproduction or endocrine disrupters 
(“CMR/E chemicals”) (EC 2003). Prioritization schemes for such chemicals have 
been described for North America and Europe (Swanson et al. 1997; Baun et al. 
2006), and relevant monitoring and risk assessment activities are undertaken in the 
United States (Claxton et al. 1998), European Union (under the Dangerous Substances 
Directive 76/464), and elsewhere. From a practical perspective, the working group felt 
that existing EQS assessments based on conventional aquatic and sediment chronic 
toxicity tests would usually take account of CMR/E mechanisms, particularly if the 
assessment is based on chronic or reproductive toxicity. This reflects the reasonable 
assumption that CMR/Es are a minor subset of environmental contaminants and 
acknowledges the increasing evidence of “practical thresholds” in toxicology (Bolt 
et al. 2004). Therefore, for ethical and economic reasons, only on a case-by-case 
basis would it be justifiable to conduct animal tests with specific CMR/E endpoints. 
The following text in this section aims to summarize what could be done in wildlife 
species, if required, to support a robust EQS in nonroutine situations.

The human and wildlife health implications of carcinogens and mutagens enter-
ing aquatic ecosystems have been studied intensively for several decades (Royal 
Society 1994; Belfiore and Anderson 2001; Jha 2004). For example, Claxton et 
al. (1998) reported that during 1994 in the United States alone more than 20 000 
different facilities released 2.26 billion pounds of toxic substances into the envi-
ronment, of which approximately a third were rodent carcinogens. Most of these 
carcinogens were discharged as components of complex mixtures (e.g., liquid 
effluents, airborne emissions, and solid wastes). Other scientists argued that the 
wide-scale focus on such synthetic chemicals needs to be balanced by consider-
ation of natural carcinogens and mutagens (Ames and Gold 2000). In principle, 
cancer may occur due to either genetic mechanisms (e.g., DNA or chromosomal 
damage) or epigenetic or nongenotoxic mechanisms (e.g., inflammatory responses 
or excessively high-dose laboratory testing) (Brusick 1987; Laskin and Pendino 
1995; Ames and Gold 2000).

With respect to reproductive toxicology, concerns over endocrine-disrupting 
chemicals have become an intensive theme of research on both human and wildlife 
health (Colborn et al. 1996). For the assessment and testing of estrogens and other 
endocrine disrupters in aquatic life, see the work of Vos et al. (2000), Hutchinson 
et al. (2000), and Matthiessen (2003). Importantly, however, assessment of repro-
ductive toxicity may also involve a genetic aspect in terms of the teratogens, con-
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genital abnormalities, and heritable gene mutation (Khera 1981; Brusick 1987; 
Bentley et al. 1994).

4.11.2 C arcinogens, Mutagens, and Aquatic Organisms

4.11.2.1 P opulation Perspective
From a purely scientific perspective, although cancer (neoplasia) has been reported 
in some fish populations (Harshbarger and Clark 1990), many scientists consider that 
it is not a critical factor for the long-term viability of most wildlife populations given 
that cancer is a feature of old age, and therefore senescent or moribund individuals 
will generally be removed from the population by predation or other natural factors 
before cancer is expressed (Würgler and Kramers 1992; Jha 2004). In general, can-
cer (neoplasia) has been less well studied in plants and invertebrates (Gaspar 1998; 
Sparks 2005). It should be borne in mind, however, that there could be aesthetic and 
marketing implications of cancer in commercially important finfish and shellfish 
species (S. Feist, personal communication 2006).

On a wider scientific horizon, Kurelec (1993) proposed the “genotoxic disease 
syndrome” to describe the fact that genotoxic chemicals can have negative impacts 
on a range of important biochemical, physiological, developmental, and reproductive 
endpoints (the Darwinian fitness concept). Environmental stress may be exogenous 
(e.g., temperature, pathogens, predators) or intrinsic in origin. Such intrinsic stress 
could originate from an increase in homozygosity as a result of genetic drift and/
or inbreeding. These homozygous conditions, in conjunction with natural selection, 
will cause genetic stress that could lead to a decrease in fitness. Several mechanisms 
have been suggested, including an increase in homozygosity for recessive deleterious 
alleles and a decrease in the level of heterozygotes for overdominant loci.

Other mechanisms, such as a decrease in the level of genomic coadaptation or an 
increase in genomic instability, have also been suggested to play important roles in 
decreased fitness (Jha 2004). In this population context, genotoxins can impair the 
ability of aquatic organisms to develop, grow, and reproduce successfully to main-
tain population viability. For example, a number of studies have successfully applied 
this concept to aquatic annelids (Hutchinson et al. 1998), crustaceans (Atienzar and 
Jha 2004), echinoderms (Pagano et al. 2001), fish (Theodorakis et al. 1999), molluscs 
(Dixon, 1982), and plants (Atienzar et al. 2000).

4.11.2.2 D eriving PNECs for Genotoxins
Adopting the ideas proposed by Würgler and Kramers (1992) and Kurelec (1993), it 
is proposed that the setting of water or sediment PNEC values for genotoxins should 
be based on sublethal biological endpoints expressed as statistically robust ECx or 
NOEC values. In practice, this could include the in vivo measurement of reproduc-
tion, development, growth, or specific cytogenetic macrolesions (namely, micronu-
clei, aneuploidy, and chromosomal aberrations) since these are known to relate to 
adverse phenotypic outcomes (Brusick 1987; Jha 2004).

In vitro genetic toxicity data (e.g., Ames and umu mutagenicity assays) should 
not be used for deriving aquatic or sediment PNEC values but rather to guide the 
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efficient design of in vivo tests. Genetic microlesions (i.e., measurements of DNA 
strand breakage or DNA repair) also should not be used for direct PNEC deriva-
tion given uncertainties regarding their relevance to adverse phenotypes in aquatic 
organisms (Würgler and Kramers 1992; Jha 2004). Instead, such data are probably 
most useful for a “mode-of-action approach” to guide the efficient design of in vivo 
testing for phenotypic endpoints (e.g., embryo development assays) or genetic mac-
rolesions (e.g., aneuploidy assays) in the aquatic species of interest.

4.11.2.3 G enotoxicity Assessment Methods
There are a steadily growing number of aquatic organisms being assessed for genetic 
toxicity, often adopting methods originally developed for mammalian applications 
(e.g., Depledge 1998). While the bulk of the work reflects basic research into aquatic 
genetic toxicology, there are signs that regulatory agencies are interested in having 
internationally validated methods available. For example, ISO is developing both in 
vitro (V70 cell line assay) and aquatic in vivo (amphibian micronucleus assay) test 
methods (ISO 2006a, 2006b). It is beyond the current scope to review this broad 
field, but some examples are summarized in Table 4.11.

4.11.3 �R eproductive Toxins, Endocrine Disrupters, 
and Aquatic Organisms

4.11.3.1 P opulation Perspective
Maintaining healthy fish and wildlife populations clearly requires that organisms’ 
normal sexual development and reproductive functions are not impacted by chemi-
cal contaminants. As reviewed by Vos et al. (2000) and Matthiessen (2003), there 
is considerable evidence suggesting that the widespread occurrence of intersex fish 
in English rivers is probably due to estrogens. Experimental laboratory studies also 
show that receptor-mediated endocrine-disrupting chemicals (i.e., androgen and 
estrogen agonists and antagonists) can also adversely affect the sexual development 
and reproduction of several fish species (Hutchinson et al. 2006).

For molluscs, there is also compelling international evidence of triorganotins hav-
ing caused imposex and consequential population declines, in this case probably 
through metabolic endocrine disruption via aromatase inhibition or other androgenic 
mechanisms (Schulte-Oehlmann et al. 2000; Matthiessen 2003; Duft et al. 2005; 
Oehlmann et al. 2007).

4.11.3.2 R eproductive Toxicity and PNEC Derivation
Based on current evidence, the derivation of EQS and PNEC values for pelagic, ben-
thic, or sediment-dwelling fauna should generally use the standard approach of con-
ducting chronic tests and calculating NOEC or ECx values for the sublethal endpoints 
(e.g., growth, development, and reproduction). It should, however, be noted that some 
endocrine-disrupting effects would not be detected by standard chronic tests.

An important question in this area relates to the widespread use of exposure bio-
marker responses for monitoring effluents and receiving waters for endocrine dis-
rupter activity. In oviparous species, vitellogenin is the major example of such a 
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biomarker response that may be measured at the molecular, biochemical, or his-
tological level (Sumpter and Jobling 1995). Other endocrine disrupter biomarkers 
include choriogenin, aromatase, and plasma sex steroid levels (Tyler et al. 1998). 
It has been proposed that these endocrine disruption biomarkers are best used as 
“signposts” to help prioritize the efficient design of field-monitoring and laboratory 
testing programs (e.g., species and endpoint selection) (Hutchinson et al. 2006). As 
the concerns over endocrine disruption extend to other modes of action, including 
thyroid disrupters or metabolically active agents (e.g., azole fungicides), biomarkers 
of absorption, distribution, metabolism, and excretion (“ADME biomarkers”) will 
gain further scientific value for the development of efficient testing strategies to sup-
port environmental risk assessments (Figure 4.3).

Although to some extent controversial, there is evidence that some endo-
crine disrupters such as xenoestrogens may show nonmonotonic dose–response 
relationships in certain test systems, including in vivo (e.g., Weltje et al. 2005; 
Calabrese 2005), and this could potentially cause problems when deriving EQSs 
in the future.

4.11.3.3 R eproductive and Sexual Development Toxicity Assessment Tools
Briefly, there are many nationally (ASTM, Environmental Canada, and USEPA) and 
internationally validated methods available for assessing developmental and repro-
ductive effects in aquatic plants and animals (ASTM, Environment Canada, ISO, and 
OECD). For plants, examples include the microalgal, freshwater macrophytes and 
marine algal growth tests (Nyholm and Källquist 1989; Wang 1990; Eklund 2005).

Table 4.11
Examples of the assessment of genetic microlesions and macrolesions, or 
genotoxin-induced phenotypic damage, in aquatic organisms

Level of biological 
impact In vivo endpoint

Recommended 
for direct use 

in PNEC setting Reference

Genetic microlesion DNA damage — Comet assay No Cotelle and Férard 1999

DNA damage — Random 
amplified polymorphic DNA 
(RAPD)

No Atienzar and Jha 2004

Genetic macrolesion Chromosomal structure in 
amphibians — micronuclei

Yes ISO 2006a

Chromosomal structure 
— chromosomal aberrations

Yes Jha et al. 1996

Chromosome number 
— aneuploidy

Yes Dixon 1982

Phenotypic damage Inhibition of embryo–larval 
development

Yes Pagano et al. 2001

Phenotypic damage Histopathological evidence of 
cancer induction

Yes Hawkins et al. 1988
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For freshwater invertebrates, frequently used species are the pelagic crustacean 
Daphnia magna and the sediment-dwelling insect Chironomus sp., while marine 
crustacean test methods have used copepods and mysids. Molluscs and echinoderms 
are also important invertebrate species for developmental and reproductive effects 
assessment (EC 2003). Reproductive and developmental inhibition may be caused 
by both endocrine and nonendocrine modes of action; however, based on current 
knowledge, PNEC assessments should be based on impaired fitness parameters (e.g., 
reduced rates of fertility, development, or fecundity) and not on molecular or bio-
chemical changes (Ingersoll et al. 1999; Hutchinson 2002; Barata et al. 2004).

Fish partial and full life-cycle test methods have been used successfully for many 
years to assess the effects of nonendocrine active chemicals (McKim 1977) and more 
recently to focus on high-priority endocrine disrupters (Tyler et al. 1998; Huet 2000; 
Länge et al. 2001). In some cases, there may also be a need to measure the potential 
for chronic effects on amphibians, for which developmental effect test methods are 
available (Devillers and Exbrayat 1992; Pickford et al. 2003). Again, in line with 
current knowledge, PNEC assessments should be based on impaired fitness param-
eters (e.g., reduced rates of fertility, development, or fecundity) and not on molecular 
or biochemical changes (see Figure 4.3).

Distribution

Target tissue(s)

Metabolism

Apical phenotypic
test endpoints

Absorption Excretion

(b)

(a)

(c)

-exposure timeexposure concentration 

-survival
-development & growth
-reproduction & sex ratio
-PGR

Predicted No-Effect Concentration (PNEC)

Figure 4.3  Principles for understanding the mechanisms and effects of endocrine disrupt-
ers or other xenobiotics in aquatic animals showing a) the ADME phase in which mechanisms 
are examined and can help to efficiently select test species and design chronic test methods; 
b) apical test endpoints for definition of adverse population effect endpoints, including popu-
lation growth rate (PGR), commonly expressed as adverseNOEC (or NOAEC) or adverseEC10; 
and c) PNEC derivation for environmental risk assessment and EQS applications based on 
adverse population effect endpoints. (Adapted from Hutchinson 2007.)
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4.12 �V alidation, Implementation,  
and Review of Aquatic EQSs

4.12.1 V alidation of Aquatic EQSs

“Validation” can be simply described as proving that what you expect to happen actu-
ally happens, and that it happens every time. But what do we expect in EQS deriva-
tion? Do we expect that the numerical value that we estimated for the EQS is correct, 
or do we expect that this value represents a reliable level of protection in the field?

Different stakeholders, industry, nongovernmental organizations (NGOs), and 
the general public all demand EQSs that are scientifically sound and represent an 
adequate level of protection, notwithstanding that the level of protection required 
will differ among these stakeholders. Industry will generally take into account the 
costs that arise from taking measures to reach levels below a quality standard and 
may propose factors that modify the level of protection, whereas NGOs will prob-
ably emphasize the precautionary principle in setting the standards.

4.12.1.1 V alidation of Correct Derivation
We agree that organizations that derive EQSs should validate (check) whether the 
EQS methodology has been followed correctly. The European TGD as well as the 
guidance for the WFD dedicate a whole section to the selection procedure for repre-
sentative data (EC 2003; Lepper 2005). In other geographical areas, the procedures 
for selecting data that are representative and reliable are also described. A similar 
approach is followed in other procedures for which screening of data is essential, such 
as the OECD screening of High Production Volume (HPV) chemicals (OECD 2004). 
In several approaches, criteria according to Klimisch et al. (1997) are being applied 
in the data selection procedure. The application of the various assessment proce-
dures is also described thoroughly in the above-mentioned documents. A crucial part 
of the whole derivation procedure seems to be correct assessment of the data and 
application of sufficient insight into the factors that may modify the assessment, such 
as pH, chemical form in which the substance is present under field circumstances, 
and bioaccumulation. Therefore, the assessment needs to be carried out by experts 
who have at least some knowledge of these modifying factors, and the outcome may 
be checked through peer review. Such a peer review group was described by Zabel 
and Cole (1999) for the United Kingdom and is also used in other countries.

4.12.1.2 V alidation of EQS in the Field
How do we validate whether the EQS value is accurate in terms of reflecting the 
predicted impact in the real world? We suggest that validation can be achieved by 
inspection of field data. For example, the USEPA carried out validation of sediment 
EQSs in a 2-step approach: First, they conducted single-species lab experiments 
with spiked contaminant levels in sediments (low to high organic carbon content); 
second, they conducted a field validation (in Canadian experimental lakes) using a 
“contaminated sediment test bed.” Using this method, the USEPA validated EQS 
approaches for a suite of metals (repeated at varying defined organic carbon levels) 

©20
10

 S
ETAC 

Do n
ot 

rep
rod

uc
e o

r d
ist

rib
ute



88	 Environmental and Human Health Standards for Water and Soil

(USEPA 2005b). Similar approaches were used to validate EQS methods for PAHs 
(USEPA 2003d).

The USEPA has also validated freshwater EQS approaches (10 compounds to 
show proof of principle). It deploys this validation approach each time a new method 
(e.g., aquatic guidelines or sediment guidelines methodology) is being developed but 
not for every occasion when deriving a specific substance EQS. The United States 
addresses bioavailability in this approach (USEPA 1986).

The goal of the validations is to ensure that concentrations at or below the EQS 
will not cause an adverse effect. The EQS therefore indicates the concentration below 
which an unacceptable adverse effect is unlikely to occur. Concentrations above the 
EQS may or may not cause effects depending on both the magnitude and frequency 
of the exceedance. In the USEPA approach, as in the aquatic life water quality crite-
ria approach, newly generated data exceeding the standard (for that matter, all newly 
generated data of acceptable quality) will not replace this standard but will be added 
to the database from which data for estimating the standard are taken.

Similar validation is conducted by some other regulatory authorities. For exam-
ple, it was shown in an Australian study that there was no effect on sensitive species 
at concentrations 10 times above the EQS values for metals in sediments because of 
the EQS derivation method in which toxicity was equally ascribed to cooccurring 
chemicals (leading to concerns over the ecological realism of sediment metal EQS 
values) (Simpson et al. 2005). In Canada, no formal validation programs of this type 
have been undertaken.

In summary, we are in favor of validating EQSs by inspecting field data.

4.12.2 V alidation Procedures

Validation of the level of protection may be explored in 2 different ways. First, there 
should be agreement on the level of protection needed. For example, this level can be 
scientifically described as the 5th percentile of the SSD or the lowest NOEC divided 
by an AF based on laboratory experiments. But what level of protection would this 
represent in field situations, and what level of protection is desired in the field? It 
is recognized that the major input for this discussion should not come primarily 
from scientific fora but from policy makers. Second, a number of outstanding issues 
resulting from the extrapolation of laboratory studies to the field situation should be 
clarified. This may result in reducing the uncertainties in the derivation and in the 
application of EQSs in the real world. Validation with mesocosm or field data may 
be a good approach to validating the EQS but only as a pass-or-fail issue. It may 
indicate if an EQS is too high for the situation in that field site at that time, but it 
does not provide information on the frequency of failure or say anything about the 
frequency of failures that we want to accept. Thus, further exploration is needed in 
this direction.

Validation of EQSs is requested by stakeholders with different backgrounds. The 
NGOs as well as industry will request sound EQSs. For industry, predictability and 
stability are probably one of the main drivers. Peer review with representatives from 
different backgrounds is accepted in various countries, such as The Netherlands and 
the United Kingdom, and is mandatory in the United States (USEPA 2006). It may 
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broaden the acceptance among stakeholders, but care should be taken that such peer 
review groups are science led.

4.12.3 �U se of Microcosm, Mesocosm,  
and Field Studies for Validation Purposes

All model ecosystem studies are essentially one-off experiments, so they will inevi-
tably require the use of evidence-based judgment and clear data-recording and audit 
trails. Several reviews have been published in which the outcomes of the standard 
test species and/or the SSD approaches are compared to threshold (NOEC) values 
obtained from model ecosystem studies. For example, see the work of Okkerman 
et al. (1993), Emans et al. (1993), Belanger (1997), Brock et al. (2000a, 2000b), and 
Maltby et al. (2005). These provide some evidence that the standard test species and 
the SSD approaches are generally protective of aquatic ecosystems. If there is uncer-
tainty about the risk posed by a specific substance, model ecosystems as a higher-tier 
test system can be used to reduce this uncertainty and to calculate a refined EQS. 
However, it does not seem necessary, and is not envisaged, that model ecosystems 
should be used to validate all EQSs.

Mesocosm chronic NOEC data may also be used to set a less-stringent EQS than 
an EQS based purely on single-species chronic tests if the latter is challenged by 
a stakeholder (see Girling et al. 2000). This approach first requires evidence-based 
judgment on the design of a suitable mesocosm study, a stakeholder to conduct (or at 
least fund) the study, then further judgment about whether the mesocosm NOEC rep-
resents the definitive scientific endpoint for deriving the EQS. This will depend inter 
alia on information about the species diversity in the test system as compared with 
that in natural ponds, streams, rivers, and lakes. Mesocosm studies are also potentially 
valuable for the derivation of freshwater sediment EQS values and could, in principle, 
provide valuable corroboration for single-species laboratory sediment tests.

However, this does not answer the question of whether microcosms and meso-
cosms are protective of the diversity of water bodies in the field. To answer this 
question, it would be necessary to relate biological monitoring data (e.g., population 
abundances, community structure) to chemical monitoring data. Due to the fact that 
in the field a number of factors might affect populations and communities (e.g., habi-
tat structure, nutrient levels, other chemicals), it is important to find data sets that 
allow quantification of the effect of 1 specific substance.

An example of field data being used to validate an EQS (based on single-species 
data) concerns the United Kingdom’s development of organophosphate (OP) insecti-
cide EQSs, which used field data on aquatic macroinvertebrate declines in otherwise 
unimpacted streams receiving sheep dip drainage to provide corroborative support 
(Lewis and Young 2000). However, note that laboratory data (Moore and Waring 
1996) have demonstrated that OP concentrations even lower than those shown to be 
safe in mesocosm studies with invertebrates are able to damage the olfactory epithe-
lium of male salmon parr and interfere with pheromone-induced sperm maturation.
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4.12.4 C riteria for Triggering a Review of an Established EQS

There are various criteria for triggering the review of an established EQS, but those 
criteria will depend on the viewpoint of the stakeholder requesting revision. For 
example, negative feedback from the Australian minerals industry is supporting the 
generation of new ecotoxicology data to refine the current sediment EQS for copper 
(which was felt to be too high). Science-based revisions of US environmental stan-
dards may also be conducted following pressure from commercial stakeholders.

Policy changes could be a trigger to review an established EQS. The pres-
ent review of aquatic EQSs in the EU member states has been instigated because 
of policy (or by proposed legislation). For example, revision of standards in The 
Netherlands is discussed within a group of policy makers from different minis-
tries. However, within the public sector there are also different points of view. The 
Department for Drinking Water Supply, for example, takes a different approach from 
the Department for Surface Water Quality. Some technically sound and up-to-date 
EQS proposals have been withdrawn for wider political reasons (e.g., the Dutch 
standards for mineral oil in surface water and sediment). Recently, new standards 
derivation procedures in The Netherlands have allowed industry the possibility of 
deriving standards. These follow standard procedures and have to pass a peer review 
before being implemented. There had been several requests for revision as some pes-
ticide industries considered the standards for their product to be too low, thus pos-
sibly hampering authorization under the Plant Protection Products (PPP) directive. 
Providing or generating new data may increase the EQS concentration by decreasing 
the AF. Generally, however, industry does not favor regular changes of standards. A 
summary of factors that might drive an EQS review is given in Table 4.12.

If only technical aspects are considered as triggers for EQS reviews, a few criteria 
emerge, such as age of the EQS, the number of data, the presence of new data, and the 
availability of new derivation techniques. Regular exceedance of the EQS may also be 
a trigger to search for new data with which to derive a possibly more robust standard.

A final issue concerns the frequency with which standards should be revised. We 
conclude that there is no clear-cut answer to this question and no single desirable 
review frequency; revision will depend on the substance and the regulatory jurisdic-
tion. Some standards may never be revised, others every 2 years. An example of the 
latter is the ammonia standards in the United States, which have been revised 3 times 
in 10 years because of ongoing site-specific issues (e.g., pH, temperature) at sewage 
treatment plants. In Australia, ongoing revision was proposed but has been slow to 
occur. Canada does not have a fixed review period, only a general requirement to 
review the guidelines from time to time. In practice, revision only takes place when 
there is a perceived environmental problem or when Environment Canada has policy 
issues to address. Finally, in The Netherlands, a review period of 5 years was origi-
nally set, although in practice this has usually been much longer (up to 14 years). The 
issue of review frequency may not, however, be considered a pressing one given that 
the overwhelming majority of priority chemicals have as yet no EQS at all.
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4.13 C onclusions

	 1)	The aim of aquatic EQSs for chemicals is to protect the structure and func-
tioning of aquatic ecosystems and to protect the food chain leading to ter-
restrial organisms (including humans). They may also be used to protect 
raw drinking water quality and recreational uses of water.

	 2)	It will usually be necessary to derive several aquatic EQSs for a given sub-
stance to meet different protection goals.

	 3)	EQS derivation procedures should maintain a balance between the need for 
prescription (to achieve consistency) and the need for evidence-based judg-
ment (to deal with nonstandard circumstances).

	 4)	Criteria for prioritizing substances for EQS derivation are many and vari-
ous, including scientific, policy, and stakeholder drivers.

	 5)	There is no consensus about the minimum amount of data required for 
deriving aquatic quality standards, but the use of very small data sets (e.g., 
toxicity data on 1 alga, 1 crustacean, and 1 fish species) is likely to result in 
unreliable PNECs.

	 6)	Substances generally require aquatic standards protective against both 
short-term and long-term exposure, often expressed as a not-to-be-exceeded 
and a long-term concentration (e.g., MAC-EQSs and AA-EQSs).

	 7)	While acute toxicity data are needed for deriving MAC-EQSs, it is prefer-
able to use chronic toxicity data for deriving AA-EQSs. For this purpose, 
algal toxicity tests should be regarded as providing chronic data as they 
represent several generations of population growth.

	 8)	Aquatic toxicity data from which EQSs are derived must have been vali-
dated according to an agreed procedure, especially if they derive from non-
standard tests. Furthermore, it is important to ensure that the derivation 
procedures themselves, and all decisions resulting from evidence-based 
judgment, are properly validated and recorded.

	 9)	While aquatic EQSs can be derived solely using AFs applied to data from 
test species, it is considered more reliable to use SSDs based on larger 
chronic data sets (if available), and the use of good-quality model ecosystem 
data (again, if available) is probably the most reliable approach for deriv-
ing long-term EQSs, particularly if exposure in the tests was maintained. 
Mesocosms in which exposure was transient may also be used for deriving 
short-term EQSs.

	 10)	The AFs, whose size should be designed to reflect expected uncertainties in 
the data, should generally be used when deriving aquatic EQS values from 
either laboratory or model ecosystem data. It may also be appropriate to 
apply small AFs to the outcome of SSDs.

	 11)	The success and accuracy with which MAC- and AA-EQSs are used will 
depend crucially on the design of the aquatic monitoring programs that pro-
vide the data on chemical concentrations in waters and sediments, which 
in turn should depend on the properties of the chemical and its discharge 
pattern.
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	 12)	Aquatic EQSs should not generally be used in isolation but as 1 of several 
lines of evidence about the likely impact of a chemical on a water body.

	 13)	Exceedance of an aquatic EQS may result in immediate regulatory action 
but should often lead to further chemical and/or biological investigations.

	 14)	There is no “systematic” bias in chemical sensitivity between freshwa-
ter and marine species, but use of freshwater data to support the deriva-
tion of marine EQSs should be conducted with caution on a case-by-case 
basis. Marine EQSs based on “read-across” with freshwater data should 
be regarded as tentative rather than definitive. Furthermore, the somewhat 
higher biodiversity in the marine ecosystem as a whole should not “auto-
matically” result in the use of higher AFs when deriving marine EQSs.

	 15)	Methods for calculating sediment EQSs from water-phase EQSs (e.g., EP), 
for predicting toxicity based on biomarker responses or for predicting toxic-
ity based on chemical structure, should be treated with caution and should 
generally result in tentative rather than definitive EQS values.

	 16)	There is no consensus on the appropriateness of using background concen-
trations as the starting point for assessing EQS compliance. The jurisdic-
tions represented at the workshop have a variety of approaches to addressing 
“natural substances” (e.g., metals). In the European Union, aquatic EQSs 
for natural substances such as metals may need to be modified locally 
to take account of background concentrations in waters and sediments, 
provided that the environmental concentration exceeds the EQS. Action 
should only be taken if the measured environmental concentration exceeds 
the background concentration for the area in question when added to the 
EQS concentration. In the United States, the EQS derivation process for 
metals (and many other substances) is designed to be site specific and thus 
addresses the unique water, sediment, and species of each at the time of 
derivation. An “added risk approach” would be duplicative. Action could 
be taken whenever the measured environmental concentration exceeds the 
site-specific value.

	 17)	The aquatic food chain to humans and wildlife should be protected by 
calculating expected tissue concentrations that are predicted to result from 
ingestion of aquatic organisms (based on measured BCFs, possible bio-
magnification, and frequency of ingestion) and comparing these with tox-
icity data (acceptable daily intake) for birds, mammals, and so on. In the 
case of humans, this process must be adjusted to account for losses during 
food preparation.

	 18)	EQSs may be derived from internationally agreed acceptable daily intake 
values and applied to raw waters for the protection of humans and animals 
from their ingestion, but it is often sufficient to apply these values to treated 
water if the treatment technology is adequate. Drinking water quality is 
best protected through the use of holistic Water Safety Plans that include 
source water protection as well as controlling hazards and risks throughout 
the water supply system.
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	 19)	EQSs for protecting recreational uses of water can be aimed at synthetic 
chemicals (especially in acute spill situations) but usually are only relevant 
for microorganisms and algal toxins.

	 20)	Substances that are carcinogenic, mutagenic, or reproductively toxic (i.e., 
CMRs), for example, some endocrine disrupters, may pose special prob-
lems for derivation of aquatic EQSs (e.g., lack of internationally agreed 
tests in some cases; difficulties with prediction of safe concentrations), but 
use of special tests for these properties is only justified for a small subset of 
chemicals that meet clear criteria. Furthermore, EQSs for these substances 
should not be derived directly from in vitro data or from biomarkers of 
exposure but from in vivo tests alone.

	 21)	It is desirable to assess whether a proposed aquatic EQS is accurate in terms 
of the known impacts of the chemical in the real world. This can be done 
by comparing the EQS with suitable model ecosystem data (if these were 
not used in its derivation) or better still by inspection of appropriate field 
data, particularly from pollution gradients for which the presence of any 
confounding factors (e.g., other chemicals) is well understood.

4.14 R ecommendations

It became clear during discussions that the current practice by which many countries 
conduct water and sediment EQS derivations on the same substance, often by some-
what different methods, is highly inefficient and wasteful of resources. To improve 
this situation, we recommend that the advantages and disadvantages of international 
sharing of EQS data and derivation strategies should be examined. Drivers for this 
include the following considerations:

Even after more than 30 years of work, most countries have developed less •	
than 50 EQSs.
Development of a single EQS requires at least 2 to 3 years and can cost •	
US$50 to 150K or more, depending on data availability, levels of uncer-
tainty that must be resolved, and any economic or social controversies 
about the substance.
Most countries have similar priority substances.•	
Duplication of work is wasteful; there is great potential for collaboration.•	
Most EQS derivation procedures are fairly similar, so there is potential for •	
international harmonization.
Pollution often straddles national borders (e.g., long-range transport of air •	
pollutants [LRTAP]), rivers flowing through several countries).
Industry and trade are multinational (i.e., sources of pollution are •	
international).

As a first step, it would be useful if access to data on specific substances could be 
made simpler and a consensus reached about which data are sufficiently reliable for 
EQS derivation. A long-term goal would be the derivation of internationally agreed, 
science-based benchmarks that could be the basis (starting point) for national EQS 
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(or criteria, guideline, objective) derivation programs. This recognizes that different 
jurisdictions will have different political priorities, but that the resulting standards 
should still have a common scientific basis.

We therefore recommend that SETAC should take steps toward attaining this 
goal by setting up an environmental standards study group with the explicit remit of 
developing harmonized procedures for derivation of environmental benchmarks.

Notes

	 1.	 Effects classes aim to facilitate an objective interpretation of model ecosystem experi-
ments performed for regulatory purposes. Effect Class 1 = effects could not be demon-
strated; Class 2 = “slight effects.”

	 2.	 Superfund sites are the United State’s worst toxic waste sites and are regulated under 
the Comprehensive Environmental Response, Compensation, and Liability Act 
(CERCLA).
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5 Derivation and Use 
of Environmental 
Quality and Human 
Health Standards for 
Chemical Substances in 
Groundwater and Soil

Graham Merrington, Sandra Boekhold,  
Maria-Amparo Haro, Katja Knauer,  
Kees Romijn, Norman Sawatsky, Ilse Schoeters,  
Rick Stevens, and Frank Swartjes

5.1 I ntroduction and Scope

The development of chemical standards for substances in the terrestrial compart-
ment is a relatively new regulatory activity compared to derivation of water qual-
ity standards. Despite this, understanding of soil processes and the behavior, fate, 
and transport of chemicals in terrestrial and groundwater compartments is already 
considerable. What is still required is better understanding of how these processes 
influence the responses to toxicants of organisms that are of interest to the regulatory 
agencies that must adopt and use the standards. Development of soil standards can 
also be viewed as an opportunity to promote the use of robust science and under-
standing specific to soils rather than simply being constrained by historical para-
digms and strictures considered for the aquatic compartment.

International harmonization of soil quality standards (SQSs) has been dis-
cussed in the CARACAS (Concerted Action on Risk Assessment for Contaminated 
Sites in the European Union, 1995 to 1998) and CLARINET (Contaminated Land 
Rehabilitation Network for Environmental Technologies, 1998 to 2001) concerted 
actions (Vegter et al. 2003), and a form of the Soil Framework Directive is still under 
review by member states in the European Union, so the present guidance is both 
timely and relevant.
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Consistency, transparency, and the appropriateness of underlying methods for 
auditing are of great importance when deriving standards. When this is done for 
all media, it ensures compatibility between regulatory regimes and improves under-
standing by those organizations that are impacted by the standard. This chapter 
explores some of the key standard-setting issues for the terrestrial compartment. 
Guidance and reasoning are provided on the most appropriate ways forward to 
deliver standards that meet the range of protection goals in soils and groundwater.

For the terrestrial compartment, an SQS must be

a numerical value related to soil•	
a threshold for decisions•	
related to a target (such as ecological receptors or humans) or a designated •	
use and have a specific protection or trigger level

Due to the inherent spatial and temporal variability in soils and the resulting 
uncertainty of generically used standards, it is recommended that there should be 
few situations for which SQSs are mandatory (i.e., SQSs should not have pass-or-fail 
criteria in isolation from other considerations). In most cases, SQSs are a first step in 
a tiered approach or framework for decision making (e.g., Figure 5.1). In each step 
of the process, the degree of uncertainty decreases, while site specificity, and hence 
reliability, increases. There are few situations in which SQSs are used as compli-
ance measures, so there is no direct need for strict pass-or-fail criteria. It should be 
acknowledged that a tiered system nonetheless requires 1) clear criteria associated 
with each specific tier, which is an issue clearly associated with initial problem for-
mulation, and 2) clear criteria on when to pass to another tier.

5.2 �St arting Point for the Development of a 
Terrestrial or Groundwater Standard

Inventories across different jurisdictions show that different types of SQSs can be 
classified by the goal for which they were originally intended. For example, SQSs 
may be established based on different soil use conditions, and these may range from 
environments that are quite pristine (e.g., a nature reserve) to a site that may be less 
than pristine (e.g., an industrial site). In addition, the different types of SQSs can 
be derived by a range of methods that use different amounts of data, endpoints, or 
protection levels, such as EC(D)10 or EC(D)50. If the goal is prevention of damage 
to a more pristine environment, it might make sense to use a more stringent protec-
tion level than for decisions associated with a site needing remediation. Most exist-
ing SQSs can be classified as negligible risk values, trigger values, or action values 
(Figure 5.2).

The SQSs can also be dependent on land use. In the derivation of human health 
risk-based SQSs, for example, different exposure scenarios are appropriate for dif-
ferent land uses. Moreover, the type of data utilized [e.g., EC(D)50 versus EC(D)10], 
the volume and quality of data required to derive an SQS, and the overall level 
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of protection may differ. An example of the differentiation of SQSs for a range of 
possible land uses is given in Figure 5.3.

From Figure 5.3, it can be seen that protection goals can change from pristine 
land use in a nature reserve to industrial land use. However, this figure also incor-
porates the concept of a minimum level of protection (i.e., a level at which resilience 
of the soil ecosystem is guaranteed) that must be implemented independent of land 
use. Beyond this, there is the ability for policy to influence the protection level by 
choice. Here, the desired land use may influence decisions about the soil function 
that should be maintained, and a politically based land use planning decision can be 
incorporated into the decision-making process for soil criteria setting. For example, 
it may be decided at a political level that a certain land use requires greater or lesser 
protection due to factors other than ecological protection, such as economic consid-
erations. Figure 5.7 gives an example of where such management and nontoxicity 
considerations may come into a decision-making process.

Proposed site 

National classification system

Generic assessment and
remediation guidelines

(land use based)

Guidance for the development
of site-specific objectives

-consider site-specific conditions
-are generic guidelines suitable?

Guideline-
based

approach

Generic guidelines 

Adopt 
directly 

as
site-specific

objective 

Modify
(within limits)

as
site-specific 

objective

Develop
site-specific

objective

Site-specific
approach

Risk assessment 

Figure 5.1  Canadian framework for contaminated site assessment. (Reprinted with per-
mission from CCME 2006 © Canadian Council of Ministers of the Environment.)
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Total 
content
(mg/kDW)

Action
value

Trigger
value

Negligible
value

NATURE
RESERVE

RESIDENTIAL
WITH GARDEN

INDUSTRIAL
SITE

Soil use (decreasing sensitivity)

Figure 5.2  Different types of currently existing soil quality standards with some limited 
discrimination by land use.
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Figure 5.3  Different levels of protection as a function of soil use.
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5.3 � Further Considerations in Soil 
Quality Standard Setting

We recognize that social, policy, and economic considerations will most likely 
increasingly become part of environmental decision making. Terrestrial standards 
must both inform and direct the policy decisions as they apply to an area of land. 
Chapter 2 stresses that in the decision process there is a need to assess social and eco-
nomic implications before scientific analysis and during the decision-making process. 
Processes, as well as the level of involvement of the SQS developer (i.e., the individu-
als responsible for deriving the SQS), will be different at these different stages, and 
this needs to be recognized during the involvement of the various stakeholders. For 
the process to remain transparent, clear guidelines need to be established, including 
guidance on the role of the SQS developer at each stage in the process.

Land use planners accept that changes in ecological function will occur as a result 
of decisions about land use. SQSs must be developed in a manner that not only 
informs the decision maker about the potential for, and nature of, effects but also 
directs the decision maker, when necessary, to ensure that a minimum ecological 
function is not completely lost from the system.

We need to articulate clearly what our standards mean and how they can be used. 
In addition, an SQS needs to inform the decision maker on the probability that a 
given decision may result in an undesirable outcome. In this way, the SQS becomes 
more useful in making land use planning decisions. The requirements of an ideal 
standard, as defined in Section 3.3.1.2, can go a long way toward creating more use-
ful SQSs that both inform and direct the decision maker when applying science. The 
requirements for better information for decision makers would include the

magnitude of impact at given concentrations•	
frequency of impact at given concentrations•	
duration of those impacts•	
design risk•	

However, the concept of design risk must be amended when considering risks in 
the terrestrial environment. In particular, we need to recognize that there is typically 
a spatially dependent rather than a time-dependant risk.

Furthermore, for the terrestrial environment, criteria should be developed based 
on pathway–receptor relationships, including secondary pathway–receptors that may 
be influenced by the soil environment (e.g., groundwater, aquatic environments, sec-
ondary and tertiary consumers, or indoor air quality).

5.4 P rioritization

There are arguably 3 key drivers for prioritization of substances for development of 
SQSs: 1) remediation, 2) emission reductions, and 3) voluntary initiatives. The basis 
for any prioritization should be the consideration of some function of a substance’s 
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toxicity, mobility or availability, and frequency of occurrence. Figure 5.4 shows how 
the technical strands of prioritization may fit together in a scheme, combined with a 
separate policy-driven prioritization. This policy-driven approach is often for rela-
tively new substances for which limited hazard or effect data are available but for 
which there is a need to provide standards. Such policy-driven substances may be 
selected on the basis of public or media pressure, examples of which could include 
methyl tert-butyl ether (MTBE); asbestos; pharmaceuticals and personal care prod-
ucts (PPCPs); prions; polybrominated diphenyl ethers (PBDEs); or nanomaterials 
(US Environmental Protection Agency [USEPA]).1 Throughout the standard devel-
opment process, including substance selection, consideration should be given to the 
protection goal (i.e., the aim of the original problem formulation) as well as the 
original standard mandate.

There are likely to be a range of considerations and drivers when selecting sub-
stances for which terrestrial standards need to be developed. There are several pri-
oritization schemes based on hazard that can be used to rank substances, although 
this may be a limited approach due to the potential shortage of appropriate soil haz-
ard data. Therefore, additional information should be used to select substances, in 
particular any aquatic or soil effects data on the substances considered, from actual 
testing or from the use of estimation approaches such as quantitative structure–
activity relationships (QSARs). Further information might include the outputs from 
exposure models and monitoring schemes (targeted risk-based monitoring), as well 
as the use of production volumes to determine which substances are likely to occur 
in the environment.

5.5 E xposure Models — Use in Standard Setting

Exposure models relate the concentration of a substance in soil to the potential for 
exposure or uptake in a human or ecological receptor. They can be described and 
calibrated on the basis of land use (Figure 5.3), but we recommend that there is a 
base set of data that would be used in calibrating minimum function in any land 
use. Calculated exposure differed substantially among models in a comparison of 7 

Protection goals

Policy driven Hazard data Effects data Frequency of occurrence

Substance selection

Protection goals

Figure 5.4  Some considerations in the prioritization of substances for the derivation of 
soil standards.
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exposure models (Swartjes 2002). It is therefore sensible to use more than 1 exposure 
model to estimate soil concentrations.

Three elements must be present and validated in any exposure model:

	 1)	Partitioning of the substance between the soil phases (air, water, soil)
	 2)	Transport of the substance into the contact medium (e.g., indoor air, biologi-

cal tissue in plants or soil organisms, and groundwater)
	 3)	Direct and indirect exposure to humans

A schematized example of a human health exposure model is given in Figure 5.5. 
This figure summarizes a generalized set of relationships between soil concentration 
and human exposure through several exposure pathways. It is generally recognized 
that the major exposure pathways concern exposure through soil ingestion, vegetable 
consumption and, for volatile substances, inhalation of contaminated indoor air.

For each of the exposure pathways, a relationship between soil concentration 
and exposure of the human receptor can be developed. Developing this relationship 
for each of the exposure possibilities allows the land use planner to assess how the 
choices for land use may influence the exposure relationships. Once the relation-
ships between soil concentration and exposure are established, the relationships can 
be presented graphically, as shown in Figure 5.6. The relationships shown in this 
diagram are hypothetical and would ultimately depend on several chemical, physi-
ological, and exposure factors.

For the final assessment of risk, we can then assess the exposure against a maxi-
mum permissible risk (i.e., the reference dose) to calculate a critical soil concentra-
tion associated with the exposure scenario (Figure 5.7). This information can then 

representative
SOIL CONTENT

distribution
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soil

compartments

transfer
processes

direct
exposure

indirect
exposure

concentration in
SOIL AIR 
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PORE AIR 
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uptake by /
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DRINKING
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Figure 5.5  Schematized example of a human exposure model.

©20
10

 S
ETAC 

Do n
ot 

rep
rod

uc
e o

r d
ist

rib
ute



112	 Environmental and Human Health Standards for Water and Soil
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dw)

Critical soil concentration

metals
organic

contaminants

Figure 5.6  Hazard assessment (dose–effect characterization): hypothetical relationships 
between exposure and soil concentration of a chemical.
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Figure 5.7  An example of the process that may be used in establishing criteria that are 
based on different exposure scenarios (CCME 2005). SQG refers to the soil quality guideline 
related to the specific environmental or human health process. SQGF is the final SQG.
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be used to develop a soil standard associated with the land use. Since the approach 
allows for assessment against different exposure scenarios, it allows for land use-
dependent decisions in risk management.

When using this approach, a distinction must be made in the assessment of the 
exposure model between nonthreshold compounds (e.g., genotoxic carcinogens) and 
threshold compounds. In particular, there is a different goal-setting requirement that 
would be employed in calculating the reference dose, and this must be considered 
when applying the exposure model. In the case of carcinogenic compounds, the 
human protection goal is defined in additional numbers of cancer per number of 
inhabitants, whereas for noncarcinogens the goal is defined in terms of no occur-
rence of adverse vital effects.

For ecological receptors, a similar approach may be employed for secondary 
receptors that could be influenced by a change in the soil environment. For instance, 
it is possible to model the potential for soil to influence an adjacent surface water 
body and therefore to screen the soil criteria for impacts on an aquatic receptor. 
When applied, this leads to intercompartment harmonization of standards, by which 
soil or sediment standards pose no problems for water bodies and vice versa. In 
addition, it may be possible to use screening-level models to assess the potential for 
a bioaccumulable substance to influence a tertiary ecological receptor, usually a top 
predator or a protected species. In this approach, the reference dose can be borrowed 
from other sources (e.g., use of an aquatic criterion to determine a critical water con-
centration). The model is then used only to assess how the soil may influence trans-
fer to the critical receptor. However, it should be noted that this type of procedure 
cannot be used for guideline development related to primary terrestrial receptors 
since there are no reliable models to estimate dose–response relationships for these 
receptors. Therefore, other techniques described in this chapter are recommended 
for screening against primary receptors.

5.6 E cological Endpoints

The general aim of an ecotoxicology-related SQS is the protection of ecosystem 
structure and function, with the specific targets to be protected depending on the type 
of SQS. “Population-specific protection endpoints” relate to population performance 
and are usually based on tests that include growth, reproduction, and mortality. 
“Functional protection endpoints” relate to maintenance of key ecological services, 
such as litter breakdown and biochemical cycles, and include endpoints like microbial 
degradation and microbial endpoints related to the carbon and nitrogen cycle.

Existing EU regulatory frameworks, such as the existing substances regulation 
(793/93 EEC), biocides regulation, and pesticides regulation, define minimum data 
sets (“base sets”). These include combinations of test data, such as at least 1 data point 
for a plant and an invertebrate and a microbial endpoint (existing substances regula-
tion). In addition, insects are routinely tested under the pesticides directive (91/414 
EEC). Additional data are sometimes available or can be generated if necessary (e.g., 
more plant, invertebrate, or vertebrate species data). Endpoints addressing a specific 
mode of action, such as endocrine disruption, should be used as a trigger for further 
population studies. If sufficient data are available, they may be plotted as species 
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sensitivity distributions (SSDs; for species- and community-level endpoints) or func-
tional sensitivity distributions (for functional endpoints) (Posthuma et al. 2002).

Field and mesocosm data can also be used for SQS setting when available. When 
the goals of the study fit the goals of the SQS, these may be the most relevant data 
sets available, provided the study situation is similar to the problem case (e.g., for soil 
pH in the case of metals assessments). If the goal of the field study does not fit the 
protection goal of the SQS, the study results should be used as generalized support-
ing evidence for a decision or for validating the risk assessment steps that underpin 
the current quality criterion.

5.7 R elevance and Reliability of Data

Data on fate and transport, exposure, and effects of substances on humans and other 
organisms in the terrestrial compartment are normally obtained from the publicly avail-
able literature. Other sources of potentially relevant data for organisms in the terrestrial 
compartment include industry-generated data for the process of notification, registration 
of pesticides and other substances, and technical reports from research institutes.

The set of data available for any given substance may vary from a simple “base 
set” (as discussed in Section 5.6) or perhaps less than a base set, as in the case of 
many existing substances, to fairly extensive data sets, as is the case for some metals, 
organic chemicals, and pesticides. For data-rich substances, not only are toxicity val-
ues and effects data usually available for a larger number of representative species, 
but also there are usually more data available for a given species for corroborating 
effects. The more data there are, the more reliable will be the results and the inter-
pretation of such data. In addition, data-rich substances will potentially have been 
generated using a variety of conditions and different methods, representing vari-
ous environmental conditions (e.g., a wide range of soil types, soil pH, percentage 
organic matter, and temperature).

5.7.1 �S election of Data prior to Standard Setting  
for Data-Rich Substances

Available data can be complementary to a defined base set (e.g., representing a large 
number of species), but sometimes individual data points are in apparent conflict 
with other data (e.g., for the same species tested using 2 different methods or for dif-
ferent soils). “Outliers” may also be present in a data set. In both North America and 
the European Union, an assessment of the relevance and reliability of the available 
data is made prior to setting any standard.

In the United States and Canada, an assessment is made of the scientific quality 
of any study. A study will be classified as acceptable, supplemental, or unacceptable. 
Acceptable studies are those studies that were conducted according to acceptable 
guidelines and procedures; these studies are utilized to support fully a standard or 
other regulatory activity. Supplemental studies usually complement acceptable stud-
ies and may add valuable information, but supplemental studies usually cannot stand 
alone in setting a standard. Unacceptable studies are usually not used to help set a 
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standard or to support any regulatory activity. In the European Union, processes 
for the assessment of data relevance and reliability have been published in Reach 
Implementation Project (RIP) 3.3 (for Registration, Evaluation, Authorization, and 
Restriction of Chemicals [REACH]) and in the EU technical guidance document 
(TGD) and the Combined Monitoring-based and Modelling-based Priority Setting 
(COMMPS) procedure for the Water Framework Directive.

In the COMMPS procedure, specific guidance is given on how to make an assess-
ment of study relevance and reliability prior to setting a standard based on the available 
data. The data quality criteria provided in COMMPS contain the following elements:

Endemic species are given preference over exotic species.•	
The study must state the relevance of test media conditions in the environment •	
for which standards are set (e.g., temperature, pH, percentage organic matter).
The study should address the presence or absence of analytical supporting data •	
(i.e., is the toxicity value based on nominal or measured concentrations?).
There should be use of appropriate statistics to derive endpoints.•	
Presence or absence of a clear dose–response effect in the data should •	
be apparent.
The method used should follow an established international guideline (e.g., •	
of the Organization for Economic Cooperation and Development [OECD]).
The study should be performed to good laboratory practice.•	

Additional substance-specific criteria may also be needed. Furthermore, when 
adopting a tiered approach, it may be worthwhile to consider that the standard data 
set adopted in the first tier could differ from that in higher tiers as this is a conse-
quence of adopting tiering itself. The use of data quality selection criteria prior to 
setting standards is recommended to reduce variability in the data set, increase eco-
logical relevance, and avoid setting standards based on outliers.

5.7.2 U se of Surrogate Data for Data-Poor Substances

For substances that were marketed prior to introduction of specific EU legislation, 
the available data may not meet the base set (as defined in Section 5.6). For some 
substances, terrestrial data may not be available. In such cases, there is the possibil-
ity of using available aquatic data for setting soil standards. Due to uncertainty asso-
ciated with the process of read-across (i.e., using aquatic data sets to set terrestrial 
standards), it would be more likely to use this method to set provisional values rather 
than establishing negligible risk or action values. Such values set by using the read-
across method should be seen as tentative SQSs, not as mandatory standards, and 
should be used as supporting evidence in risk assessment and management.

5.8 �A ssessment Factors — Extrapolation  
and Soil Quality Standard Derivation

Assessment factors (AFs) are tools for dealing with the uncertainty that is implicit in 
any risk assessment. Three types of uncertainty should be considered (Figure 5.8):
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Epistemological uncertainty:•	  This concept includes our incomplete under-
standing of ecological systems.
Methodological uncertainties:•	  For example, scientists have classified about 
1.4 million species on our planet, which represents less than 5% of the esti-
mated number of species currently living. Even for the least-abundant taxo-
nomic groups, mammals and birds, the number of species reaches 4000 and 
9000, respectively. The proportion of species that can be tested in toxicity 
studies is therefore a very small fraction of those that could be exposed.
Technological (including data analysis) uncertainties: •	 This component 
accounts for the uncertainty of risk assessment and focuses on the reli-
ability of the data. For example, a toxicity test usually generates different 
estimates of toxicity when performed on samples from the same site by dif-
ferent laboratories or even by the same laboratory on different occasions. 
This uncertainty is often grossly underestimated.

One controversial tool to address uncertainty is the use of AFs. AFs have been dis-
cussed widely in the literature, and regulatory scientists have achieved some consen-
sus on their use, as reflected in various TGDs. AFs will continue to be applied during 
the task of assessing risk and developing SQSs as long as no better tool is available.

Assessment factors for the terrestrial environment should be applied to, and 
focused on, the final protection goal as formulated in the problem formulation phase, 
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Figure 5.8  Types of uncertainty.
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taking into account the use of the land (e.g., industrial, agriculture, residential, or 
natural environments). An increase in the specificity of defining a protection or risk 
assessment goal is often related to an increase in uncertainty, leading to the applica-
tion of higher AFs or more refined extrapolation methodologies. Thus, more con-
servative values should be applied for natural environmental protection compared 
to values for industrial soils for which the protection goal is lower, as shown in 
Figure 5.3. In addition, more “realistic” AFs can be used if additional evidence is 
available from ecological and human exposure models and hazard models, espe-
cially at higher assessment tiers.

The terrestrial compartment has unique characteristics such that AFs derived 
using the aquatic approach may not be suitable for soil standard setting. However, 
evidence to support or refute the use of AFs does not currently exist. Differences 
between both compartments are often exposure related, and these issues should be 
considered during monitoring and compliance checking. In the aquatic compart-
ment, high variations in exposure data can be found in time. This is much less of an 
issue in the terrestrial compartment due to the buffering capacity of the soil environ-
ment (i.e., environmental attenuation due to microbial degradation, organic matter 
immobilization, precipitation, and adsorption and absorption). However, the spatial 
variability of exposure in the soil environment tends to be greater than in the aquatic 
compartment, thus resulting in higher uncertainty when collecting monitoring data.

5.9 A vailability and Bioavailability

Total substance concentration in soil is only a gross predictor of exposure and tox-
icity. Indeed, total soil concentrations of substances are generally poor metrics for 
biological or human health effects, and the mere presence of a substance in soil may 
not translate into human or ecological harm. For example, if a substance in the soil 
is tightly bound to organic matter, it might not be available for uptake by plants or 
other organisms.

5.9.1  Ecological Risk Assessment

Significant variability in available toxicological effects data has been observed for 
some substances. Some of the variability for substances tested on the same species 
and for the same endpoint may be due to tests conducted in “different” media or 
soils. This is primarily because pH, percentage organic matter, and other soil charac-
teristics can influence the bioavailability of substances. Hence, under certain condi-
tions, organisms might not be exposed to the total concentration but only to a certain 
fraction of the total in the soil. Consideration of the bioavailable concentration in 
soil would ensure a better link between exposure and biological data and provide 
a more appropriate method for risk assessment or for quality standards derivation 
(International Organization for Standardization [ISO] 2008).

One method for assessing bioavailability is via pore–water concentrations. Pore–
water concentrations are arguably better overall predictors of bioavailability and 
effects on the terrestrial ecosystem than measurements of total soil concentrations 
of contaminants. Peijnenburg et al. (1997) showed that for several substances risks 
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for ecosystems and processes, as well as human risks, are related to the pore–water 
concentration rather than to the total soil concentration. The difficulty, however, with 
using soil pore–water concentration as a reliable metric for decision making is that it 
is both hard to measure and highly variable in temporal and spatial dimensions.

A wide range of research publications has identified various soil properties and 
their potential influence on substance behavior. Soil properties such as organic 
matter, iron, manganese, and aluminum (hydro)oxide concentrations, cation 
exchange capacity, and pH can all affect the bioavailability, form, and toxicity 
of substances.

The dependence of metal toxicity on soil characteristics has led to the develop-
ment of tools to determine the bioavailable fraction of metals in soil. The terrestrial 
biotic ligand model (BLM) and the BLM concept model (WHAM-Model IV; Tipping 
et al. 1998, 2003; Di Toro et al. 2001) are the current state of the art for predicting 
metal bioavailability. Ma et al. (2005) have also developed a model for predicting the 
reduction in bioavailability of nickel and copper over time (the so-called “aging pro-
cess”). These and other models can predict the fractions or available concentration 
of metals in soils that can be considered to be toxicologically relevant. For organic 
substances, the available fraction strongly depends on the organic carbon content of 
soil (Van den Berg et al. 1993). In summary, consideration of bioavailable concentra-
tions ensures a better link between exposure and biological data and provides a more 
appropriate method for the derivation of relevant and robust quality standards and 
risk assessments instead of the use of total soil concentrations.

5.9.2 H uman Health Risk Assessment

Bioavailability is assessed in a different way for human health when compared to 
approaches used for ecosystems.

Ingestion of vegetables and soil are 2 examples of exposure pathways for humans. 
For vegetables grown in soil, the accumulation of substances in vegetables consumed 
by humans depends not only on whether the substance will translocate into and 
throughout the plant but also on the available fraction of a substance in the soil. A sim-
ilar approach to that described in Section 5.9.1 could be used to incorporate bioavail-
ability assessment into the pathway of exposure through vegetable consumption.

However, for exposure through soil ingestion (e.g., a child who ingests 5 g of 
soil per day or for soil clinging to root crops), there is not only bioavailability of a 
substance in soil to consider but also the differences between intake (i.e., ingestion 
of substances via soil particles into the human body) and uptake (i.e., absorption 
of a substance into the blood and, hence, effects on a target organ). Three steps are 
involved in this process:

	 1)	Bioaccessability (e.g., release of the substance from the soil particles in the 
stomach).

	 2)	Transfer of a substance into the bloodstream.
	 3)	Passage to and targeting of a specific organ, such as the liver. The dif-

ference between uptake and intake is expressed by the so-called “relative 
bioavailability factor” (Oomen et al. 2006).
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5.9.3 G roundwater

Substances applied to soil may leach and contaminate groundwater. At least 2 crite-
ria can be used to assess the potential for substances to leach to groundwater:

	 1)	The mobility of a substance
	 2)	The absence of an impermeable soil layer

The absence of an impermeable layer between the soil surface, where a substance 
may be applied, and the groundwater increases the likelihood that a substance 
will leach through soil and reach the water table. For example, clay soil is con-
sidered impermeable to many substances; the absence of a clay soil layer and the 
presence of a sandy soil layer could increase the potential for leaching. The close 
proximity of a water table near the soil surface will also increase the potential 
for leaching.

Aging and microbial degradation of substances can also influence leaching to 
groundwater. Aging of substances in soil will reduce the risk of groundwater leach-
ing. For metals, for example, adsorption and precipitation move metals from the 
pore–water to the solid phase on soil surfaces. Continued aging moves metals from 
soil surfaces to the deeper and stronger solid phase through

surface pore diffusion•	
solid-state diffusion•	
occlusion of metals through precipitation of other phases•	
precipitation of new metal solid phases•	
occlusion in organic matter (McLaughlin 2001)•	

In such a case, these metals will not be subject to leaching and hence will pose no 
risk of groundwater contamination. For organics, microbial degradation is the most 
important process in reducing the concentration of a substance in soil and resulting 
in a lower risk of leaching to groundwater.

5.10 B ackground Concentrations

Some substances, such as metals and some organics (e.g., polycyclic aromatic hydro-
carbons), occur naturally, with background concentrations in soils that can vary widely 
(Table 5.1). An overview of the European background concentrations of metals and other 
inorganic elements was provided by Salminen et al. (2006). Maps and the raw data can 
be found in the Geochemical Atlas of Europe at http://www.gsf.fi/publ/foregsatlas/.

The natural background concentration in soil of a substance is difficult to define 
because the ambient (measured) concentration in soil consists of both a natural pedo-
geochemical fraction and an anthropogenic fraction (ISO 2004). The anthropogenic 
fraction refers to moderate diffuse inputs into the soil or low anthropogenic pressure, 
not the inputs from local point sources that generally result in highly elevated con-
centrations. This is a pragmatic acknowledgment that it is very difficult to find soils 
not affected by some low-level anthropogenic additions.
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Consideration of local or site-specific background levels of a substance is essen-
tial in any standard-setting process. Following the classical standard-setting para-
digm (Figure 5.9), ecotoxicity data are gathered and are screened for their quality; 
finally, AFs are applied to extrapolate the data to cover uncertainties, such as inter-
species variability and interlaboratory differences. These AFs are often in the order 
of decades (i.e., 10, 100, or 1000) and can result in an SQS very near to or within the 
background range of a naturally occurring substance.

The occurrence of standards within the background range of a naturally 
occurring substance has resulted in a situation in which standards for some com-
pounds cannot be used in a decision-making process. The key question is how 
to address inherent uncertainty and provide a robust and realistic standard. If 
the highest uncertainty is related to background concentration, effort should be 
invested in improving the quality of the background data. Several options can 
be considered:

Expressing the quality standard as an added value or “added SQS’ approach•	
Expressing the quality standard as a “total SQS’ approach by one of the •	
following options:

Collecting more ecotoxicity data and developing an SSD•	
Correcting the quality standard for differences in availability using spe-•	
ciation models (e.g., WHAM)

Correcting the quality standard for differences in bioavailability•	

5.10.1  Added Soil Quality Standard Approach

The added SQS approach assumes that only the anthropogenic added fraction of 
a natural element in the soil should be managed (Crommentuijn et al. 1997). The 
added quality standard is derived using ecotoxicity data obtained by subtracting the 
background values from the ecotoxicity value [EC(D)x] of the tested soils.

When checking compliance, site-specific background values are subtracted from 
the monitoring data, and the latter are compared with the added quality standard. In 
theory, the use of the added quality standard approach avoids the potential problem 

Table 5.1
Concentrations (mg/kg) of total polycyclic aromatic hydrocarbons  
in soils from rural, urban, and industrial sites in the United Kingdoma

Percentiles Rural Urban Industrial

5 0.13 0.43 0.34

50 0.72 5.39 3.49

100 168 551 1590

a	 Adapted from EA 2006.

©20
10

 S
ETAC 

Do n
ot 

rep
rod

uc
e o

r d
ist

rib
ute



Derivation and Use of Environmental Quality and Human Health Standards	 121

of deriving SQS values below the background concentration. Issues to be considered 
when applying the added quality approach have been described by Euras (2006).

5.10.2 R efinement of the Total Soil Quality Standard Approach

Several options for refinement in the derivation process of SQSs can be considered: 
SSD approach, correcting the quality standard for differences in chemical availabil-
ity, and correcting the quality standard for differences in bioavailability.

5.10.2.1 SSD  Approach
If a quality standard is derived by applying an AF of 10 or 100 on the lowest eco-
toxicity value, additional ecotoxicity data could be collected sufficient to develop 
an SSD (OECD 1992) on which no, or a lower, AF is applied. The main underlying 
assumptions of the SSD approach are as follows:

The distribution of species sensitivities follows a theoretical distribu-•	
tion function.
The group of species tested in the laboratory is a random sample of this •	
distribution.

The use of this method also implies predefining a specific level of protection 
(e.g., 95% of the species) when setting SQSs. This can be considered not as a real 
estimation of protection but as a method for using available information and estab-
lishing a common risk level. Individual data should be checked (i.e., plants, microor-
ganisms, invertebrates, and vertebrates) and combined if appropriate. An advantage 
of this method is that it uses the whole sensitivity distribution of species in an eco-
system to derive an SQS instead of taking the lowest and most conservative effect 
endpoint. Nevertheless, collection of a random representation of species may be chal-
lenging as it is in the aquatic compartment. This approach may also not be applicable 
for substances with a specific mode of action. In addition, it is not known how the 

Step 4

Step 1

Step 2

Step 3

Predicted no-effect
concentration
determination

Data extrapolation

Data gathering 

Data selection

Figure 5.9  Stepwise approach for deriving soil quality standards.
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toxicity values, related to individual effects, translate into population consequences. 
Validation of the derived SQS may therefore still be required.

It is common to use the 5th percentile of the SSD to set a quality criterion from 
the SSD. In other cases, the lower confidence limit of the estimated HC5 (hazardous 
concentration to 5% of species) is used, or the HC5 is combined with an additional 
AF to take further uncertainties into account. When applying the AF, care should 
still be taken not to apply it to the background concentration. Note that the various 
jurisdictions that allow for the use of SSDs have adopted different “base set criteria” 
for SSD-based quality standard setting.

In the case of using SSD methodology, when there are data gaps, the outcome 
of the analysis can trigger additional research for further site-directed assessments. 
SSDs derived using limited data sets not fulfilling data quantity criteria defined in 
different jurisdictions should only be used as trigger values and “the inherent uncer-
tainty of the output explicitly stated.”

5.10.2.2 �C orrecting the Quality Standard  
for Differences in Chemical Availability

When soil parameters influencing the availability of a substance are known and 
models are available to predict the available fraction, SQSs can be expressed as a 
function of these soil properties. This approach reduces the variability of the data 
and increases the ecological relevance of the SQS.

This approach can be applied for substances rich in ecotoxicity data as well as for 
substances poor in ecotoxicity data. The prerequisite is knowledge of the soil param-
eter values influencing availability of the substance in the individual ecotoxicity 
tests. It is also important to be aware of the associated uncertainties of these data.

5.10.2.3 C orrecting the Quality Standard for Differences in Bioavailability
If models are available for predicting the bioavailability of a substance in soils, these 
can be used to normalize the ecotoxicity data and to derive a normalized SQS related 
to a certain soil type. Such models have, for example, been developed for nickel and 
copper in soils.

Again, this approach can be applied to substances that are either rich or poor 
in ecotoxicity data. The prerequisites are knowledge of the soil parameter values 
influencing bioavailability of the substance in the individual ecotoxicity tests and 
applicability of the model for the species that is tested. This approach further reduces 
uncertainty and increases the ecological relevance of the SQS.

5.11 V erification of the Standard

It is important to verify and validate environmental quality standards for several reasons. 
Validation is an important aspect of cost–benefit analyses. Although it is well accepted 
that validation exercises can be cumbersome, there is a need for validation to estab-
lish a societal feeling of confidence and trust. Costly and important decisions should be 
founded on real risks and violation of real protection levels rather than on hypothetical 
ones. If the validation process shows a lack of validity, measures should be taken to 
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improve the standard. Before validation, one should define the purpose of the validation 
because different purposes may lead to different designs of the validation methodology.

Validation applies to all standards, from no-risk standards, to trigger standards, to 
action standards. Standards differ in uncertainty, and this may influence the extent 
to which they can be validated. As SQSs are part of a tiered approach for decision 
making, the need for validation applies to all tiers.

5.11.1 H ow to Validate?

A variety of methods for validation of environmental standards can be used. The 
choice of the best method depends both on the standard and on the aspect that is to be 
validated. For example, mesocosm studies or other semifield studies may be useful 
for validation purposes. The use of biomarkers may also help to generate confidence 
in a standard. Preferably, the standard itself should be validated, but often validation 
for methods is lacking. In these cases, one can decide to validate the separate “build-
ing blocks” of the standard-setting process.

For example, depending on which exposure pathway is dominant, it may be 
important to measure either plant concentrations or indoor air concentrations since 
model calculations on such aspects can be uncertain.

Standards that are derived using SSDs for the soil ecosystem can in some cases 
be validated in the field. The overview by Posthuma et al. (2002) reported on some 
validation studies in which it was shown that the HC5 was lower than the no-effect 
concentration of studied ecosystems (i.e., in mesocosm or field conditions). An array 
of further studies has been published since that time. However, field studies are often 
difficult to interpret in terms of dose–response relationships. This difficulty in inter-
preting field data is sometimes due to soil heterogeneity and a highly variable soil 
ecosystem. Nevertheless, field soils are relevant test systems and represent a more 
realistic environment. Although causality may be difficult to assess, the use of prag-
matic methods, derived from an expert judgment process, can improve the overall 
accuracy of standards.

There are some examples of validation studies in the field that show accuracy in 
predicting risks and effects, but even these examples are limited to specific soil and 
environmental conditions. In a review of toxicity information available for petroleum 
hydrocarbons, the authors noted that examples of validation were limited and gener-
ally restricted to agronomic environments (Bright et al. 2006). For instance, Visser 
(2005) attempted to examine the field response to petroleum hydrocarbons as it related 
to the standards developed in Canada, but field observations were restricted to 2 soil 
conditions and to a species choice based on agricultural applications.

Knowledge on the functioning of soil ecosystems is to a large extent lacking, and 
SQSs are for that reason derived using many assumptions. Therefore, there is an 
urgent need for more systematic validation of SQSs.

Decisions should preferably be based on as many real-life observations as pos-
sible, and additional data are frequently essential. Interpretation of data for soil qual-
ity is a challenge because of the lack of knowledge on how to distinguish natural 
variability in soil functions from adverse effects imposed by substances.
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5.12 C onclusions

Environmental quality standards for chemical substances in groundwater and soil 
are important for many soil quality decisions. Examples include emission reduction 
measures during the marketing authorization of chemicals, soil and land use deci-
sion making and risk management, as well as soil remediation.

In providing guidance on setting SQSs (environment and human related) 3 main prin-
ciples must be preserved: 1) standards need to be set in a consistent manner, 2) standards 
need to be transparent, and 3) standards should be audited by an external reviewer.

Social, political, and economic considerations form part of environmental decision 
making and are key to the process of setting standards, as discussed in Chapter 2.

Several methods have been discussed that can improve the robustness and realism 
of standards by reducing uncertainty. It is recommended that countries and agen-
cies develop standards for different purposes (e.g., different land uses and differ-
ent protection goals) since soils are variable by nature and have various uses and 
functions that may influence the protection goals. Nevertheless, a minimum level of 
protection or a base level is needed to guarantee resilience of the soil ecosystem, and 
this should be incorporated into all approaches to soil standards. Standards can be 
derived that indicate the presence or absence of certain data. For example, if certain 
ecotoxicological effects data are missing, a standard may still be established, with 
considerable certainty, for a minimum level of protection. However, in many cases 
more information may be necessary to reach a conclusion about the level of risk of a 
substance in soil to help make decisions about risk-based land management, includ-
ing soil remediation.

Exposure models are a key tool in deriving SQSs for human health and environ-
mental quality. These models should include all relevant soil processes and descrip-
tions of human and animal behavior. Exposure models can be used to assess the 
likely spatial extent and severity of standard exceedance and provide input to priori-
tization of substances for which soil standards may be developed.

For many substances, reliable and relevant soil-to-biota transfer and fate data for 
the terrestrial environment are lacking. For data-poor substances, aquatic data may 
be used to derive terrestrial standards, but great care should be taken because use of 
surrogate aquatic data increases uncertainty.

The SQS must take into account the background concentrations of naturally 
occurring substances.

As the aim of an SQS is the protection of ecosystem function and structure or 
appropriate risk management and remediation, the most relevant toxicity endpoints 
for setting SQSs are quantified on the basis of toxicant effects on endpoints, such as 
growth, mortality, and reproduction. Biomarkers and endpoints related to the mode 
of action, such as endocrine disruption, should be used to trigger further studies on 
population effects. Field studies can be used to set an SQS but only if the goals of 
the original study match the protection goals of the SQS. If this is not the case, field 
studies should only be used as supporting evidence and for validation of the risk 
assessment models underlying the quality standards.

As only a small fraction of a substance in the soil is likely to be available to 
organisms, total concentrations of substances in soils are generally poor predictors 
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of toxicity. The robustness of a quality standard can be increased considerably by 
accounting for the bioavailability of the substance. Bioavailable concentrations are 
influenced by the physical and chemical properties of a substance, soil characteristics, 
weather, and land use. Further international efforts are necessary to gain understand-
ing of the main regulating processes of availability and bioavailability to improve the 
prediction of risks for substances in soil and to derive more accurate SQSs.

Note

	 1.	 Personal communication with R. Stevens, US Environmental Protection Agency, 2006. 
Emerging contaminants evolving policy in the Office of Water.
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6 Workshop Conclusions 
and Recommendations

Mark Crane, Dawn Maycock, 
and Graham Merrington

The SETAC (Society of Environmental Toxicology and Chemistry) Technical 
Workshop on the Derivation and Use of Environmental Quality and Human Health 
Standards for Chemical Substances in Water and Soil produced the following main 
conclusions and recommendations:

	 1)	Much standard setting to date has been developed in a piecemeal fash-
ion with little consistency between schemes in the levels of protection 
sought, the selection of chemicals for which standards may be needed, 
the methods used to derive them, or the methods used to monitor com-
pliance. These differences can lead to the implementation of substan-
tially different values from the same empirical data, which must mean 
that their application is either over- or underprecautionary in at least 
some situations.

	 2)	It is appropriate to have different types of environmental quality standards 
(EQSs, often referred to as soil quality standards [SQSs] for soils) to protect 
the environment and human health, but there are many more ways to set 
and implement a standard than legally binding limits that are introduced 
through “direct” regulation. However, even the “softer” approaches entail 
the use of a numerical standard that must have a sound basis in science.

	 3)	Stakeholders (especially policy makers) must agree on the following when 
specifying a standard:

	 a.	 There is a need for a standard.
	 b.	 The technical ability exists to deliver it.
	 c.	 There are no insurmountable constraints.
	 d.	 The stakeholders have been identified.
	 e.	 There is an agreed mandate from which the process can begin.
	 4)	Early consideration of implementation options during the specification 

stage will ensure that resources are not wasted on deriving standards that 
cannot be used and will help to focus effort on the best solutions.

	 5)	It is possible to place most standards into 2 main groups:
	 a.	 Type A values are standards that if met are not anticipated to result 

in adverse environmental or human health effects. Exceedance of 
these standards does not necessarily lead to adverse environmental 
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consequences because they tend by design to be conservative and 
precautionary.

	 b.	 The second type of values, Type B, is standards that if exceeded are 
anticipated to result in adverse environmental effects.

	 6)	There should be flexibility in the way a standard is applied to reflect the 
levels of uncertainty associated with the standard and the consequences 
of failure. If the consequences of failure are controversial or expensive, it 
makes sense to demand that failure is demonstrated with high confidence 
before such action is imposed on the unwilling. This gives the statistical 
benefit of the doubt to the polluter. If less dramatic action is to be imposed 
(e.g., a requirement for further studies), we might act on less confidence of 
failure. Costly action must not be imposed solely because a regulator has 
chosen not to monitor adequately.

	 7)	Five points that robust or “ideal” standards should reflect for a chemical in 
flowing waters where compliance is assessed by routine periodic monitor-
ing are as follows:

	 a.	 A measurable limit value (e.g., a concentration of 10 µg L−1).
	 b.	 A summary statistic, such as how often the limit may be exceeded (e.g., 

5% of the time or on 5% of the monitoring events). This point excludes 
the absolute limit because compliance and planning for such standards 
can only be done by defining the absolute limit as a particular percentile. 
Instead of an absolute limit, statistics like the mean or percentiles are 
required.

	 c.	 The period of time over which this statistic is calculated, such as a calen-
dar year.

	 d.	 The definition of the design risk, which is the proportion of time peri-
ods for which failure to meet the standard is planned as accepted, such 
as 1 in 20 calendar years. This will be relevant in designing the action 
needed to correct failure. In other words, when this action is complete, 
how often is it acceptable for failure to be recorded?

	 e.	 The statistical confidence with which noncompliance is to be demon-
strated before acting on failure.

	 8)	For air, soils, sediments, groundwater, lakes, and marine waters, the first 
point for the ideal standard can be generalized to

	 a.	 A limit that refers to spatial considerations, such as a concentration of 
10 mg kg−1. This might be a spatial average (or an estimate of this) over 
a specified depth, area, or volume. Alternatively, it might be a proportion 
of such, for example, the concentration exceeded by 10% of the area.

	 b.	 A summary statistic for these spatial concentrations with respect to time 
or space. For example, how often this limit may be exceeded — say, 5% of 
the time — or to establish there is no spatial trend. This might be a trivial 
step in cases of no temporal variation or true spatial heterogeneity.

	 9)	There is no consensus about the minimum amount of data required for 
deriving EQSs, but the use of very small data sets (e.g., toxicity data on 1 
alga, 1 crustacean, and 1 fish species) is likely to result in unreliable pre-
dicted no-effect concentrations (PNECs) from which EQS limit values 
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are derived. Toxicity data from which EQSs are derived must have been 
validated according to an agreed procedure, especially if they derive from 
nonstandard tests. Furthermore, it is important to ensure that the derivation 
procedures themselves, and all decisions resulting from evidence-based 
judgment, are properly validated, recorded, and independently reviewed.

	 10)	Substances generally require standards protective against both short- and 
long-term exposure, especially in aquatic systems, and often are expressed 
as a not-to-be-exceeded and a long-term concentration (e.g., maximum 
acceptable concentrations [MAC-EQSs] and annual average concentrations 
[AA-EQSs]). While acute toxicity data are needed for deriving MAC-EQSs, 
it is preferable to use chronic toxicity data for deriving AA-EQSs.

	 11)	While EQSs for aquatic and terrestrial ecosystem protection can be derived 
solely using assessment factors applied to data from test species, it is con-
sidered more reliable to use species sensitivity distributions (SSDs) based 
on larger chronic data sets (if available), and the use of good-quality model 
ecosystem data (again, if available) is probably the most reliable approach 
for deriving long-term EQSs, particularly if exposure in the tests was main-
tained. Mesocosms in which exposure was transient may also be used for 
deriving short-term EQSs.

	 12)	Assessment factors, whose size should be designed to reflect expected 
uncertainties in the data, should generally be used when deriving EQS val-
ues from either laboratory or model ecosystem data. It may also be appro-
priate to apply small assessment factors to the outcome of SSDs.

	 13)	There is no “systematic” bias in chemical sensitivity between freshwa-
ter and marine species, but use of freshwater data to support the deriva-
tion of marine EQSs should be conducted with caution on a case-by-case 
basis. Marine EQSs based on “read-across” from freshwater data should 
be regarded as tentative rather than definitive. Furthermore, the some-
what higher biodiversity in the marine ecosystem as a whole should not 
automatically result in the use of higher assessment factors when deriving 
marine EQSs.

	 14)	The aquatic food chain to humans and wildlife should be protected by cal-
culating expected tissue concentrations that are predicted to result from 
ingestion of aquatic organisms (based on measured bioconcentration fac-
tors, possible biomagnification, and frequency of ingestion) and comparing 
these with toxicity data (acceptable daily intake) for birds, mammals, and 
so on. In the case of humans, this process must be adjusted to account for 
losses during food preparation. EQSs may be derived from internationally 
agreed acceptable daily intake values and applied to raw waters for the pro-
tection of humans and animals from their ingestion, but it is often sufficient 
to apply these values to treated water if the treatment technology is ade-
quate. Drinking water quality is best protected through the use of holistic 
Water Safety Plans that include source water protection as well as control 
hazards and risks throughout the water supply system. EQSs for protecting 
recreational uses of water can be aimed at synthetic chemicals (especially 
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in acute spill situations) but usually are only relevant for microorganisms 
and algal toxins.

	 15)	Soil Quality Standards are developed for different purposes (e.g., different 
land uses and different protection goals) since soils are variable by nature 
and have various uses and functions that may influence the protection goals. 
Nevertheless, a minimum level of protection or a base level is needed to 
guarantee resilience of the soil ecosystem, and this should be incorporated 
into all approaches to soil standards. Standards can be derived that indicate 
the presence or absence of certain data.

	 16)	Exposure models are a key tool in deriving SQSs for human health and envi-
ronmental quality. These models should include all relevant soil processes 
and descriptions of human and animal behavior. Exposure models can be 
used to assess the likely spatial extent and severity of standard exceedance 
and to provide input to prioritization of substances for which soil standards 
may be developed.

	 17)	For many substances, reliable and relevant soil-to-biota transfer and fate 
data for the terrestrial environment are lacking. For data-poor substances, 
aquatic data may be used to derive terrestrial standards, but great care 
should be taken because use of surrogate aquatic data increases uncertainty. 
Methods for calculating sediment and soil EQSs from water-phase EQSs 
(e.g., equilibrium partitioning), for predicting toxicity based on biomarker 
responses, or for predicting toxicity based on chemical structure should 
be treated with caution and should generally result in tentative rather than 
definitive EQS values.

	 18)	The geographical scope of a standard may need to be given consideration, 
especially when spatial variations exist in factors affecting the toxicity limit 
value of a standard. This may be through a desire to protect particular spe-
cies, which may be rare or of particular ecological, economic, or recre-
ational importance to a local area or region, or through the need to take 
into consideration factors that have a significant effect on the exposure of a 
substance, such as the bioavailability of some trace metals.

	 19)	A distinction sometimes needs to be made between the natural background 
level of a substance, which arises purely as a result of natural processes, and 
the ambient background level, which is the concentration measurable in the 
environment at a “pristine” site. In practice, a pristine site is often consid-
ered to be one that does not receive any direct inputs from local sources, 
although it needs to be accepted that for many substances there may be an 
appreciable input from diffuse atmospheric sources. Although the scientific 
basis for taking background concentrations into account may be questioned 
(e.g., the origin of a substance cannot be distinguished by the affected organ-
ism or by analysis), there may be instances when approaches such as “added 
risk” are considered for use as pragmatic risk management tools. There is 
no consensus on the appropriateness of using background concentrations as 
the starting point for assessing EQS compliance. The jurisdictions repre-
sented at the workshop have a variety of approaches to addressing “natural 
substances” (e.g., metals). In the European Union, aquatic EQSs for natural 
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substances such as metals may need to be modified locally to take account 
of background concentrations in waters and sediments, provided that the 
environmental concentration exceeds the EQS. Action should only be taken 
if the measured environmental concentration exceeds the background con-
centration for the area in question when added to the EQS concentration. In 
the United States, the EQS derivation process for metals (and many other 
substances) is designed to be site specific and thus addresses the unique 
water, sediment, and species of each at the time of derivation. An “added 
risk approach” would be duplicative.

	 20)	The robustness of a quality standard can be increased considerably by 
accounting for the bioavailability of the substance in an approach that is 
more accurate than use of added risk. The validation and implementation 
of international standards for such approaches is desirable. Bioavailable 
concentrations are influenced by the physical and chemical properties of 
a substance, soil characteristics, weather, and land use. Further efforts are 
necessary to gain understanding of the main regulating processes of avail-
ability and bioavailability to improve the prediction of risks for substances 
in soil and to derive more accurate SQS.

	 21)	The success and accuracy with which MAC- and AA-EQSs are used will 
depend crucially on the design of the monitoring programs that provide 
the data on chemical concentrations in waters, sediments, and soils, which 
in turn should depend on the properties of the chemical and its discharge 
or distribution pattern. Exceedance of an EQS may result in immediate 
regulatory action but should often lead to further chemical or biological 
investigations. EQSs should not generally be used in isolation but as one of 
several lines of evidence about the likely impact of a chemical.

	 22)	There may be occasions when a standard is set at a concentration below 
current analytical limits of detection (LODs) or limits of quantification 
(LOQs). This could be because high uncertainty leads to the application of 
large assessment factors to toxicity data to derive a standard or because ana-
lytical techniques for a particular environmental matrix have higher LODs 
or LOQs than those available for the medium in which the standard was 
derived (e.g., sewage effluent versus laboratory water). An inability to mea-
sure concentrations of a chemical at the standard does not necessarily ren-
der the standard totally useless. For example, a water quality standard set in 
a receiving watercourse may be below the LOD or LOQ, but measurement 
of concentrations from an effluent may be above these limits. Appropriate 
modeling may allow good estimation of whether the standard in the water 
course has been exceeded.

	 23)	An assessment of whether a particular standard has met its original protec-
tion objectives should always be an integral part of the standard-setting pro-
cess. This should be conducted along with a review of the standard should 
there be information that can be used to update it and increase overall confi-
dence in its application. A stringent standard may be more likely to meet its 
protection goals, but it is also important to consider the social and economic 
aspects surrounding its implementation because it is also important that 
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standards do not place unnecessary burdens beyond what may be required 
to achieve objectives.

	 24)	Substances that are carcinogenic, mutagenic, or reproductively toxic (i.e., 
CMRs), for example, some endocrine disrupters, may pose special problems 
for derivation of EQSs (e.g., lack of internationally agreed tests in some 
cases; difficulties with prediction of “safe” concentrations), but use of spe-
cial tests for these properties is only justified for a small subset of chemicals 
that meet clear criteria. Furthermore, EQSs for these substances should not 
be derived directly from in vitro data or from biomarkers of exposure but 
from in vivo tests alone.

	 25)	Many countries conduct EQS derivations on the same substance, often by 
somewhat different methods, which is highly inefficient and wasteful of 
resources. To improve this situation, we recommend that the advantages and 
disadvantages of international sharing of EQS data and derivation strategies 
should be examined. Drivers for this include the following considerations:

	 a.	 Even after more than 30 years of work, most countries have developed 
fewer than 50 EQSs for the aquatic environment.

	 b.	 Development of a single EQS usually requires at least 2 to 3 years and 
can cost US$50K to US$150K or more, depending on data availability, 
levels of uncertainty that must be resolved, and any economic or social 
controversies about the substance.

	 c.	 Most countries have similar priority substances.
	 d.	 Duplication of work is wasteful; there is great potential for 

collaboration.
	 e.	 Most EQS derivation procedures are fairly similar, so there is potential 

for international harmonization.
	 f.	 Pollution often straddles national borders.
	 g.	 Industry and trade are multinational; that is, sources of pollution are 

international.
	 26)	As a first step, it would be useful if access to data on specific substances 

could be made simpler and a consensus reached about which data are suf-
ficiently reliable for EQS derivation. A long-term goal would be the deriva-
tion of internationally agreed, science-based benchmarks that could be the 
basis (starting point) for national EQS (or criteria, guideline, objective) deri-
vation programs. This recognizes that different jurisdictions will have dif-
ferent political priorities, but that the resulting standards should still have a 
common scientific basis.
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Index

a

AA-EQS, see Annual average EQS
Acid volatile sulfide (AVS) approach, 75
ACRs, see Acute-to-chronic ratios
Acute-to-chronic ratios (ACrs), 75
Added risk approach, 43
Advisory standard, 8–9
AFs, see Assessment factors
Aging process, 118
Annual average EQS (AA-EQS), 54
Assessment factors (AFs), 115

comparison of, 63
ecosystem data with, 67
marine toxicity information, 70
model ecosystem, 74
realistic, 117
specification development 
uncertainty and, 115, 116

ASTM International, 72
Australia

approaches to substance prioritization for 
EQS derivation, 52–53

ecotoxicological data requirements used for 
aquatic EQS derivation, 57–58

ecotoxicological data requirements used for 
sediment EQS setting, 59–60

SSDs, 64
AVS approach, see Acid volatile sulfide approach

b

BAFs, see Bioaccumulation factors
BATs, see Best available techniques
BCF, see Bioconcentration factor
Best available techniques (BATs), 10
Bioaccumulation factors (BAFs), 60
Bioconcentration factor (BCF), 60, 80
Biomagnification factors (BMFs), 60
Biotic ligand model (BLM), 68, 118
BLM, see Biotic ligand model
BMFs, see Biomagnification factors

c

Calculated exposure, 110
Canada

added risk approach, 78

approaches to substance prioritization for 
EQS derivation, 52–53

contaminated site assessment, 107
data assessment, 114
ecotoxicological data requirements used for 

aquatic EQS derivation, 57–58
ecotoxicological data requirements used for 

sediment EQS setting, 59–60
modification of aquatic EQSs, 76
SSD approach, 64

CARACAS, see Concerted Action on Risk 
Assessment for Contaminated Sites

CBA, see Cost benefit assessment
CERCLA, see Comprehensive Environmental 

Response, Compensation, and 
Liability Act

Clean Air Act, 10
Clean Water Act, 10, 53
Combined Monitoring-based and Modelling-

based Priority Setting (COMMPS) 
procedure, 115

Command-and-control processes, 8, 10
COMMPS procedure, see Combined Monitoring-

based and Modelling-based Priority 
Setting procedure

Community of interest, 17
Community recovery principle, 64
Compliance assessment, 21
Comprehensive Environmental Response, 

Compensation, and Liability Act 
(CERCLA), 95

Concerted Action on Risk Assessment for 
Contaminated Sites (CARACAS), 105

Cost benefit assessment (CBA), 21, 22
Cumulative conservatism, 55

d

Daphnia magna, 86
Darwinian fitness concept, 83
Data validity, water and sediment EQS, 55
Design target, standard as, 11
Dissolved organic carbon (DOC), 68
Dissolved organic matter (DOM), 49
DOC, see Dissolved organic carbon
DOM, see Dissolved organic matter
Drinking water, WHO guidelines for, 81
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e

Ecological threshold principle, 64
Ecosystems, see also Model ecosystems

environmental services, 25
risk management, 75

Ecotoxicity value, 120
EGSs, see Environmental guidelines or standards
Environmental guidelines or standards (EGSs), 81
Environmental pollution

market failure, 5
regulation, command-and-control processes, 8

Environmental quality standards (EQSs), 31, 
see also Environmental standard, 
implementation of; Water and 
sediment EQS derivation and 
application

annual average, 54
data, international sharing of, 132
derivation procedures, 94
field validation, 87
long-term, reliability classification, 67
maximum acceptable concentration, 54
predictions from model ecosystem data, 66
water-phase, 93

Environmental standard, implementation of, 
31–46

added risk approach, 43
background concentrations, 43
background levels, 43
background ranges of values, 43
critical load, 32
direct versus indirect model, 37
effect of sampling rate on reported 

compliance, 39
failure, definition of, 37
features allowing implementation, 36–42

absolute limits versus ideal standards, 
36–37

application of ideal standards to other 
media, 41–42

compliance issues, 38–41
decision making, 36–38
ideal standard, 37–38

forcing technological innovation, 44
geographical scope of standards, 43
implementation analysis report, 45–46
mandatory standards, 33, 34
National Air Quality Strategy, 42
pollutant linkage, unit choice, 32
pollution incidents, standards used to take 

action after, 33, 36
representation of uncertainty over spectrum 

of standards, 35
response function, 33
screening standards, 33, 34

transfer of potentially toxic substance between 
environmental components, 32

types and uses of standards, 31–35
unacceptable risk, 32
verification and review of standards, 44–45

Environmental tax, 11
EP, see Equilibrium partitioning
Epistemological uncertainty, 116
EQSs, see Environmental quality standards
Equilibrium partitioning (EP), 55
Escherichia coli, 40
European Union, 115

added risk approach, 78
Air Quality Directive objectives, 42
approaches to substance prioritization for 

EQS derivation, 52–53
aquatic EQSs for natural substances, 93, 

130–131
assessments factors, 63
Concerted Action on Risk Assessment for 

Contaminated Sites, 105
data assessment, 114, 115
drinking water standards, 81
drivers for EQS review, 91
ecotoxicological data requirements used for 

aquatic EQS derivation, 57–58
ecotoxicological data requirements used for 

sediment EQS setting, 59–60
EQS for chlorpyrifos, 73
flexibility of standard, 26
gravimetric weighing scale, 42
liability systems, 11
modification of aquatic EQSs, 76
pesticide registration, 66
regulatory frameworks, base sets, 113
risk assessment TGD, 66
SSD approach, 64
technical guidance document, 115
Water Framework Directive, 34, 54, 60
Water Safety Plan, 81

Expert judgment
appraisal of standards, 3
process, pragmatic methods derived from, 

123
Exposure models, 110, 130
Externality, 5

f

FACA, see Federal Advisory Committee Act
FAV, see Freshwater acute value
FCV, see Freshwater chronic value
Federal Advisory Committee Act (FACA), 14
Freshwater acute value (FAV), 64
Freshwater chronic value (FCV), 64
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g

G-BASE, 77
Genetically modified organism (GMO), 16
Genotoxic disease syndrome, 83
Genotoxins, deriving PNECs for, 83
Genus mean acute values (GMAVs), 64, 66
GLP, see Good Laboratory Practice
GMAVs, see Genus mean acute values
GMO, see Genetically modified organism
Good Laboratory Practice (GLP), 55
Gravimetric weighing scale, 42
Groundwater and soil, chemical substances in, 

105–126
aging process, 118
assessment factors, 115–117
availability and bioavailability, 117–119

ecological risk assessment, 117–118
groundwater, 119
human health risk assessment, 118

background concentrations, 119–122
added soil quality standard approach, 

120–121
correcting quality standard for differences 

in bioavailability, 122
correcting quality standard for differences 

in chemical availability, 122
refinement of total soil quality standard 

approach, 121–122
SSD approach, 121–122

base sets, 113
biotic ligand model, 118
calculated exposure, 110
Canadian framework for contaminated site 

assessment, 107
currently existing soil quality standards, 108
dose–response relationships, 113
ecological endpoints, 113–114
ecological receptors, 113
ecotoxicity value, 120
epistemological uncertainty, 116
expert judgment process, pragmatic methods 

derived from, 123
exposure models, 110–113
further considerations in soil quality standard 

setting, 109
hazard assessment, 112
human health exposure model, 111
land use planning decision, 107
methodological uncertainties, 116
methods for validation, 123
policy-driven prioritization, 110
prioritization, 109–110
quantitative structure–activity relationships, 

110
realistic AFs, 117
relative bioavailability factor, 118

relevance and reliability of data, 114–115
selection of data prior to standard setting 

for data-rich substances, 114–115
use of surrogate data for data-poor 

substances, 115
schematized example of human exposure 

model, 111
scope, 105–106
soil-to-biota transfer and fate data, 124
Soil Framework Directive, 105
soil properties, 118
starting point for development of terrestrial or 

groundwater standard, 106–108
supplemental studies, 114
targeted risk-based monitoring, 110
technological uncertainties, 116
tentative SQSs, 115
types of uncertainty, 116
unacceptable studies, 114
verification of standard, 122–123
WHAM-Model IV, 118

h

HARAP, see Higher-tier Aquatic Risk 
Assessment for Pesticides

Higher-tier Aquatic Risk Assessment for 
Pesticides (HARAP), 61

High Production Volume (HPV) chemicals, 87
Hot spots, 27
HPV chemicals, see High Production Volume 

chemicals
Human health exposure model, 111

i

ICRCL, see Interdepartmental Committee on the 
Redevelopment of Contaminated Land

Ideal standard, 37, 41
Integrated Pollution Prevention and Control 

(IPPC) Directive, 7
Interdepartmental Committee on the 

Redevelopment of Contaminated Land 
(ICRCL), 34

International Organization for Standardization 
(ISO), 72

Introduction, 1–4
background, 1–2
chemical standards, 2
expert judgment, 3
workshop objectives and topics, 2–4

IPPC Directive, see Integrated Pollution 
Prevention and Control Directive

ISO, see International Organization for 
Standardization
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j

JECFA, see Joint Expert Committee on Food 
Additives and Contaminants

JMPR, see Joint Meeting on Pesticides Residues
Joint Expert Committee on Food Additives and 

Contaminants (JECFA), 80
Joint Meeting on Pesticides Residues (JMPR), 80

k

Knowledge constraints, 10

l

Legislation
Clean Air Act, 10
Clean Water Act, 10, 53
Comprehensive Environmental Response, 

Compensation, and Liability Act, 95
Federal Advisory Committee Act, 14

Lentic mesocosms, 62
Limits of detection (LODs), 44, 131
Limits of quantification (LOQs), 44, 131
Limit values, 7
LODs, see Limits of detection
LOEC, see Lowest Observed Effect 

Concentration
Long-range transport of air pollutants (LRTAP), 

94
LOQs, see Limits of quantification
Lowest Observed Effect Concentration (LOEC), 62
LRTAP, see Long-range transport of air 

pollutants

m

MAC-EQS, see Maximum acceptable 
concentration EQS

Market
circulation of goods on, 8
failure, consequence of, 5
mechanisms, standards built into, 9

MarSens project, 70
Maximum acceptable concentration EQS (MAC-

EQS), 54
Maximum contaminant levels (MCLs), 81
Maximum permissible addition (MPA), 78
Maximum permissible concentration (MPC), 78
MCA, see Multicriteria analysis
MCDA, see Multicriteria decision analysis
MCLs, see Maximum contaminant levels
Methodological uncertainties, 116
Methyl tert-butyl ether (MTBE), 110
Model(s)

biotic ligand model, 68, 118
direct versus indirect, 37

ecosystems, 62
AFs applied to endpoints, 74
data, predictions, 66
evidence-based judgment, 89

exposure, 110, 130
human health exposure, 111
normalized ecotoxicity data, 122
regulatory, design of, 9
sediment biotic ligand model, 75
statistical, 64, 65
WHAM-Model IV, 118

MPA, see Maximum permissible addition
MPC, see Maximum permissible concentration
MTBE, see Methyl tert-butyl ether
Multicriteria analysis (MCA), 22
Multicriteria decision analysis (MCDA), 21, 22

n

Negligence-based standard, 10
Netherlands

drivers for EQS review, 91
SSDs, 61

NGOs, see Nongovernmental organizations
NOEC, see No-observed-effect concentration
Nongovernmental organizations (NGOs), 13, 87
No-observed-effect concentration (NOEC), 31, 

48, 54, 89

o

OC, see Organic carbon
OECD, see Organization for Economic 

Cooperation and Development
OP insecticide EQS, see Organophosphate 

insecticide EQSs
Organic carbon (OC), 75
Organization for Economic Cooperation and 

Development (OECD), 115
Organophosphate (OP) insecticide EQSs, 89

p

PAHs, see Polyaromatic hydrocarbons
PBDEs, see Polybrominated diphenyl ethers
PBT chemicals, see Persistent, bioaccumulative, 

and toxic chemicals
PCBs, see Polychlorinated biphenyls
Persistent, bioaccumulative, and toxic (PBT) 

chemicals, 51
Pesticide registration, European, 66
Pharmaceuticals and personal care products 

(PPCPs), 110
Plant Protection Products (PPP) directive, 90
PNECs, see Predicted no effect concentrations
Pollutant linkage, unit choice, 32
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Pollution
abatement

environment improvement and, 5
incentive to invest in, 9

control, socially optimal level of, 6, 28
incidents, standards used to take action after, 

33, 36
international sources of, 94, 132
water, U.S. approach, 81

Polyaromatic hydrocarbons (PAHs), 75, 80
Polybrominated diphenyl ethers (PBDEs), 110
Polychlorinated biphenyls (PCBs), 75
PPCPs, see Pharmaceuticals and personal care 

products
PPP directive, see Plant Protection Products 

directive
Predicted no effect concentrations (PNECs), 6, 32

basic approaches, 61
genotoxins, 83
predictions from model ecosystem data, 66
unreliable, 128
use of SSDs in deriving, 66

Pristine site, 130

q

QSARs, see Quantitative structure–activity 
relationships

Quantitative structure–activity relationships 
(QSARs), 110

outputs, 60
potentially applicable, 74
training set, 75
vertebrate animal testing, 76

r

RAC, see Regulatory acceptable concentration
RCEP, see Royal Commission on Environmental 

Pollution
REACH, see Registration, Evaluation, 

Authorization, and Restriction of 
Chemicals

Reach Implementation Project (RIP), 115
Recreational waters, WHO guidelines for, 81
Registration, Evaluation, Authorization, and 

Restriction of Chemicals (REACH), 
115

Regulation, approaches to, 9, 10–11
Regulatory acceptable concentration (RAC), 64
Rejection criteria, 17
Relative bioavailability factor, 118
RIP, see Reach Implementation Project
Royal Commission on Environmental Pollution 

(RCEP), 12

s

sBLM, see Sediment biotic ligand model
Sediment biotic ligand model (sBLM), 75
Sediment EQS, see Water and sediment EQS 

derivation and application
Socioeconomic context, setting environmental 

standards within, 5–29
advisory standard, 8–9
approaches to regulation, 9, 10–11
assessment factor, 18
business environment, 26
community of interest, 17
costs of meeting standard, 6
design target, standard as, 11
direct regulation, 9
discharge limits, 26
dose–response curve, 23
environmental tax, 11
examples of terms used for standard, 7
externality, 5
hot spots, 27
knowledge constraints, 10
limit values, 7
market failure, consequence of, 5
negligence-based standard, 10
new standard, deriving of standard, 22–25

integrating scientific, social, and 
economic factors, 23

understanding relationship between 
exposure and effects, 23–25

new standard, framework for deriving, 11–28
deriving of standard, 22–25
implementation of standards, 25–28
problem formulation, 12–18
specification development, 18–22

new standard, problem formulation, 12–18
check rejection criteria, 17–18
constraints, 15–16
need for standard, 13
people involved, 13–14
social and economic questions, 16–17
stakeholder analyses, 17

new standard, specification development, 
18–22

consideration of costs and benefits, 21–22
form of standard, 19–20
monitoring, 20–21
scope, 19

new standards, implementation of standards, 
25–28

allowing flexibility, 26–27
importance of feedback, 28
meeting a standard, 26
taking socioeconomic factors into 

account, 27
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nongovernmental organizations, lobbying 
from 13

pollution abatement
environment improvement and, 5
incentive to invest in, 9

pollution control, socially optimal level of, 
6, 28

regulatory discretion, 9
regulatory models, design of, 9
social and economic context, 5–6

economic analysis, 5–6
social aspects of standard setting, 6

softer approaches, 10
stakeholder engagement plan, 18
transparency, 13
typological issues in understanding 

standards, 6–11
command-and-control processes, 10–11
importance of terminology, 7–8
incentives for changing behaviors, 11
need for different types of standards, 8–10
role of standards, 10–11
selection of right standard, 8–10
standards for different purposes, 8

Soil, see Groundwater and soil, chemical 
substances in

Soil quality standards (SQSs), 105, 127
international harmonization of, 105
principles in setting, 124
systematic validation of, 123
tentative, 115

Species sensitivity distributions (SSDs), 23, 64, 
129

Australia, 64
base set criteria, 122
Canada, 64
European Union, 64
groundwater and soil, 121–122
Netherlands, 61
PNECs derived using, 66
United States, 64

SQSs, see Soil quality standards
SSDs, see Species sensitivity distributions
Stakeholder engagement plan, 18
Standard(s)

compliance assessment, 21
constraints, 15
examples of terms used, 7
flexibility, 20
guaranteed achievement of, 38
ideal, 37, 41
monitoring, 20
robustness, 131
soil quality, 108 
strategic, 36
stringent, 131
verification, 45, 122

Statistical model, 64, 65
Strategic standards, 36

t

Tapered element oscillating microbalance 
(TEOM), 42

Tax, environmental, 11
Technical guidance document (TGD), 51, 115

chemical risk assessment, 51
EU risk assessment, 66
European, 87

Technological uncertainties, 116
TEOM, see Tapered element oscillating 

microbalance
TGD, see Technical guidance document
TIE, see Toxicity identification and evaluation
Time-weighted averages (TWAs), 68
TMDL programs, see Total maximum daily load 

programs
Total maximum daily load (TMDL) programs, 14
Toxicity identification and evaluation (TIE), 49
TWAs, see Time-weighted averages

u

Unacceptable risk, 32
Uncertainty

representation of, 35
types of, 116

UNESCO, see United Nations Educational, 
Scientific, and Cultural Organization

United Nations Educational, Scientific, and 
Cultural Organization (UNESCO), 14

United States
approaches to substance prioritization for 

EQS derivation, 52–53
data assessment, 114
ecotoxicological data requirements used for 

aquatic EQS derivation, 57–58
ecotoxicological data requirements used for 

sediment EQS setting, 59–60
EQS derivation process for metals, 93
liability systems, 11
site-specific EQSs, 67
SSD approach, 64

US Environmental Protection Agency (USEPA), 
14

USEPA, see US Environmental Protection 
Agency

v

Vertebrate animal testing, 76
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w

Water Framework Directive (WFD), 34, 54, 73
Water pollution, U.S. approach, 81
Water Safety Plans, 81
Water and sediment EQS derivation and 

application, 47–103
acid volatile sulfide approach, 75
added risk approach, 93
appropriate assessment factor, 72
assessment factor, ecosystem data with, 67
background contamination by naturally 

occurring substances, 76–79
metals, 76–78
other substances, 78–79

biotic ligand model, 68
calculated estimates of toxicity, 74–76
carcinogenicity, mutagenicity, and 

reproductive toxicity, including 
endocrine disruption, 82–86

background, 82–83
carcinogens, mutagens, and aquatic 

organisms, 83–84
reproductive toxins, endocrine disrupters, 

and aquatic organisms, 84–86
carcinogens, mutagens, and aquatic 

organisms, 83–84
deriving PNECs for genotoxins, 83–84
genotoxicity assessment methods, 84
population perspective, 83

community recovery principle, 64
comparison of assessments factors, 63
cumulative conservatism, 55
Darwinian fitness concept, 83
data fit, 64
data selection criteria, 65
data validity, 55
derivation of EQSs, 61–68

available methods, 61–67
corrections for bioavailability, 67–68
predictions from model ecosystem data, 

66–67
selection of most appropriate PNEC or 

EQS derivation method, 67
species sensitivity distributions, 64–66
standard test species approach, 62–64

dissolved organic carbon, 68
drinking water standards, 81
ecological threshold principle, 64
environmental guidelines or standards, 81
equilibrium partitioning, 55
evidence-based judgment, 89
evidence of practical thresholds, 82
examples of drivers for review of EQS, 91
G-BASE, 77
genotoxic disease syndrome, 83
genotoxin-induced phenotypic damage, 85

hierarchy of data requirements, 60
ion-channel-disrupting activity, 70
lentic mesocosms, 62
marine and freshwater EQS derivation, 69–72

marine toxicity data requirements, 72
need for separate marine and freshwater 

standards, 69–72
substitution of freshwater for marine data 

(and vice versa), 72
MarSens project, 70
maximum contaminant levels, 81
model ecosystems, 62
natural background concentration, 76
natural substances, 93
organic and inorganic substances for which 

toxicity is different in freshwater and 
marine water organisms, 70

practical thresholds in toxicology, 82
prioritization schemes, 82
protection of human and wildlife food chains 

from aquatic contaminants, 79–81
protection of drinking water, 81
protection of food chain, 79–81
protection of recreational water, 81

recommendations, 94–95
recreational waters, WHO guidelines for, 81
reliability classification of long-term EQSs, 

67
reproductive toxins, endocrine disrupters, and 

aquatic organisms, 84–86
population perspective, 84
reproductive and sexual development 

toxicity assessment tools, 85–86
reproductive toxicity and PNEC 

derivation, 84–85
safe sediment, 61
selection and evaluation of data, 51–61

algal tests, 54
data requirements of different EQS 

assessment methods, 55–61
data validity, 55
sediment-dwelling organisms, 55
selection and prioritization of substances 

for EQS setting, 51
species selection, 51
test endpoints, 51–54
types of data, 51–55
use of toxic body burdens for assessing 

sediment toxicity, 61
short- and long-term EQSs and implications 

of exceedance, 68–69
specification and recording of procedures, 

50–51
statistical model, 64, 65
summary of added risk approach for dealing 

with background concentrations of 
metals, 79

©20
10

 S
ETAC 

Do n
ot 

rep
rod

uc
e o

r d
ist

rib
ute



140	 Index

use of microcosm, mesocosm, and field data, 
72–74

EQS setting, 73–74
existing studies, 73–74
microcosm and mesocosm tests, 72–73
new microcosm and mesocosm studies, 74

validation, implementation, and review of 
aquatic EQSs, 87–91

criteria for triggering review of 
established EQS, 90

use of microcosm, mesocosm, and field 
studies for validation purposes, 89

validation of aquatic EQSs, 87–88
validation of correct derivation, 87
validation of EQS in the field, 87–88
validation procedures, 88–89

Water Safety Plans, 81
WFD, see Water Framework Directive
WHAM-Model IV, 118
WHO, see World Health Organization
Workshop conclusions and recommendations, 

127–132

added risk approach, 131
ambient background level, 130
aquatic food chain, 129
assessment factors, 129
design risk, 128
exposure models, 130
groups of standards, 127
pristine site, 130
robustness of standard, 131
softer approaches, 127
unreliable PNECs, 128

Workshop objectives and topics, 2–4
World Health Organization (WHO), 80

approaches to substance prioritization for 
EQS derivation, 52–53

/FAO Joint Expert Committee on Food 
Additives and Contaminants, 80

/FAO Joint Meeting on Pesticides Residues, 80
guidelines

drinking water, 81
recreational waters, 81

©20
10

 S
ETAC 

Do n
ot 

rep
rod

uc
e o

r d
ist

rib
ute



141

Other Titles from the Society of Environmental Toxicology  
and Chemistry (SETAC)

Freshwater Bivalve Ecotoxicology 
Farris, Van Hassel, editors 

2006

Estrogens and Xenoestrogens in the Aquatic Environment:  
An Integrated Approach for Field Monitoring and Effect Assessment 

Vethaak, Schrap, de Voogt, editors 
2006

Assessing the Hazard of Metals and Inorganic Metal Substances  
in Aquatic and Terrestrial Systems 

Adams, Chapman, editors 
2006

Perchlorate Ecotoxicology 
Kendall, Smith, editors 

2006

Natural Attenuation of Trace Element Availability in Soils 
Hamon, McLaughlin, Stevens, editors 

2006

Mercury Cycling in a Wetland-Dominated Ecosystem:  
A Multidisciplinary Study 
O’Driscoll, Rencz, Lean 

2005

Atrazine in North American Surface Waters:  
A Probabilistic Aquatic Ecological Risk Assessment 

Giddings, editor 
2005

Effects of Pesticides in the Field 
Liess, Brown, Dohmen, Duquesne, Hart, Heimbach, Kreuger, Lagadic,  

Maund, Reinert, Streloke, Tarazona 
2005

Human Pharmaceuticals: Assessing the Impacts on Aquatic Ecosystems 
Williams, editor 

2005
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Toxicity of Dietborne Metals to Aquatic Organisms 
Meyer, Adams, Brix, Luoma, Stubblefield, Wood, editors 

2005

Toxicity Reduction and Toxicity Identification Evaluations for Effluents, Ambient 
Waters, and Other Aqueous Media 

Norberg-King, Ausley, Burton, Goodfellow, Miller, Waller, editors 
2005

Use of Sediment Quality Guidelines and Related Tools  
for the Assessment of Contaminated Sediments 

Wenning, Batley, Ingersoll, Moore, editors 
2005

Life-Cycle Assessment of Metals 
Dubreuil, editor 

2005

Working Environment in Life-Cycle Assessment 
Poulsen, Jensen, editors 

2005

Life-Cycle Management 
Hunkeler, Saur, Rebitzer, Finkbeiner, Schmidt, Jensen, Stranddorf, Christiansen 

2004

Scenarios in Life-Cycle Assessment 
Rebitzer, Ekvall, editors

Ecological Assessment of Aquatic Resources:  
Linking Science to Decision-Making 

Barbour, Norton, Preston, Thornton, editors 
2004

Life-Cycle Assessment and SETAC: 1991–1999 
15 LCA publications on CD-ROM 

2003

Amphibian Decline: An Integrated Analysis of Multiple Stressor Effects 
Greg Linder, Sherry K. Krest, Donald W. Sparling 

2003

Metals in Aquatic Systems: 
A Review of Exposure, Bioaccumulation, and Toxicity Models 

Paquin, Farley, Santore, Kavvadas, Mooney, Winfield, Wu, Di Toro 
2003
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Silver: Environmental Transport, Fate, Effects, and Models: 
Papers from Environmental Toxicology and Chemistry, 1983 to 2002 

Gorusch, Kramer, La Point 
2003

Code of Life-Cycle Inventory Practice 
de Beaufort-Langeveld, Bretz, van Hoof, Hischier, Jean, Tanner, Huijbregts, editors 

2003

Contaminated Soils: From Soil–Chemical Interactions  
to Ecosystem Management 

Lanno, editor 
2003

Life-Cycle Assessment in Building and Construction 
Kotaji, Edwards, Shuurmans, editors 

2003

Porewater Toxicity Testing: Biological, Chemical, and Ecological Considerations 
Carr, Nipper, editors 

2003

Community-Level Aquatic System Studies — Interpretation Criteria (CLASSIC) 
Giddings, Brock, Heger, Heimbach, Maund, Norman, Ratte,  

Schäfers, Streloke, editors 
2002

Interconnections between Human Health and Ecological Variability 
Di Giulio, Benson, editors 

2002

Life-Cycle Impact Assessment: Striving towards Best Practice 
Udo de Haes, Finnveden, Goedkoop, Hauschild, Hertwich, Hofstetter, Jolliet, 

Klöpffer, Krewitt, Lindeijer, Müller-Wenk, Olsen, Pennington,  
Potting, Steen, editors 

2002

Silver in the Environment: Transport, Fate, and Effects 
Andren, Bober, editors 

2002

Test Methods to Determine Hazards for Sparingly Soluble  
Metal Compounds in Soils 

Fairbrother, Glazebrook, van Straalen, Tararzona, editors 
2002
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seTac
A Professional Society for Environmental Scientists and Engineers and Related 

Disciplines Concerned with Environmental Quality

The Society of Environmental Toxicology and Chemistry (SETAC), with offices currently in North 
America and Europe, is a nonprofit, professional society established to provide a forum for individu-
als and institutions engaged in the study of environmental problems, management and regulation of 
natural resources, education, research and development, and manufacturing and distribution.

Specific goals of the society are

Promote research, education, and training in the environmental sciences.•	
Promote the systematic application of all relevant scientific disciplines to the evaluation •	
of chemical hazards.
Participate in the scientific interpretation of issues concerned with hazard assessment and •	
risk analysis.
Support the development of ecologically acceptable practices and principles.•	
Provide a forum (meetings and publications) for communication among professionals in •	
government, business, academia, and other segments of society involved in the use, protec-
tion, and management of our environment.

These goals are pursued through the conduct of numerous activities, which include:

Hold annual meetings with study and workshop sessions, platform and poster papers, and •	
achievement and merit awards.
Sponsor a monthly scientific journal, a newsletter, and special technical publications.•	
Provide funds for education and training through the SETAC Scholarship/Fellowship •	
Program.
Organize and sponsor chapters to provide a forum for the presentation of scientific data •	
and for the interchange and study of information about local concerns.
Provide advice and counsel to technical and nontechnical persons through a number of •	
standing and ad hoc committees.

SETAC membership currently is composed of more than 5000 individuals from government, 
academia, business, and public-interest groups with technical backgrounds in chemistry, toxicology, 
biology, ecology, atmospheric sciences, health sciences, earth sciences, and engineering.

If you have training in these or related disciplines and are engaged in the study, use, or management 
of environmental resources, SETAC can fulfill your professional affiliation needs. 

All members receive a newsletter highlighting environmental topics and SETAC activities and 
reduced fees for the Annual Meeting and SETAC special publications.

All members except Students and Senior Active Members receive monthly issues of Environmental 
Toxicology and Chemistry (ET&C) and Integrated Environmental Assessment and Management 
(IEAM), peer-reviewed journals of the Society. Student and Senior Active Members may subscribe 
to the journal. Members may hold office and, with the Emeritus Members, constitute the voting 
membership.

If you desire further information, contact the appropriate SETAC Office.

1010 North 12th Avenue Avenue de la Toison d’Or 67
Pensacola, Florida 32501-3367 USA B-1060 Brussels, Belgium
T 850 469 1500    F 850 469 9778 T 32 2 772 72 81 F 32 2 770 53 86
E setac@setac.org E setac@setaceu.org

www.setac.org
Environmental Quality Through Science®
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